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Abstract  
Anthropogenic activities are increasingly impacting the quality of water resources.  
Trace Organic Chemicals (TOrCs), such as pharmaceuticals, personal care products, 
pesticides, and industrial compounds, are detected in sewage, surface water, ground 
water, and drinking water worldwide. TOrCs are generally present at trace 
concentrations (typically in ng L-1 to µg L-1), however, many of them are extremely 
stable and biologically active with various adverse effects on human health and biota. 
Antibiotics are one of the most important TOrCs as they are related to the 
dissemination of antibiotic resistance, one of today’s greatest public health challenges 
in the world. Despite the naturally occurring level of antibiotic resistance, overuse and 
discharge of antibiotics are accelerating the development of antibiotic resistant bacteria 
(ARB) and antibiotic resistance genes (ARG) in anthropogenic-impacted environment. 
The discharge of effluents from urban Wastewater Treatment Plant (WWTP) is an 
important source of chemical and microbial contaminants detected in surface water. 
Current treatment technologies practiced in WWTPs worldwide were not designed to 
remove TOrCs. Most TOrCs are characterized as poorly biodegradable and recalcitrant 
to conventional chemical processes. Biological treatments (e.g., activated sludge) can 
contribute to horizontal gene transfer and formation of multi-drug resistant bacteria. 
More and more water utilities and the scientific community express interests in 
additional treatment approaches with purpose of upgrading current treatment plants to 
reduce TOrCs and their associated biological risks in discharged and reused water.  
Switzerland has already adopted the use of ozone or activated carbon in WWTPs in 
order to meet the guideline on TOrCs load into the environment.  
UV-based advanced oxidation processes (UV-AOPs) have received increasing 
attention as a promising technology for the elimination of contaminants in wastewater. 
The degradation of contaminants during UV-AOPs follows a dual mechanism, namely 
direct UV photolysis (depending on the photolytic characteristic of target compounds) 
and oxidation by highly reactive radical species. Hydroxyl radical (•OH)-based AOPs 
have been widely studied and UV/hydrogen peroxide (H2O2) are currently applied in 
some full-scale treatment plants for potable water reuse. UV/chlorine is another 
emerging AOP recently implemented in a full-scale water reclamation plant. 
Peroxydisulfate (PDS) and peroxymonosulfate (PMS)-based AOPs have been 
iv 
 
explored for application in wastewater treatment and in situ chemical oxidation of 
contaminated soil and groundwater. Chelated iron and peroxide activated PDS were 
applied during full-scale field projects to treat contaminated soil and groundwater (e.g., 
chlorinated solvent contaminants). The combination of PDS and PMS with UV 
generates sulfate radical (SO4
•−), which is considered as a potential alternative for the 
removal of refractory contaminants.  
Several knowledge gaps need to be investigated to support the application of UV-
AOPs in wastewater treatment for TOrCs removal and disinfection, as well as to 
compare their efficiency with conventional chemical treatments.  
First, as compared to •OH known as a non-selective entity which reacts with almost all 
organic moieties at diffusion-controlled rates, thus easily affected by the water matrix 
components (e.g., dissolved organic matter, DOM), the reactivity of selective radicals 
(e.g., SO4
•−) with a variety of TOrCs in natural and waste waters are not well-
documented. Most of the previous studies on UV/PDS were conducted at lab-scale 
with synthetic waters (e.g., phosphate buffer) with few or individual water matrix 
competitors. The foci of these studies were mostly on a single contaminant or a group 
of contaminants with common structures (e.g., sulfonamide antibiotics), which have 
comparable reactivity with SO4
•−, consequently not representing the mixture of TOrCs 
identified in the aquatic environment. It is not clear if selective radicals (e.g., SO4
•−) 
are more powerful oxidants than •OH toward certain contaminants, especially in 
complex water matrix.  
Second, it has been widely accepted that radicals play a major role for the degradation 
of TOrCs during AOPs. However, the reaction mechanisms of some AOPs are still not 
fully understood. The unique asymmetric structure of PMS makes it more reactive than 
H2O2 or PDS. Thus, the direct oxidation of organic contaminants by PMS during PMS-
based AOPs cannot be ignored. 
Third, the efficiency of UV-AOPs for the inactivation of ARB and the degradation of 
mobile genetic elements (e.g., cell-free DNA carrying ARG) did not receive a lot of 
attention to date. The intact remnant of DNA, which is released into the environment 
following the death of ARB cell, is still able to confer ARGs to non-resistant bacteria 
via horizontal gene transfer. Considering the capability of bacteria cells to repair DNA 
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lesions, it is important to study the efficiency of damaged DNA repair and uptake (gene 
transfer) by non-resistant recipient cells after various UV and radical exposure 
processes.  
Fourth, even though conventional disinfection processes (e.g., chlorine and 
monochloramine) have been successfully applied for decades in water treatment to 
inactivate traditional pathogenic microorganisms, their efficiency to control the spread 
of antibiotic resistance still needs better understanding. As mentioned above, special 
attention should be paid to the elimination of ARG in parallel with the inactivation of 
ARB cells. While the classic cultivation-based methods (i.e., plate counts) is known to 
be time consuming with limited efficacy to detect the removal of ARG, there is a 
growing demand on the application of alternative approaches (e.g., flow cytometric 
analysis combing with nuclei acids staining) to comprehensively study the mitigation 
of antibiotic resistance dissemination during conventional disinfection processes.  
Fifth, the efficiency of conventional chemical treatments and UV-AOPs should be 
evaluated in the presence of real water matrix components. Chlorination of ammonia 
and bromide containing water produces secondary oxidants, such as chloramines, 
bromine, and bromamines. Few studies have discussed the role of these reactive 
oxidant species as disinfectant to remove ARB/ARGs. The reactive species arising 
from the excitation of chromophoric DOM upon UV irradiation might also contribute 
to the elimination of target contaminant. However, DOM acts as radical sink during 
AOPs which reduces the efficiency of the treatment and leads to the formation of 
undesired products (e.g., disinfection by-products, DBPs). Although chloramination is 
known to reduce the formation of regulated DBPs (i.e., trihalomethanes and haloacetic 
acids) compared to chlorination, monochloramine (NH2Cl) can be an additional source 
of nitrogen and produces highly toxic nitrogenous-DBPs, the majority fraction of 
which is still unknown.  
This doctoral thesis was aimed to contribute to the above knowledge gaps.  
Chapter 2 compared the elimination of TOrCs during UV/H2O2 and UV/PDS. Twelve 
TOrCs spaning a range of photolytic reactivity were selected based on their frequent 
detection in wastewater and their different physicochemical characteristics. The 
second-order rate constants of iopromide, phenytoin, caffeine, benzotriazole, and 
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primidone with SO4
•− were reported for the first time. Lab-scale experiments were 
conducted in buffered pure water and wastewater effluent to study the influence of the 
water matrix. Results indicated that UV/PDS was more efficient than UV/H2O2 in 
buffered pure water due to the higher quantum yield of PDS at 254 nm and the lower 
scavenging capacity of phosphate buffer matrix on SO4
•−. However, UV/PDS showed 
more selectivity than UV/H2O2 in wastewater effluent and preferentially oxidized 
compounds with electron-rich moieties (e.g., diclofenac, venlafaxine, and metoprolol). 
The fluence-based rate constants of TOrCs (𝑘𝑜𝑏𝑠) during UV/H2O2 linearly increased 
with the increase of the H2O2 dose, indicating the constant scavenging effect of the 
water matrix on •OH. However, 𝑘𝑜𝑏𝑠  values determined for most TOrCs during 
UV/PDS showed a lag-phase at low PDS dose due to the competition between the 
water matrix (i.e., electron-rich site of effluent organic matter) and target contaminant. 
Pilot-scale experiments conducted at WWTP suggested that the performance of 
UV/PDS was strongly affected by DOC and nitrite. 
While the wastewater matrix significantly reduced the efficiency of radical-based UV-
AOPs, Chapter 3 reported a non-radical degradation pathway of TOrCs with PMS, 
which was less influenced by the presence of the water matrix components. 
Fluoroquinolones, one of most consumed antibiotics in the world, were found to be 
degraded by PMS without radical involvement. High resolution mass spectrometry 
analysis indicated that reaction was induced by direct electron transfer from the 
nitrogen moiety of fluoroquinolones (i.e., piperazine ring) to PMS, followed by the 
formation of amide and aldehyde molecules. Antibacterial activity tests suggested the 
good removal of antibacterial activity with the complete degradation of parent 
antibiotic, with the exception of the transformation products at the earlier stage of the 
reaction which might still exert antibacterial potency. Antibiotics and their 
antibacterial active transformation products can induce the development of antibiotic 
resistance in bacterial population.  
Chapter 4 was dedicated to the inactivation of Stenotrophomonas maltophilia (S. 
maltophilia) during chemical oxidation and UV-AOPs. S. maltophilia is a multi-drug 
resistant bacteria which was isolated from the secondary effluent of a WWTP. A 
cultivation-independent method, flow cytometric analysis based on nucleic acids 
staining with the combination of SYBR Green I and propidium iodide was applied to 
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detect cells with damaged membranes. SYBR Green I stains all cells with nucleic acids 
regardless of membrane integrity while propidium iodide only enters cells with 
permibilized membrane. Membrane damage is a widely recognized indicator of cell 
death. Plate counting analysis based on the cultivability of cells was additionally 
applied for UV-AOP experiments. The efficiency of reactive oxidant species present 
in chlorinated water in the presence of ammonia and bromide, namely chlorine (HOCl), 
NH2Cl, bromine (HOBr), and monobromamine (NH2Br), were compared. Results 
showed that the membrane damage rates of S. maltophilia followed the order of: 
HOBr > HOCl > NH2Br >> NH2Cl. Based on plate counting analysis, UV direct 
irradiation, UV/H2O2, and UV/PDS efficiently led to cultivability loss of S. 
maltophilia (5.7-log at 22 mJ/cm2). Flow cytometry results indicated that UV direct 
irradiation didn’t cause significant membrane damage and comparable results were 
obtained from UV/H2O2 due to the substantial scavenging of 
•OH by cell membrane 
components. Notably, UV/PDS dramatically diminished the green fluorescence 
intensity (SYBR Green I) on flow cytometry, most likely attributable to the nuclei 
acids damage induced by sulfate radical (SO4
•−). The formation of “injured” cells with 
partly compromised membrane were detected on flow cytometry when S. maltophilia 
was subjected to weak oxidants (i.e., NH2Cl and NH2Br) or strong oxidants (i.e., HOCl 
and HOBr) at low dose, which can be problematic during water disinfection processes, 
considering the potential of “injured” cells to transfer genes and recover. Overall 
results indicated that strong or non-selective oxidants (e.g., HOCl, HOBr, and •OH) 
were easily consumed by cell membrane components, whereas weaker or selective 
oxidants (e.g., NH2Br and SO4
•−) can penetrate into ARB cell to reach the intracellular 
components, consequently demonstrating high potential of degrading ARGs.  
Chapter 5 presents a more detailed work on the degradation of ARGs. The removal of 
cell-free DNA carrying ARG (i.e., ampicillin resistance gene, ampR) by UV/H2O2 and 
UV/PDS were investigated at 254 and 300 nm. Quantitative polymerase chain reaction 
(qPCR) was applied to measure gene damage. Based on competition kinetics, the 
second-order rate constants of •OH with ampR segments were in the range of 1010−1011 
M-1 s-1, which were 2−3 orders of magnitude higher than that of SO4•− (i.e., 107−109 
M-1 s-1). Thus, the trace amount of •OH produced from SO4
•− reaction with water 
mainly contributed to the degradation of ARG during UV/PDS.  DNA electrophoresis 
gel images suggested that UV direct irradiation didn’t induce conformational change 
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on plasmid DNA while radical exposure altered the base pair region and changed the 
supercoiled structure. Although qPCR results showed that radicals significantly 
promoted the degradation of ARG compared to UV direct irradiation, gene 
transformation assays suggested that DNA damage induced by radical exposure can 
be repaired within non-resistant recipient cells (E.Coli DH5α). Consequently, the 
reduction of gene transfer activity during UV/H2O2 (0.5 mM) and UV/PDS (0.5 mM) 
was only 1-log within the typical UV disinfection dose (40 mJ/cm2 at 254 nm). 
UV/H2O2 and UV/PDS at 300 nm exhibited less efficiencies than that at 254 nm due 
to the lower UV absorbance of DNA and less formation of radicals at high wavelength. 
The presence of DOM (5.4 mg-C/L of effluent organic matter extract) accelerated the 
degradation of ampR upon UV direct irradiation at 254 nm possibly because of the 
formation of reactive species induced by the excitation of chromophoric DOM 
(photosensitiser property); however DOM significantly reduced the gene degradation 
rates of UV/H2O2 and UV/PDS by scavenging radicals. 
DOM in the water matrix also acts as DBPs precursors, especially during conventional 
chlorination and chloramination processes. As an example, chapter 6 reported that the 
inorganic nitrogen coming from monochloramine can incorporate into the phenolic 
moieties of DOM (e.g., resorcinol) to produce the known nitrogenous DBPs (e.g., 
dichloroacetonitrile, dichloroacetamide) as well as several nitrogenous heterocyclic 
compounds, which were structurally similar to MX (3-chloro-4-(dichloromethyl)-5-
hydroxy-2(5H)-furanone), the strongest mutagen identified in chlorinated drinking 
water.  
  
ix 
 
Table of Contents 
Acknowledgments .................................................................................................... i 
Abstract .................................................................................................................. iii 
List of Tables ........................................................................................................ xiv 
List of Figures ....................................................................................................... xvi 
List of Abbreviations ..............................................................................................xx 
List of Publications and Presentations Arising from this Thesis ............................... iii 
 Thesis Overview ..................................................................................... 1 
 Removal of Trace Organic Chemicals in Wastewater Effluent by UV/H2O2 
and UV/PDS ............................................................................................................ 4 
2.1 Abstract .......................................................................................................... 6 
2.2 Introduction .................................................................................................... 7 
2.3 Materials and Methods ................................................................................... 9 
2.3.1 Chemical reagents ................................................................................... 9 
2.3.2 Wastewater treatment plant effluent ......................................................... 9 
2.3.3 Trace organic chemicals analysis ............................................................10 
2.3.4 Fluorescence excitation-emission matrix analysis ...................................12 
2.3.5 Lab-scale experiments ............................................................................12 
2.3.6 Pilot-scale experiments ...........................................................................13 
2.4 Results and Discussion ..................................................................................15 
2.4.1 Characteristics of selected TOrCs: photolytic reactivity and rate constants 
with •OH and SO4
•− .........................................................................................15 
2.4.2 Degradation of TOrCs in pure water during UV/H2O2 and UV/PDS .......16 
2.4.3 Degradation of TOrCs in wastewater effluent during UV/H2O2 and UV/PDS
........................................................................................................................18 
2.4.4 Effect of wastewater matrix components.................................................22 
x 
 
2.4.5 Oxidative inactivation of fluorescent effluent organic matter components 
during UV/H2O2 and UV/PDS .........................................................................23 
2.4.6 Degradation of TOrCs during pilot-scale UV/PDS ..................................26 
2.5 Conclusions ...................................................................................................27 
2.6 Acknowledgments .........................................................................................28 
2.7 Reference ......................................................................................................29 
 Degradation of Fluoroquinolones by Peroxymonosulfate: Transformation 
Products and Non-radical Reaction Mechanism with Nitrogenous Moieties ............34 
3.1 Abstract .........................................................................................................35 
3.2 Introduction ...................................................................................................36 
3.3 Materials and Methods ..................................................................................40 
3.3.1 Chemical reagents ..................................................................................40 
3.3.2 Experimental procedures ........................................................................40 
3.3.3 Analytical methods .................................................................................40 
3.3.4 Antibacterial activity test ........................................................................41 
3.4 Results and Discussion ..................................................................................42 
3.4.1 Degradation kinetics of fluoroquinolones and their structurally related 
compound by PMS ..........................................................................................42 
3.4.2 Effect of pH ............................................................................................44 
3.4.3 Identification of reactive species and effect of the water matrix ..............45 
3.4.4 Transformation products and possible reaction mechanism .....................47 
3.4.5 Antibacterial activity assays....................................................................51 
3.4.6 Reactivity of PMS with other nitrogenous compounds ............................53 
3.5 Conclusions ...................................................................................................54 
3.6 Reference ......................................................................................................56 
 Inactivation of Antibiotic Resistant Bacteria during Conventional and 
Advanced Oxidation Processes ...............................................................................59 
4.1 Abstract .........................................................................................................60 
xi 
 
4.2 Introduction ...................................................................................................61 
4.3 Materials and Methods ..................................................................................64 
4.3.1 Chemical reagents ..................................................................................64 
4.3.2 Preparation of S. maltophilia ..................................................................64 
4.3.3 Preparation of oxidants ...........................................................................64 
4.3.4 Experimental procedures ........................................................................65 
4.3.5 Fluorescence staining and flow cytometry analysis .................................66 
4.3.6 Plate counts ............................................................................................67 
4.4 Results and Discussion ..................................................................................68 
4.4.1 Flow cytometric analysis of S.maltophilia during various oxidants exposure
........................................................................................................................68 
4.4.2 Comparison of different oxidants ............................................................71 
4.4.3 Kinetics of membrane damage ................................................................72 
4.4.4 Inactivation S.maltophilia during UV, UV/H2O2, and UV/PDS ...............75 
4.5 Conclusions ...................................................................................................77 
4.6 Reference ......................................................................................................79 
 Degradation of Extracellular Antibiotic Resistance Genes and Elimination 
of Gene Transforming Activity during UV/H2O2 and UV/PDS ...............................83 
5.1 Abstract .........................................................................................................84 
5.2 Introduction ...................................................................................................85 
5.3 Materials and Methods ..................................................................................87 
5.3.1 Chemical reagents ..................................................................................87 
5.3.2 Plasmid extraction ..................................................................................87 
5.3.3 Experimental procedure ..........................................................................87 
5.3.4 Radical probe compounds .......................................................................88 
5.3.5 qPCR Analysis .......................................................................................88 
5.3.6 Gel electrophoresis analysis ....................................................................89 
5.3.7 Gene transformation assays ....................................................................89 
xii 
 
5.3.8 Statistical analysis ..................................................................................90 
5.4 Results and Discussion ..................................................................................91 
5.4.1 Degradation of ampR during UV254-AOPs ...............................................91 
5.4.2 Rate constants of ampR with •OH and SO4
•− ............................................93 
5.4.3 Effect of wastewater effluent organic matter ...........................................98 
5.4.4 Degradation of ampR during UV300-AOPs ...............................................99 
5.4.5 Plasmid damage measured by gel electrophoresis ................................. 101 
5.4.6 Gene damage repair in recipient cells and the elimination of transforming 
activity during UV-AOPs .............................................................................. 102 
5.5 Conclusions ................................................................................................. 105 
5.6 Reference .................................................................................................... 106 
 Formation of Haloacetonitriles, Haloacetamides and Nitrogenous 
Heterocyclic By-products by Chloramination of Phenolic Compounds .................. 110 
6.1 Abstract ....................................................................................................... 112 
6.2 Introduction ................................................................................................. 113 
6.3 Materials and Methods ................................................................................ 115 
6.3.1 Chemical reagents ................................................................................ 115 
6.3.2 Experimental procedures ...................................................................... 115 
6.3.3 GC-MS and GC-QTOF-MS/MS analysis .............................................. 116 
6.4 Results and Discussion ................................................................................ 117 
6.4.1 N-DBPs formation from model aromatic compounds ............................ 117 
6.4.2 Effect of monochloramine dose ............................................................ 118 
6.4.3 Effect of reaction time .......................................................................... 119 
6.4.4 Effect of pH .......................................................................................... 120 
6.4.5 Identification of nitrogenous heterocyclic compounds .......................... 122 
6.4.6 Effect of reaction time and pH on heterocyclic compounds formation ... 127 
6.5 Environmental significance ......................................................................... 130 
6.6 Acknowledgments ....................................................................................... 131 
xiii 
 
6.7 Reference .................................................................................................... 132 
 Conclusions and Recommendations ..................................................... 136 
Appendix 1 ........................................................................................................... 140 
Appendix 2 ........................................................................................................... 160 
Appendix 3 ........................................................................................................... 162 
Appendix 4 ........................................................................................................... 164 
Appendix 5 ........................................................................................................... 183 
 
xiv 
 
List of Tables 
Chapter 2−6:  
Table 2-1. Water quality parameters of WWTP effluent and the scavenging capacity 
of each componentb for •OH and SO4
•− ...................................................................10 
Table 2-2. Fluence-based rate constantsa, second-order rate constants and initial 
concentrations of TOrCs .........................................................................................11 
Table 3-1. Properties of compounds investigated in this study .................................38 
Table 3-2. Transformation products of ciprofloxacin (CIP) detected by LC-HRMS.47 
Table 4-1. Conditions for chemical oxidation and UV-AOP experiments in this study
 ...............................................................................................................................66 
Table 4-2. Rate constants, k in L/(mg as Cl2×min), of various oxidants for the 
membrane damage of S.maltophilia in this study and other microorganisms in previous 
studies when available ............................................................................................74 
Table 5-1.Fluence-based rate constants, kobs (×10
−2 cm2/mJ), of ampR segments and 
gene transforming activity loss ................................................................................92 
Table 5-2.Main reactions related to •OH during UV254/PDS ....................................95 
Table 5-3. Second-order rate constants (M-1 s-1) of ampR segments with •OH and SO4
•−
 ...............................................................................................................................97 
Table 6-1.N-DBP yields from model aromatic compounds during chloraminationa
 ............................................................................................................................. 118 
Table 6-2. Chloramination by-products of resorcinol detected by GC-QTOF ........ 123 
Appendix 1−4: 
Table A- 1-1. TOrCs investigated in this study ...................................................... 140 
Table A- 1-2. Reactions of the wastewater matrix with ˙OH and SO4˙‾ ................. 141 
Table A- 1-3. The scavenging capacity of the main water matrix components during 
buffered pure water experiments ........................................................................... 141 
Table A- 1-4. Fluorescence EEM regions and the Excitation/Emission wavelengths of 
the selected peaks ................................................................................................. 142 
Table A- 1-5. HPLC-UV parameters a for the detection of pCBA and TOrCs ........ 143 
Table A- 2-1. HPLC-UV parameters a for quantification of compounds investigated in 
this study .............................................................................................................. 160 
Table A- 2-2. LC-HRMS parameters..................................................................... 160 
Table A- 4-1. Model aromatic compounds investigated in this study ..................... 164 
Table A- 4-2. EI and PCI fragments of P215 ......................................................... 164 
Table A- 4-3. Halogenated heterocyclic by-products reported in previous studies . 165 
Table A- 4-4. EI and PCI fragments of methyl ester form of P215......................... 166 
xv 
 
Table A- 4-5. EI and PCI fragments of P249 ......................................................... 167 
Table A- 4-6. EI and PCI fragments of P131 ......................................................... 168 
 
xvi 
 
List of Figures 
Chapter 2−6: 
Figure 2-1. Percent removal of TOrCs in pure water ...............................................16 
Figure 2-2. Fluence-based rate constants of TOrCs in wastewater effluent during UV 
only, UV/H2O2 and UV/PDS processes ...................................................................18 
Figure 2-3. Fluence-based rate constants of TOrCs in wastewater effluent during 
UV/H2O2 and UV/PDS ...........................................................................................20 
Figure 2-4. a) Fluence-based rate constants of selected fluorescence peaks in 
wastewater effluent during UV/H2O2 and UV/PDS. b) Correlations between the 
fluence-based rate constants of venlafaxine and selected fluorescence peaks ...........24 
Figure 2-5. Relative removal of TOrCs in pilot-scale experiments by direct 
photolysis  and UV/PDS .........................................................................................27 
Figure 3-1. The acid-base species of ciprofloxacin ..................................................39 
Figure 3-2. Relative removal of selected fluoroquinolones and 1-(2-fluorophenyl) 
piperazine by PMS ..................................................................................................42 
Figure 3-3. a) Effect of the initial concentration of PMS on ciprofloxacin 
degradation; b) kobs versus initial concentration of PMS ..........................................43 
Figure 3-4. Effect of pH on the distribution of acid-base species of fluoroquinolones 
and their apparent second-order constants with PMS……………………………….44 
Figure 3-5. Effect of alcohols and NaN3 on the degradation of ciprofloxacin by PMS
 ...............................................................................................................................45 
Figure 3-6. Effect of the water matrix on the degradation of ciprofloxacin by PMS .46 
Figure 3-7. The evolution of the normalized peak areas of ciprofloxacin and its 
transformation products with PMS exposure. ..........................................................49 
Figure 3-8. Proposed degradation mechanism of ciprofloxacin by PMS ..................50 
Figure 3-9. Antibacterial activity removal of ciprofloxacin during PMS treatment. .52 
Figure 3-10. a) Degradation of metoprolol (Met) and venlafaxine (Ven) by PMS. b) 
Distribution of the acid-base species of Met and Ven ..............................................53 
Figure 4-1. Flow-cytometric density plots of S.maltophilia treated with a) HOCl and 
b) HOBr  as a function of oxidant exposure .............................................................68 
Figure 4-2. Flow-cytometric density plots of S.maltophilia treated with a) NH2Cl  
and b) NH2Br as a function of oxidant exposure ......................................................69 
Figure 4-3. Relative numbers of “Intact” and “Injured+ Damaged” cells subjected to 
a) HOCl, b) NH2Cl, c) HOBr, and d) NH2Br. ..........................................................71 
Figure 4-4. Plots of ln(N/No) versus oxidant exposure. a) HOCl and HOBr, b) 
NH2Cl, c) NH2Br ....................................................................................................72 
Figure 4-5. a) Flow Cytometric density plots (0−73 mJ/cm2) and b) Plate counts 
results (0−22 mJ/cm2) of S.maltophilia during UV direct 
irradiation. …………………………………………………………………………75 
xvii 
 
Figure 4-6. a) Flow Cytometric density plots of S.maltophilia during UV/H2O2 (UV 
fluence was indicated in lower left of each density plot). Intensity of green 
fluorescence versus scan time during UV/H2O2 (b) and UV/PDS (c). ......................76 
Figure 5-1.The position of ampR (861 bp) and target qPCR amplicons (i.e., 192, 400, 
603, and 851 bp) on pUC19 plasmid (2686 bp) .......................................................89 
Figure 5-2. Degradation of ampR segments (192, 400, 603, and 851 bp) and 
elimination of gene transforming activity as a function of UV fluence (254 nm) 
during UV254, UV254/H2O2 and UV254/PDS .............................................................91 
Figure 5-3. Degradation of pCBA and nitrobenzene during UV254/H2O2 and 
UV254/PDS ..............................................................................................................93 
Figure 5-4. Degradation of ampR segments in the presence of wastewater effluent 
organic matter during UV254, UV254/H2O2, and UV254/PDS .....................................98 
Figure 5-5. Degradation of ampR segments and elimination of gene transforming 
activity as a function of UV fluence during UV300, UV300/H2O2, and UV300/PDS ...99 
Figure 5-6. DNA electrophoresis gel of pUC19 plasmids treated by UV300, 
UV300/H2O2, and UV300/PDS ................................................................................. 101 
Figure 6-1.Kinetics of DBPs formation from chloramination of resorcinol. ........... 120 
Figure 6-2. Effect of pH on DBPs formation from chloramination of resorcinol. ... 122 
Figure 6-3. (a) Degradation of resorcinol and its chlorinated derivatives and (b) 
formation of by-products during chloramination of resorcinol ............................... 127 
Figure 6-4. Proposed formation pathway of by-products from chloramination of 
resorcinol .............................................................................................................. 129 
 Appendix 1−4: 
Figure A-1-1. Percent removal of TOrCs in wastewater effluent by direct UV 
photolysis ............................................................................................................. 146 
Figure A-1-2. Effect of PDS on the removal of TOrCs in the dark within a) 30 min 
and b) 24 h of contact time .................................................................................... 147 
Figure A- 1-3. Relative removal of TCEP in pure water during UV/H2O2 and 
UV/PDS................................................................................................................ 148 
Figure A-1-4. Relative removal of TOrCs in wastewater effluent during UV/H2O2 
and UV/PDS ......................................................................................................... 148 
Figure A-1-5. Percent removal of TOrCs in wastewater effluent during UV/H2O2 and 
UV/PDS................................................................................................................ 149 
Figure A-1-6. Relative removal of fluorescence intensities of selected peaks in 
wastewater effluent during UV/H2O2 and UV/PDS ............................................... 150 
Figure A-1-7. Effect of individual inorganic compounds on the efficiency of 
UV/H2O2 and UV/PDS processes ........................................................................ 151 
Figure A-1-8. Fluorescence excitation–emission matrices (EEMs) of wastewater 
effluent before treatment (a), after UV/H2O2 (b) and UV/PDS (c) treatment. ......... 153 
Figure A-1-9. Correlations between the fluence-based rate constants of group III 
compounds (except TCEP) and selected fluorescence peaks during UV/H2O2 ....... 153 
xviii 
 
Figure A-1-10. Correlations between the fluence-based rate constants of group III 
compounds (except TCEP) and selected fluorescence peaks during UV/PDS ........ 154 
Figure A-1-11. Relative removal of benzotriazole and primidone in pilot-scale 
experiments by direct photolysis and UV/PDS ...................................................... 155 
Figure A-1-12. Fluorescence excitation–emission matrices of wastewater effluent 
before treatment and after UV/PDS in pilot scale experiments .............................. 156 
Figure A-1-13. Relative removal of fluorescence intensities of selected peaks in 
wastewater effluent during UV/PDS pilot-tests ..................................................... 156 
Figure A-1-14. Pseudo-first order removal of primidone, gabapentin and TCEP 
during UV/PDS in ultrapure water at pH 6 ............................................................ 157 
Figure A-2-1. Relative removal of ciprofloxacin by PMS, PDS, and H2O2 ............ 161 
Figure A-3-1. UV absorbance of 0.31 ng/µL of plasmid DNA .............................. 162 
Figure A-3-2. Effect of UV direct irritation at 254 nm on pCBA and nitrobenzene 162 
Figure A-3-3. Degradation of pCBA and nitrobenzene  during UV/H2O2 and 
UV/PDS in the presence of DOC .......................................................................... 163 
Figure A-3-4. Degradation of pCBA and nitrobenzene  during UV_LED/H2O2 and 
UV_LED/PDS ...................................................................................................... 163 
Figure A-4-1. Effect of monochloramine dose on DBPs formation from 
chloramination of resorcinol ................................................................................. 172 
Figure A-4-2. Residual oxidant measured during chloramination of resorcinol ...... 172 
Figure A- 4-3. Total ion chromatogram of resorcinol after 72 h of chloramination at 
pH 4 and 10 .......................................................................................................... 173 
Figure A-4-4. Total ion chromatogram of resorcinol after 72h of chloramination .. 173 
Figure A-4-5. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P215 obtained 
from GC-QTOF .................................................................................................... 174 
Figure A-4-6. EI Mass Spectrum of P197 obtained from a) GC-QTOF and b) GC-
MSD ..................................................................................................................... 175 
Figure A-4-7. EI Mass Spectrum of P179 obtained from GC-MSD ....................... 175 
Figure A-4-8. EI Mass Spectrum of P198 obtained from a) GC-QTOF and b) GC-
MSD ..................................................................................................................... 176 
Figure A-4-9. Effect of pH on the formation of heterocyclic compounds from 
chloramination of resorcinol ................................................................................. 177 
Figure A-4-10. Mass Spectrum of dibromopyrroledione obtained from a) GC-MSD 
and b) GC-QTOF .................................................................................................. 178 
Figure A-4-11. EI Mass Spectrum of methyl ester form of P215 obtained from GC-
QTOF ................................................................................................................... 178 
Figure A-4-12. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P249 
obtained from GC-QTOF ...................................................................................... 179 
Figure A-4-13. MS/MS mass spectrum of ion m/z 252 at different collision energies: 
a) 20eV, b) 40eV and c) 60 eV .............................................................................. 180 
xix 
 
Figure A-4-14. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P131 
obtained from GC-QTOF ...................................................................................... 181 
 
xx 
 
List of Abbreviations 
 ampR Ampicillin Resistance Gene 
AOP Advanced Oxidation Process 
ARB Antibiotic Resistant Bacteria 
ARG    Antibiotic Resistance Gene 
C-DBPs    Carbonaceous Disinfection By-products 
CIP Ciprofloxacin 
CPDs Cyclobutane-Pyrimidine Dimers 
DCAA Dichloroacetic Acid 
DCAcAl Dichloroacetaldehyde 
DCAcAm Dichloroacetamide 
DCAN Dichloroacetonitrile 
DOC Dissolved Organic Carbon 
E.coli Escherichia. coli 
EfOM Effluent Organic Matter 
ENR Enrofloxacin 
FEEM Fluorescence Excitation-Emission Matrix 
FLU Flumequine 
GC-QTOF Gas Chromatography-Quadrupole Time-of-Flight Mass 
Spectrometry 
HAAs   Haloacetic Acids 
HAcAms Haloacetamides 
HANs Haloacetonitriles 
HPC Heterotrophic Plate Counts 
LC-HRMS Liquid Chromatography-High Resolution Mass Spectrometry 
LOQ Limit of Quantification 
ii 
 
LED Light-Emitting Diode 
MCAA Monochloroacetic Acid 
MET Metoprolol 
NB Nitrobenzene 
N-DBPs Nitrogenous Disinfection By-products 
NOM Natural Organic Matter 
NOR Norfloxacin 
pCBA para-Chlorobenzoic Acid 
PDS Peroxydisulfate 
PI Propidium Iodide 
PMS Peroxymonosulfate 
qPCR Quantitative Polymerase Chain Reaction 
SGI SYBR Green I 
S. maltophilia Stenotrophomonas Maltophilia 
t-BuOH tert-Butanol 
TCAA Trichloroacetic Acid 
TCAcAl Trichloroacetaldehyde 
TCAcAm Trichloroacetamide 
TCEP Tris (2-Chloroethyl) Phosphate 
THMs   Trihalomethanes 
TOrCs Trace Organic Chemicals 
TOX Total Organic Halogen 
UVT UV-Transmittance at 254 nm 
VEN Venlafaxine 
WWTP Wastewater Treatment Plant 
 
iii 
 
List of Publications and Presentations Arising 
from this Thesis 
Peer-reviewed journal articles 
Nihemaiti, M., Miklos, D. B., Hübner, U., Linden, K. G., Drewes, J. E., and Croué, J.-
P. (2018). Removal of Trace Organic Chemicals in Wastewater Effluent by UV/H2O2 
and UV/PDS. Water Research, 145, 487-497 
Nihemaiti, M., Le Roux, J., Hoppe-Jones, C., Reckhow, D. A., and Croué, J.-P. (2017). 
Formation of Haloacetonitriles, Haloacetamides, and Nitrogenous Heterocyclic By-
products by Chloramination of Phenolic Compounds. Environmental Science & 
Technology, 51(1), 655-663 
Nihemaiti, N., Permala, R., and Croué, J.-P. (2018). Degradation of Fluoroquinolones 
by Peroxymonosulfate: Transformation Products and Non-radical Reaction 
Mechanism with Nitrogenous Moieties (to be submitted to Environmental Science and 
Technology) 
Nihemaiti, N., Glady- Croué, J., Edmands, J., Permala, R., Allard, S., and Croué, J.-P. 
(2018). Inactivation of Antibiotic Resistant Bacteria during Conventional and 
Advanced Oxidation Processes (to be submitted to Environmental Science: Water 
Science and Technology) 
Nihemaiti, N., Yoon Y., Lee, Y., and Croué, J.-P. (2018). Degradation of Extracellular 
Antibiotic Resistance Genes and Elimination of Gene Transforming Activity during 
UV/H2O2 and UV/PDS (to be submitted to Water Research) 
Oral presentations 
M. Nihemaiti, D.B. Miklos, U. Hübner, K. G. Linden, J. E. Drewes, and J.P Croué. 
“Degradation of Micropollutants in Wastewater Effluent by UV/H2O2 and UV/PDS”.  
IWA 15th Leading Edge Conference on Water and Wastewater Technologies, May 
2018, Nanjing, China.  
iv 
 
M. Nihemaiti, R. R. Permala and J.P. Croué. “Degradation of Ciprofloxacin in 
PMS/CuFe2O4 System: Effect of PMS and Natural Organic Matter”. IWA 10th 
Micropol and Ecohazard Conference, Sep 2017, Vienna, Austria. 
M. Nihemaiti, J. Le Roux, C. Hoppe-Jones and J.P. Croué. “Formation of 
Haloacetonitriles, Haloacetamides and Nitrogenous Heterocyclic Compounds from 
Chloramination of Resorcinol”. 252nd ACS National Meeting and Exposition, Aug 
2016, Philadelphia, USA. 
Poster presentation 
M. Nihemaiti, R. Permala, and J.P Croué. “Efficient Degradation of Fluoroquinolone 
Antibiotics by Peroxymonosulfate without Generation of Radicals”, Gordon Research 
Conference: Environmental Science _Water, June 2018, Boston, USA 
  
1 
 
 Thesis Overview 
  
2 
 
This dissertation contains 7 chapters. Chapter 1 introduces the thesis outline. Chapters 
2−6 are presenting the results and the discussions of the different research topics 
developed during this PhD project, including two published peer-reviewed articles and 
3 manuscripts nearly ready for submission. Chapter 7 gives the general conclusions 
and future perspectives. Supporting information for all journal articles and manuscripts 
being submitted are presented in Appendix 1−4. Publisher permissions for including 
published articles in thesis are attached as Appendix 5.   
Chapter 2 presents the removal of trace organic chemicals (TOrCs) in wastewater 
effluent during UV/AOPs. This was a comparative investigation on UV/hydrogen 
peroxide (H2O2) and UV/peroxydisulfate (PDS) in terms of selected TOrCs 
elimination. Lab-scale experiments on UV/H2O2 and UV/ PDS were conducted with a 
collimated beam device with a low pressure UV lamp emitting light at 254 nm. Pilot-
scale UV/PDS was carried out at a municipal wastewater treatment plant in Germany 
(collaboration with the Chair of Urban Water Systems Engineering, Technical 
University of Munich) under real feed water conditions. This work was published in 
Water Research: “Nihemaiti, M., Miklos, D. B., Hübner, U., Linden, K. G., Drewes, 
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2.1  Abstract 
In this study, we comparatively investigated the degradation of 12 trace organic 
chemicals (TOrCs) during UV/H2O2 and UV/peroxydisulfate (PDS) processes. 
Second-order rate constants for the reactions of iopromide, phenytoin, caffeine, 
benzotriazole and primidone with sulfate radical (SO4
•−) were determined for the first 
time. Experiments were conducted in buffered pure water and wastewater effluent with 
spiked TOrCs. UV/PDS degraded all TOrCs more efficiently than UV/H2O2 in 
buffered pure water due to the higher yield of SO4
•− than that of hydroxyl radical (•OH) 
at the same initial molar dose of PDS and H2O2, respectively. UV/PDS showed higher 
selectivity toward TOrCs removal than UV/H2O2 in wastewater effluent. Compounds 
with electron-rich moieties, such as diclofenac, venlafaxine and metoprolol, were 
eliminated faster in UV/PDS whereas UV/H2O2 was more efficient in degrading 
compounds with lower reactivity to SO4
•−. The fluence-based rate constants 
(𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2 ) of TOrCs in wastewater effluent linearly increased as a function of 
initial H2O2 dose during UV/H2O2, possibly due to the constant scavenging impact of 
the wastewater matrix on •OH. However, exponential increase of 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 with 
increasing PDS dose was observed for most compounds during UV/PDS, suggesting 
the decreasing scavenging effect of the water matrix (electron-rich site of effluent 
organic matter (EfOM)) after initial depletion of SO4
•− at low PDS dose. Fulvic and 
humic-like fluorophores appeared to be more persistent during UV/H2O2 compared to 
aromatic protein and soluble microbial product-like fluorophores. In contrast, UV/PDS 
efficiently degraded all identified fluorophores and showed less selectivity toward the 
fluorescent EfOM components. Removal pattern of TOrCs during pilot-scale UV/PDS 
was consistent with lab-scale experiments, however, overall removal rates were lower 
due to the presence of higher concentration of EfOM and nitrite.   
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2.2 Introduction 
Trace organic chemicals (TOrCs) including pharmaceutical residues, personal care 
products and industrial chemicals are present in surface water, groundwater, 
wastewater effluents, reclaimed water and even in drinking water (Coday et al., 2014). 
Regardless of their relatively low occurrence (i.e., few ng/L to several µg/L), TOrCs 
in aquatic resources have been a growing concern due to their potential adverse effects 
on human health and ecosystem, such as endocrine disruption, spread of antibiotic 
resistance, and bioaccumulation (Dodd, 2012; Belhaj et al., 2015). Insufficiently 
treated effluent from municipal wastewater treatment plant (WWTP) is considered as 
one of the main sources of TOrCs to the aquatic environment. Many TOrCs are 
persistent during conventional biological and chemical treatment processes in WWTP. 
The removal efficiency of TOrCs always depends on their physicochemical and 
biological properties, as well as the removal principles of individual treatment 
processes (Grandclément et al., 2017).  
Advanced oxidation processes (AOPs) involving the generation of powerful oxidant 
species, such as hydroxyl radicals (•OH), chlorine radicals (Cl•) and sulfate radicals 
(SO4
•−), have gained increasing interests as an alternative way to remove refractory 
and/or non-biodegradable pollutants (Huber et al., 2003; Wols et al., 2013; Lian et al., 
2017).   
Removal of TOrCs by hydroxyl radical-based AOPs has been extensively studied 
(Miklos, Remy, et al., 2018). Hydroxyl radical is a strong oxidant (1.8−2.7 V, 
depending on solution pH) with low selectivity (Neta et al., 1988). Previous studies 
confirmed the high potential of UV/H2O2 to remove TOrCs from WWTP effluents 
(Wols et al., 2015; Miklos, Hartl, et al., 2018). However, some TOrCs are resistant to 
•OH, such as tris-(2-chloroethyl)-phosphate (TCEP) and tris-(2-chloroisopropyl)-
phosphate (Gerrity et al., 2011). Although UV/H2O2 process effectively limits the 
formation of toxic by-products (i.e., NDMA, bromate) as compared to ozonation or 
O3/H2O2 and reduces the formation of disinfection by-products (e.g., haloacetamides) 
as a pre-oxidation (Chu et al., 2014), the process needs high energy input due to the 
low UV molar absorbance of H2O2 (e.g., 18.6 M
-1cm-1) to generate sufficient •OH, 
especially in complex water matrix (Lee et al., 2016). High reactivity of •OH with 
water matrix components (e.g., organic matter, carbonate, nitrite) results in a low 
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steady-state •OH concentration that is available to degrade target contaminants 
(Rosario-Ortiz et al., 2010; Lee et al., 2013). 
Sulfate radical (2.5−3.1 V) has a comparable or even higher redox potential than •OH 
(Neta et al., 1988). Unlike •OH, SO4
•− reacts mainly through electron transfer, less by 
addition or H-atom abstraction (Neta et al., 1988), which makes SO4
•− more selective 
to compounds with electron-rich moieties (Li et al., 2017). Recent statistical analysis 
indicated that TOrCs with electron-donating groups (e.g., −NH2, −OH) have higher 
second-order rate constants with SO4
•− than compounds with electron-withdrawing 
groups (e.g., −COOH) (Ye et al., 2017). SO4•− can be generated from the activation of 
peroxydisulfate (PDS) or peroxymonosulfate by transition metal ions, heating, UV 
irradiation, and quinones (Ike et al., 2018).  
Limited studies are available on the removal of TOrCs during sulfate radical-based 
AOPs. Previous work has reported the efficient degradation of cyanotoxin 
cylindrospermopsin (He et al., 2014), chlorotriazine pesticides (Holger V. Lutze et al., 
2015), and sulfonamide antibiotics (R. Zhang et al., 2016) by SO4
•−. Contaminants that 
show low reactivity to •OH can be degraded by SO4
•−, such as perfluorocarboxylic 
acids (Hori et al., 2005). Recent studies comparing UV/H2O2 and UV/PDS treatment 
of pharmaceuticals present in reverse osmosis brines (Yang et al., 2016) and 
wastewater effluent (Lian et al., 2017) confirmed that SO4
•− reacted more selectively 
than •OH. UV/PDS was reported to effectively control the formation of nitrogenous 
disinfection by-products in organic nitrogen-rich waters (Chu et al., 2015). The 
removal of TOrCs during UV/AOPs was recently assessed at full-scale WWTP and 
radical-based processes (e.g., UV/H2O2 and UV/peroxymonosulfate) were proven to 
be more efficient than UV direct irradiation (Rodríguez-Chueca et al., 2018). Similar 
to •OH, SO4
•− is also scavenged by organic matter and inorganic ions in the water 
matrix, which further reduces the degradation efficiency of TOrCs (T. Zhang et al., 
2013; H. V. Lutze et al., 2015).     
The aim of this study was to investigate the removal efficiency of TOrCs by UV/PDS 
in comparison to UV/H2O2. SO4
•− and •OH were generated by UV irradiation (low 
pressure UV lamp) of PDS and H2O2, respectively. Experiments were conducted in 
pure water (5 mM phosphate buffer) and municipal WWTP effluent with spiked 
TOrCs to study the influence of the water matrix on treatment efficiency. Additionally, 
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pilot-scale experiments were carried out at a municipal WWTP to explore the 
feasibility of UV/PDS treatment under real feed water conditions.   
2.3 Materials and Methods 
2.3.1 Chemical reagents 
All TOrCs and isotope labeled analytical standards for TOrCs analysis were of 
analytical grade. Details on TOrCs were provided in Appendix 1 (Table A-1-1). All 
solvents used for Liquid Chromatography were in HPLC-grade. A mixture of all 
TOrCs was prepared in Milli-Q water with a concentration of 0.5 mg/L for each 
compound. Hydrogen peroxide 30% (Thermo Fisher Scientific) and sodium persulfate 
(≥98%, Sigma-Aldrich) were used to prepare the stock solutions of H2O2 and PDS, 
respectively.  
2.3.2 Wastewater treatment plant effluent 
The WWTP Gut Marienhof (Munich, Germany) treats wastewater from the city of 
Munich. The treatment plant consists of a mechanical treatment stage including 
screens, aerated sand/fat traps and preliminary sedimentation, followed by a two-stage 
activated sludge process for biological carbon and nutrient removal (solids retention 
time of 2−3 and 6−8 days, respectively). The water is then filtered using tertiary 
granular media filters with a resulting UV-transmittance at 254 nm (UVT) of 65−75% 
prior to UV disinfection. In this study, samples were collected directly after granular 
media filtration. Hach cuvette tests were applied to measure bulk water parameters. 
Dissolved organic carbon (DOC) was analyzed on a vario TOC cube (Elementar, 
Germany) after filtration through cellulose nitrate membrane filters (0.45 µm, 
Sartorius AG, Germany). The concentrations of relevant parameters in WWTP 
effluent are summarized in Table 2-1. 
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Table 2-1. Water quality parameters of WWTP effluenta and the scavenging 
capacity of each componentb for •OH and SO4•− 
 
Lab-scale experiments Pilot-scale experiments 
Concentration 
Scavenging capacity  
(s-1) Concentration 
Scavenging 
capacity (s-1) 
UV/H2O2 UV/PDS UV/PDS 
DOC 
(mg-C/L) 
6.8 2.23×105 6.35×104 10.7 1.01×105 
Bicarbonate 
(mg/L) 
307 4.33×104 1.41×104 319 1.47×104 
Nitrite 
(mg-N/L) 
0.028 2×104 1.76×103 0.15 9.28×103 
Nitrate 
(mg-N/L) 
10.6 <75 22.7 13.5 29.0 
Chloridec 
(mg/L) 
110±13 NA 9.30±1.10×105 110±13 9.30±1.10×105 
UV254 (m-1) 14.5   16.7  
pH 7.4   7.5  
a WWTP effluent samples used for lab and pilot-scale experiments were from different days (i.e., 
17/10/16 and 03/11/16, respectively); b Calculated by multiplying the molar concentration of each 
component with its second-order reaction rate constants with radicals. Reaction rate constants and 
references are provided in Table A-1-2; c Annual average concentration; NA: not applicable 
 
2.3.3 Trace organic chemicals analysis 
All samples were filtered through 0.22 µm PVDF syringe filters (Berrytec, Germany) 
before TOrCs quantification. Samples were measured using a high-performance liquid 
chromatography (Knauer PLATINBLUE UHPLC) coupled with a tandem mass 
spectrometry (LC-MS/MS) (SCIEX QTRAP 6500) by direct injection. Isotope 
dilution was used to account for matrix suppression and instrument response. A 
detailed description of the analytical method was reported elsewhere (Müller et al., 
2017). The concentrations of TOrCs in wastewater effluent during lab- and pilot-scale 
experiments are presented in Table 2-2. 
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Table 2-2. Fluence-based rate constants a, second-order rate constants and initial 
concentrations of TOrCs 
Compounds 
Fluence-
based rate 
constant  
(𝑘𝑜𝑏𝑠−𝑈𝑉) 
 (10-4 cm² 
mJ-1) 
Second-order rate 
constants  
(109 M-1 s-1) 
Initial concentration 
(ng/L) 
𝑘•OH 𝑘SO4•− 
Lab-
scaleb 
Pilot-scalec 
Group I: 𝑘𝑜𝑏𝑠−𝑈𝑉 > 1×10
-3 cm² mJ-1 
 
 
Diclofenac 
68.3 
(R2=0.99) 
8.38±1.24d 9.2±0.6e 3,601 2,979±60 
 
Iopromide 
26.5 
(R2=0.99) 
3.3±0.6f 
0.36±0.07 
(in this 
study) 
2,867 6,268±469 
Sulfamethoxazole 
19.7 
(R2=0.99) 
5.82±1.99d 12.5±1.9e 1,564 348±30 
Group II: 1×10-4 < 𝑘𝑜𝑏𝑠−𝑈𝑉˂ 1×10
-3 cm² mJ-1 
 
Phenytoin 
7.74 
(R2=0.97) 
6.28g 
0.62±0.02 
(in this 
study) 
1,082 13±2 
 
  
Benzotriazole 
2.21 
(R2=0.86) 
8.34±0.37h 
0.87±0.03 
(in this 
study) 
9,552 9,490±391 
Group III: 𝑘𝑜𝑏𝑠−𝑈𝑉˂ 1×10
-4  cm² mJ-1 
 
 
Venlafaxine 
0.54 
(R2=0.65) 
8.8±1.5i 
3.53±0.05j 
4.99±0.05 
(in this 
study) 
1,245 630±31 
 
Metoprolol 
0.30 
(R2=0.60) 
7.84±0.77d 
5.11±0.12j 
3.89±0.01 
(in this 
study) 
1,453 551±7 
 
 Carbamazepine 
˂ 1  8.02±1.9d 
1.92±0.01k 
1.50±0.21 
(in this 
study) 
1,737 650±40 
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2.3.4 Fluorescence excitation-emission matrix analysis 
Fluorescence excitation-emission matrix (FEEM) were recorded using an Aqualog 
Fluorescence Spectrometer (Horiba Scientific, Germany). Four fluorescence peaks 
were selected from different regions on fluorescence spectra previously defined by 
Chen et al. (2003). The fluorescence intensities of selected peaks were used as 
representative indices of effluent organic matter (EfOM) in wastewater to study the 
effect of radical exposure on EfOM during UV/H2O2 and UV/PDS (Sgroi et al., 2017). 
More information on FEEM analysis is provided in Appendix 1 (Text A-1-1).     
2.3.5 Lab-scale experiments 
Bench-scale experiments were conducted using a LP-UV collimated beam device 
following the standard operation procedure suggested by Bolton and Linden (2003). 
The collimated beam device contained three 15 W low-pressure Hg UV-lamps (UV 
Technik Meyer, Germany). To precisely determine the petri factor, a xy-cross slide 
table with a magnetic stirrer was placed below the collimator, on top of which was the 
 
  
Caffeine 
˂ 1  6.4±0.71d 
2.39±0.18 
(in this 
study) 
965 71±32 
 
 
Primidone 
˂ 1  6.7±0.2l 
0.53±0.03 
(in this 
study) 
1,048 124±4 
 
  
Gabapentin 
˂ 1  9.1m ˂ 1n 3,013 4,404±93 
 
  
 TCEP 
˂ 1  0.56o ˂ 1n 1,312 125±6 
a Obtained during direct UV photolysis of TOrCs in wastewater effluent (115−1,380 mJ/cm2). The 
exact 𝑘𝑜𝑏𝑠−𝑈𝑉 was not calculated for group III (except venlafaxine and metoprolol) due to their low 
removal (see section 3.1); b Sum of background and spiked concentrations; c Average concentration 
from triplicated samplings within 6 hours; d Wols and Hofman-Caris (2012) ; e Mahdi Ahmed et al. 
(2012); f Huber et al. (2003); g Yuan et al. (2009); h Bahnmüller et al. (2015); i Wols et al. (2013); j 
Lian et al. (2017); k Matta et al. (2011); l Real et al. (2009); m Lee et al. (2014); n Estimated in this 
study (see Text S3); o Watts and Linden (2009). 
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mounting for the petri dishes. Average UV-C intensity across the petri dish was 
determined as 1–1.4 mW/cm2 by a certified UV-C radiometer (UV-surface-D, sglux, 
Germany).  
Fluences were applied to 30 mL of solution in a 100 mm glass petri dish. Experiments 
were conducted in solutions prepared with 5 mM of phosphate buffer (pH 7) (57.5−920 
mJ/cm²) and wastewater effluent (115−1,380 mJ/cm²) spiked with 1 µg/L of each 
TOrC. Due to the natural buffering capacity of wastewater effluent (i.e., 
bicarbonate=307 mg/L, Table 2-1), its pH remained stable at pH 7.4 throughout UV-
AOP experiments. H2O2 and PDS were added directly from stock solutions before UV-
exposure. 0.15 mM of oxidant was applied for buffered pure water experiments. The 
oxidant doses used for wastewater effluent experiments were 0.15, 0.30, 0.45, and 0.60 
mM. Dark experiments to investigate the effect of H2O2 and PDS on TOrCs attenuation 
were conducted in duplicates for 30 minutes and 24 hours with oxidant dose of 0.15, 
0.30, 0.45, and 0.60 mM. Residual oxidants were quenched with excess sodium 
thiosulfate at the end of each experiment. All samples were stored in amber glass 
bottles at 4°C and analyzed for TOrCs within 24 hours.  
The second-order rate constants for the reaction of TOrCs with SO4
•− were determined 
by competition kinetics based on the methods published before (Holger V. Lutze et al., 
2015; Lian et al., 2017). para-chlorobenzoic acid (pCBA) was used as a probe 
compound, k (SO4
•− + pCBA) = 3.6 × 108 M-1 s-1 (Neta et al., 1977). Experiments were 
conducted in phosphate buffer (2.5 mM) at pH=7 with 20 µM of pCBA and target 
compound. SO4
•− was generated by UV photolysis of PDS (1 mM). 10 mM of tert-
Butanol was added as •OH scavenger. Nitrobenzene (1 µM) was monitored to confirm 
that •OH was scavenged efficiently by 10 mM of tert-Butanol. The concentrations of 
pCBA and TOrCs were analysed on a HPLC (Agilent 1100) equipped with an Agilent 
XDB-C18 column (5 µm, 4.6 × 150 mm). Details on competition kinetic experiments 
are provided in Text A-1-2.  
2.3.6  Pilot-scale experiments 
Pilot-scale UV/PDS investigations were conducted using a container-based AOP 
system designed by WEDECO (Xylem, Germany) consisting of two LP-UV reactors 
(WEDECO LBX 90e and LBX 10, Xylem, Germany) operated to deliver the required 
fluence range. The pilot system was fed with wastewater effluent delivered by an 
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external process water pump station at WWTP Gut Marienhof (Munich, Germany) 
directly after tertiary granular media filtration. Specific details about the pilot system 
are described elsewhere (Miklos, Hartl, et al., 2018).   
For pilot-scale experiments, fluences were set by adjusting flow rates to current UV-
intensities, and UVT in each reactor. Fluence of 200, 400 and 800 mJ/cm2 were 
maintained in reactor LBX 10, while 1,200 mJ/cm² was maintained in reactor LBX 
90e. Oxidant dosing was targeted at concentrations of 0.30 and 0.60 mM and was 
adjusted based on the flow rate. The concentration of PDS was determined 
iodometrically (Liang et al., 2008). Before sampling, the system was constantly 
operated with a minimum of ten reactor volumes to establish steady-state conditions. 
Samples from reactor influent and effluent were filled in amber glass bottles and stored 
at 4°C until analysis. UVT as well as nitrate, nitrite, acid capacity and oxidant 
concentration were analyzed on site. TOrCs and DOC analysis were conducted within 
24 hours.   
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2.4 Results and Discussion 
2.4.1 Characteristics of selected TOrCs: photolytic reactivity and rate constants 
with •OH and SO4
•− 
Twelve TOrCs spanning a range of photolytic reactivity were selected based on their 
frequent detection in wastewater effluent and diverse physicochemical characteristics 
(Gerrity et al., 2011; Luo et al., 2014). Degradation of selected TOrCs by direct 
photolysis was investigated in WWTP effluent (115–1,380 mJ/cm2). The relative 
removal of TOrCs is illustrated in Figure A-1-1 and their fluence-based rate constants 
(𝑘𝑜𝑏𝑠−𝑈𝑉) are presented in Table 2-2. The percent removal of diclofenac, iopromide 
and sulfamethoxazole were >90% at 1,380 mJ/cm2, followed by phenytoin (68%) and 
benzotriazole (30%). About 9% of venlafaxine and 5% of metoprolol were eliminated 
at 1,380 mJ/cm2. The removal of other TOrCs was negligible within the applied 
fluence. 
The selected TOrCs were classified into 3 groups in accordance with literature (Miklos, 
Hartl, et al., 2018). Group I includes photo-sensitive compounds (i.e., diclofenac, 
iopromide, and sulfamethoxazole) with 𝑘𝑜𝑏𝑠−𝑈𝑉  >1×10
-3 cm2/mJ. Group II are 
moderately photo-sensitive compounds (i.e., phenytoin and benzotriazole) (1×10-4 < 
𝑘𝑜𝑏𝑠−𝑈𝑉  ˂ 1×10
-3 cm2/mJ). All other selected TOrCs belong to group III and are 
considered as photo-resistant compounds (𝑘𝑜𝑏𝑠−𝑈𝑉  <1×10
-4 cm2/mJ).  
The second-order rate constants of selected TOrCs with •OH and SO4
•− are shown in 
Table 2-2. The 𝑘•OH values of TOrCs were obtained from literature. Unlike the well-
studied hydroxyl radical-based oxidation processes, 𝑘SO4•−  values of most TOrCs are 
not known. To the best of our knowledge, the 𝑘SO4•−   of  iopromide, phenytoin, caffeine, 
benzotriazole and primidone were determined for the first time in this study. The 
𝑘SO4•−  of venlafaxine, metoprolol and carbamazepine are in good agreement with 
literature values (Matta et al., 2011; Lian et al., 2017). The selected TOrCs have 
complex structures with multiple functional groups. Hydroxyl radicals react with 
almost all organic moieties with nearly diffusion-controlled rates (Buxton et al., 1988). 
As shown in Table 2-2, •OH reacts relatively slowly with TCEP (i.e., 5.6×108 M-1 s-1) 
(Watts and Linden, 2009) while all other TOrCs have 𝑘•OH values greater than 1×10
9 
M-1 s-1. In contrast, SO4
•− is a selective oxidant and preferentially reacts with electron-
rich groups (Neta et al., 1988). Compounds with activated aromatic ring and amine 
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moieties, such as diclofenac (aromatic amine), sulfamethoxazole (aromatic amine), 
venlafaxine (methoxybenzene and tertiary amine), metoprolol (methoxybenzene and 
secondary amine) are highly reactive with SO4
•− among the selected TOrCs (i.e., 
𝑘SO4•− >3.89×10
9 M-1 s-1). Carbamazepine (olefin) and caffeine (imidazole) exhibit 
slightly lower reactivity toward SO4
•− (i.e., 𝑘SO4•−=1.5−2.39×10
9 M-1 s-1). Iopromide 
contains benzene ring substituted by multiple halogens and electron-withdrawing 
amide group. Phenytoin and primidone are composed of weakly-activated benzene 
ring as well as electron-withdrawing amide group. Benzotriazole has a protonated 
triazole ring at pH 7 (pKa=8.2). Consequently these compounds might have limited 
electron transfer to SO4
•− and their 𝑘SO4•−   values are <1×10
9 M-1 s-1. However, 
phenytoin, benzotriazole and primidone are still highly reactive towards •OH, with 
𝑘•OH values of one order of magnitude higher than their 𝑘SO4•−   values, possibly due to 
the rapid benzene ring addition mechanism (Vel Leitner and Roshani, 2010; Lee et al., 
2014). The 𝑘SO4•−   of gabapentin and TCEP were not determined by competition 
kinetics but estimated to be below 1×109 M-1 s-1 based on their removal in pure water 
during UV/PDS (Text A-1-3).  
2.4.2 Degradation of TOrCs in pure water during UV/H2O2 and UV/PDS  
 
Figure 2-1. Percent removal of TOrCs in pure water (Fluence=57.5 mJ/cm2, 
Oxidants = 0.15 mM, 5 mM phosphate buffer, pH 7) 
17 
 
Preliminary experiments indicated that the oxidation of selected TOrCs by H2O2 and 
PDS in the dark was negligible (Figure A-1-2). Figure 2-1 presents the percent removal 
of TOrCs during UV/H2O2 and UV/PDS in buffered pure water (57.5 mJ/cm
2, 0.15 
mM oxidants). Radical oxidation significantly improved the degradation efficiency of 
TOrCs compared to direct photolysis. About 40−70% removal of TOrCs (except 
TCEP) was found during UV/H2O2, while the concentration of all TOrCs (except 
TCEP) reached the limit of quantification (LOQ) during UV/PDS within the same 
applied fluence and molar oxidant dose. For this reason, expected differences in TOrCs 
removal based on second-order rate constants with SO4
•− could not be illustrated in 
UV/PDS experiments. The photolysis rate of PDS is higher than that of H2O2 due to 
its higher quantum efficiency (i.e., 0.7 mol/E for PDS and 0.5 mol/E for H2O2) and 
higher molar extinction coefficient (i.e., 21.1 M−1 cm−1 for PDS and 18.6 M−1 cm−1 for 
H2O2) at 254 nm (Ike et al., 2018). Moreover, the main radical scavengers in buffered 
pure water included the phosphate buffer ions (i.e., mainly HPO4
2− and H2PO4
− at pH 
7, pKa2=7.2), primary oxidants (H2O2 or PDS) and TOrCs. The scavenging capacity of 
each component was calculated by multiplying its molar concentration with its second-
order rate constants with radicals. As shown in Table A-1-3, the overall scavenging 
capacity of the buffered pure water matrix on SO4
•− (3.4 × 103 s-1) was lower compared 
to that on •OH (4.8 × 103 s-1). The product phosphate radicals (e.g., HPO4
•−) are known 
to be less reactive than •OH and SO4
•− (Neta et al., 1988), thus their contribution to 
TOrCs removal should be insignificant and can be ignored. Therefore, the more 
efficient removal of TOrCs during UV/PDS in buffered pure water was attributed to 
two factors: the higher photolysis rate of PDS at 254 nm and the lower scavenging 
effect of the water matrix on SO4
•−, which led to the higher steady-state concentration 
of SO4
•− than •OH (Y. Xiao et al., 2016; Pari et al., 2017). 
TCEP was degraded much slower than other compounds due to its low second-order 
rate constants with radicals (Table 2-2). In buffered pure water experiments, only about 
10% of TCEP was removed by UV/H2O2 at 57.5 mJ/cm
2 and the removal was increased 
to 43% at 920 mJ/cm2 (Figure A-1-3). However, the degradation of TCEP was faster 
in UV/PDS and reached LOQ at 920 mJ/cm2, which was attributed to the high SO4
•− 
exposure in pure water during UV/PDS.  
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2.4.3 Degradation of TOrCs in wastewater effluent during UV/H2O2 and UV/PDS 
Experiments with 0.15 mM of H2O2 or PDS in wastewater effluent spiked with 1 µg/L 
of each TOrC, resulted in significantly reduced percent removal compared to pure 
water experiments (e.g., <12% of degradation for group II and III compounds at 115 
mJ/cm2) (Figure A-1-4), indicating the strong scavenging effect of the water matrix 
(e.g., EfOM, inorganic species) on both radicals. The effect of the water matrix can be 
overcome by increasing the UV fluence and oxidant dose. Figure A-1-5 presents the 
percent removal of TOrCs in wastewater effluent at 1,380 mJ/cm2 and 0.6 mM of 
oxidant. Direct photolysis was effective for the degradation of group I compounds 
(>90%). UV/H2O2 and UV/PDS substantially enhanced the removal of group II and III 
compounds (except TCEP). TCEP was persistent to both UV/H2O2 and UV/PDS in 
wastewater effluent, and less than 4% removal was obtained for the highest fluence 
(1,380 mJ/cm2) and oxidant dose (0.6 mM) applied. Ozonation was also reported to be 
inefficient for the elimination of TCEP in municipal WWTP effluent (e.g., 25% of 
removal at 1.5 mg O3/mg DOC), because of its low reaction rate constants with ozone 
and •OH (Lee et al., 2013).   
 
Figure 2-2. Fluence-based rate constants of TOrCs in wastewater effluent during 
UV only, UV/H2O2 and UV/PDS processes (Fluence= 115−1,380 mJ/cm2; 
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Oxidants=0.3 mM). Inset boxplot shows the statistical evaluation of fluence-based 
rate constants of all group III compounds 
Figure 2-2 presents the fluence-based rate constants (𝑘𝑜𝑏𝑠) of TOrCs calculated for 
UV only ( 𝑘𝑜𝑏𝑠−𝑈𝑉 ), UV/H2O2 ( 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2 ) and UV/PDS ( 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 ) 
experiments performed in wastewater effluent (0.3 mM of oxidant). 𝑘𝑜𝑏𝑠  was not 
calculated for TCEP due to its low removal. The 𝑘𝑜𝑏𝑠−𝑈𝑉 /𝑘𝑜𝑏𝑠−𝑈𝑉/𝐴𝑂𝑃  was calculated 
to be greater than 0.8 for group I compounds (except diclofenac in UV/PDS), 
indicating that their degradation was mainly attributed to direct photolysis. During 
UV/PDS, the removal rate of diclofenac was enhanced to 1.12×10-2 cm2/mJ, 
suggesting that both direct photolysis and radical oxidation contributed to its 
elimination (i.e., 𝑘𝑜𝑏𝑠−𝑈𝑉 /𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 = 0.6). The removal of group II compounds 
followed both direct photodegradation and radical oxidation, whereas the radical 
oxidation was the dominant process for group III compounds.    
The inset boxplot in Figure 2-2 shows the fluence-based rate constants of group III 
compounds (except TCEP). The 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆  covered a wider range than 
𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2 , suggesting that UV/PDS showed higher selectivity towards TOrCs 
removal than UV/H2O2. Similar results were reported on UV/H2O2 and UV/PDS 
treatment of TOrCs in reverse osmosis brines (Yang et al., 2016) and wastewater 
effluent (Lian et al., 2017). Moreover, the removal pattern of group III compounds 
during both processes was consistent with their second-order rate constants with •OH 
and SO4
•− shown in Table 2-2. Group III compounds with high 𝑘•OH (˃7×10
9 M-1 s-1) 
such as venlafaxine, metoprolol and carbamazepine had similar 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  (~1×10
-
3 cm2/mJ). Slightly lower removal rate was observed from caffeine (6.13×10-4 cm2/mJ) 
and primidone (7.20 ×10-4 cm2/mJ), which was consistent with their lower 𝑘•OH 
(˂7×109 M-1 s-1). The 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2 of gabapentin was 5.31×10
-4 cm2/mJ, suggesting 
that its 𝑘•OH might have been overestimated previously (i.e., 9.1×10
9 M-1 s-1) (Lee et 
al., 2014). Similarly, compounds with higher 𝑘SO4•−   (1.50−4.99×10
9 M-1 s-1) such as 
venlafaxine, metoprolol, carbamazepine and caffeine showed higher removal rate than 
those with lower 𝑘SO4•−  (˂1×10
9 M-1 s-1), such as primidone and gabapentin.  
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Figure 2-3. Fluence-based rate constants of TOrCs in wastewater effluent 
during UV/H2O2 (open circles) and UV/PDS (filled circles) (Fluence=115−1,380 
mJ/cm2; Oxidants = 0, 0.15, 0.30, 0.45 and 0.60 mM) 
Figure 2-3 shows the evolution of fluence-based rate constants of TOrCs as a function 
of initial oxidant dose. The 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  and 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆  values of each TOrC 
(except for iopromide) gradually increased, suggesting that the radical exposure was 
promoted with increasing H2O2 and PDS dose (Rosario-Ortiz et al., 2010).  
During UV/H2O2, the 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  values of TOrCs increased linearly as a function 
of initial H2O2 dose. Previous study showed that the log-transformation of TOrCs (i.e., 
log(C/Co)) in wastewater effluent was linearly proportional to the initial H2O2 dose 
during UV/H2O2, which indicated that the competition between TOrCs and the 
wastewater effluent matrix for •OH consumption remained constant during the 
oxidation process (Lee and von Gunten, 2010). However, the 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 values of 
TOrCs, especially those with high reactivity towards SO4
•− (i.e., 𝑘SO4•−   >1×10
9 M-1 s-
1), such as diclofenac, sulfamethoxazole, venlafaxine, metoprolol, carbamazepine and 
caffeine, exhibited exponential increase with increasing of PDS dose.  
Our results are comparable with previous studies on the treatment of TOrCs in 
wastewater effluent using selective oxidants (e.g., ozone, chlorine) (Lee and von 
Gunten, 2010), which are highly reactive with the electron-rich organic moieties. 
When selective oxidants are applied, the degradation of TOrCs tends to have a “lag-
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phase” at low oxidant dose due to the high competition between the targeted TOrC and 
the wastewater effluent matrix (e.g., electron-rich site of EfOM). When the oxidant 
dose is increased to be above the initial water matrix demand, the degradation rates of 
TOrCs can be enhanced significantly (Lee and von Gunten, 2010). To support our 
hypothesis, the fluorescence intensities of FEEM regions (see section 2.4.5) were 
progressively reduced with increasing initial PDS concentration during UV/PDS. 
About 62−76% fluorophores were degraded at 1,380 mJ/cm2 and 0.6 mM of PDS 
(Figure A-1-6), indicating the large depletion of electron-rich organic moieties in 
EfOM at high PDS dose.  Alternatively, more SO4
•− will be available in solution to 
oxidize TOrCs. Although about 43−77% of the fluorescence intensity were removed 
during UV/H2O2 under the same experimental conditions (Figure A-1-6), 
•OH is a non-
selective oxidant and it might react with all fractions of EfOM and the transformation 
products of EfOM as fast as their initial compounds, resulting in the constant 
scavenging rates of water matrix for •OH during the entire oxidation processes (Lee 
and von Gunten, 2010).  
Diclofenac, venlafaxine and metoprolol were more efficiently eliminated by UV/PDS 
compared to UV/H2O2 because they can more easily overcome the scavenging impact 
of EfOM due to their high reactivity with SO4
•−. The UV/PDS process was also 
reported to be more efficient than UV/H2O2 for venlafaxine and metoprolol in 
wastewater effluent (Lian et al., 2017). Sulfamethoxazole was degraded faster in 
UV/PDS when PDS dose was above 0.3 mM. For caffeine and 
carbamazepine, 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 was comparable with 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  at 0.6 mM oxidant 
dose, thus UV/PDS is expected to outcompete UV/H2O2 for removal of these two 
compounds if higher PDS dose is applied (>0.6 mM). For phenytoin, benzotriazole, 
primidone and gabapentin, UV/H2O2 was more efficient as they have low reactivity 
with SO4
•− to overcome the scavenging effect of the water matrix during UV/PDS. The 
𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  of iopromide was only increased by less than 20% compared to 
 𝑘𝑜𝑏𝑠−𝑈𝑉  and its  𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 value was almost stable in various initial H2O2 and PDS 
doses, respectively. This can be explained by the low reactivity of iopromide with •OH 
and SO4
•− (Table 2-2). Hence, direct photodegradation is mainly responsible for the 
removal of iopromide in wastewater effluent and upgrading UV process to UV/H2O2 
or UV/PDS will not contribute substantially to its removal efficiency.  
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2.4.4 Effect of wastewater matrix components 
The water matrix components (e.g., DOC, bicarbonate, nitrite and halides) react with 
•OH and SO4
•−, lowering the efficiency of UV/H2O2 and UV/PDS processes. Table 2-
1 shows the water quality parameters of wastewater effluent used in this study. The 
exact concentration of chloride is not available, but the annual average concentration 
in this WWTP effluent is provided. The scavenging capacity of the known inorganic 
constituents were calculated by multiplying their concentrations with their second-
order reaction rate constants with •OH and SO4
•− (rate constants and references are 
shown in Table A-1-2).  DOC and chloride were the most efficient scavengers for 
UV/H2O2 and UV/PDS, respectively.   
The product radicals (e.g., CO3
•−, NO2
• and Cl2
•) generated from the reactions between 
inorganic components and •OH or SO4
•− (Table A-1-2) might also participate in the 
degradation of TOrCs (Wols and Hofman-Caris, 2012; Lian et al., 2017). The product 
radicals are moderate oxidants (i.e., 1.63 V, 1.03 V and 2.0 V for CO3
•−, NO2
• and Cl2
•, 
respectively) and even more selective than SO4
•− toward electron-rich moieties (i.e., 
activated aromatics like phenols and anilines, olefines) (Zuo et al., 1999; Guo et al., 
2017; Ji et al., 2017). The impact of individual inorganic ions (i.e., bicarbonate, nitrite, 
nitrate and chloride) on the removal pattern of TOrCs during UV/H2O2 and UV/PDS 
was investigated in buffered pure water applying the concentration of each inorganic 
constituent in Table 2-1. The influence of chloride was simulated by applying 35 and 
350 mg/L of chloride. The fluence-based rate constants of TOrCs are shown in Figure 
A-1-7. The effect of nitrate (10.6 mg-N/L) was negligible for both processes. The 
𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  and  𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 of TOrCs (except for diclofenac and sulfamethoxazole) 
in the presence of bicarbonate (307 mg/L) were lower than that in the presence of 
nitrite (0.028 mg-N/L), indicating that bicarbonate scavenged radicals more efficiently 
than nitrite. This is consistent with the calculated scavenging capacity of bicarbonate 
and nitrite shown in Table 2-1. However, nitrite was present at low concentration 
(0.028 mg-N/L) in this specific wastewater sample. The second-order rate constant of 
nitrite with •OH (1.0×1010 M-1 s-1) (Coddington et al., 1999) and SO4
•− (8.8×108 M-1 s-
1) (Neta et al., 1988) is the highest among the known wastewater components in Table 
2-1, suggesting that the scavenging capacity of nitrite can be significant at higher 
concentration. A previous study reported that the efficiency of TOrCs elimination 
during UV/H2O2 was strongly influenced by nitrite concentration fluctuations in 
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WWTP effluent (Miklos, Hartl, et al., 2018). Interestingly, sulfamethoxazole and 
diclofenac were degraded faster in bicarbonate containing solution than in the presence 
of nitrite during both processes, which suggests that CO3
•− contributed to their removal. 
Recent studies also reported the degradation of sulfamethoxazole and diclofenac by 
CO3
•− (Lu et al., 2017; Yang et al., 2017). No significant reduction of 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2    
was found for UV/H2O2 in the presence of chloride. This finding was expected because 
the reaction between chloride and •OH is reversible and the rate constant of forward 
reaction (4.3×109 M-1 s-1) is even lower than that for the backward reaction (6.1×109 
M-1 s-1) (Jayson et al., 1973) (Table A-1-2). The concentration of TOrCs reached LOQ 
at 57.5 mJ/cm2 during UV/PDS in the presence of 35 mg/L of chloride. When the 
chloride was increased to 350 mg/L, the removal rate of TOrCs decreased. Although 
the scavenging capacity of 350 mg/L of chloride (i.e., 3×106 s-1) is about two and three 
orders of magnitude higher than that of bicarbonate and nitrite, respectively, the 
 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆  values in the presence of chloride were comparable or even higher than 
those in the presence of bicarbonate and nitrite for most compounds, indicating that 
reactive chlorine species (e.g., Cl2
•) might promote the degradation of TOrCs. 
Consequently, the presence of chloride in wastewater effluent reduces the steady-state 
concentration of SO4
•− during UV/PDS, but might less affect the removal rate of 
TOrCs compared to bicarbonate and nitrite at similar scavenging capacity.    
However, the importance of inorganic ions might be different in wastewater effluent 
compared to the buffered pure water with individual inorganic components. As shown 
in Table 2-1, DOC is a strong scavenger for •OH and SO4
•−, resulting in lower steady-
state concentrations of primary radicals in wastewater effluent compared to pure water. 
Moreover, the product radicals can also be scavenged by the wastewater components. 
For instance, bicarbonate is reactive with Cl• and Cl2
• to produce more CO3
•− (Table 
A-1-2). DOC was reported to scavenge Cl• efficiently (i.e., 1.3 ×104 (mg-C/L)-1 s-1) 
(Fang et al., 2014).   
2.4.5 Oxidative inactivation of fluorescent effluent organic matter components 
during UV/H2O2 and UV/PDS 
Figure A-1-8 illustrates the FEEM spectra of wastewater effluent during UV/H2O2 and 
UV/PDS processes. The FEEM spectra of wastewater effluent (before AOP treatment) 
exhibited 4 characteristic regions with maximum fluorescence intensity identified as 
follows (Table A-1-2): aromatic protein-like peak (P_II, Excitation/Emission= 
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242/358 nm), fulvic-like peak (P_III, 242/430 nm), soluble microbial product-like 
peak (P_IV, 287/353 nm) and humic-like peak (P_V, 329/412 nm) (Chen et al., 2003).    
 
Figure 2-4. a) Fluence-based rate constants of selected fluorescence peaks in 
wastewater effluent during UV/H2O2 (open circles) and UV/PDS (filled circles). 
b) Correlations between the fluence-based rate constants of venlafaxine and 
selected fluorescence peaks 
The fluorescence intensity of P_IV was reduced by 15% during direct photolysis at 
920 mJ/cm2, suggesting the presence of relatively photo-sensitive fluorophores in 
soluble microbial product-like region. The intensity of the other fluorescence peaks 
was stable during direct photolysis (115−1,380 mJ/cm2). Once adding H2O2 and PDS, 
the fluorescence intensities of all the selected peaks decreased following first-order 
reaction kinetics, indicating the contribution of •OH and SO4
•−, respectively. Their 
fluence-based reaction rate constants ( 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2  and ( 𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 ) linearly 
increased as a function of initial oxidant dose (Figure 2-4a), except the  𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆 
of P_V, which appeared to increase exponentially. The fluorescence extinction of 
fulvic and humic-like fluorophores were much slower than that of soluble microbial 
product-like and aromatic protein-like fluorophores during UV/H2O2. This is in 
accordance with previous observation that some fluorophores in humic-like region 
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might be more resistant to •OH attack than fluorophores from the protein-like region 
(Abdelmelek et al., 2011). Interestingly, unlike the removal of TOrCs, UV/PDS 
reduced the fluorescence intensities of all identified fluorophores and showed less 
selectivity toward fluorophores removal. This is consistent with the literature that 
SO4
•− is a strong electrophile and preferentially oxidizes electron rich moieties (e.g., 
unsaturated and aromatic compounds) (R. Xiao et al., 2015), which is the primary 
characteristic of fluorescent compounds (Świetlik and Sikorska, 2004).  The 
fluorescence loss of humic and fulvic-like fluorophores during UV/PDS were even 
faster than that during UV/H2O2. Addition and hydrogen abstraction are the main 
pathways for •OH, whereas the electron transfer is predominant for SO4˙‾ (Neta et al., 
1988). During UV/H2O2, humic substances might mainly undergo hydroxylation and 
breakdown of macromolecules into smaller ones, but the main structural characteristic 
remains intact (González et al., 2013). The direct electron transfer from aromatic rings 
to SO4˙‾ followed by the hydroxylation in aqueous solution can generate similar 
hydroxylated aromatics as •OH (Olmez-Hanci and Arslan-Alaton, 2013). However, the 
electron transfer can also lead to the formation of unstable radical cation intermediates 
or the decarboxylation following the oxidation of aromatic ring, which might induce 
the rapid ring cleavage during UV/PDS (Neta et al., 1977). Therefore, the prevalence 
of radical reactions with EfOM can impact differently on fluorescence during 
UV/H2O2 and UV/PDS.  
Several studies investigated fluorescence as a surrogate to predict the elimination of 
TOrCs during various water treatment processes (Gerrity et al., 2012; Park et al., 2017). 
The possible correlation of fluence-based rate constants between selected fluorescence 
peaks and individual group III compounds (except TCEP) was examined in this study. 
Figure 2-4b presents venlafaxine as an example. Other group III compounds are shown 
in Figure A-1-9 and Figure A-1-10. The 𝑘𝑜𝑏𝑠−𝑈𝑉/𝐻2𝑂2   value of individual group III 
compounds was linearly correlated with that of selected fluorescence peaks, 
suggesting that fluorescence may be a useful indicator for group III compounds 
removal during UV/H2O2. The  𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆  values of group III compounds 
exponentially increased with respect to  𝑘𝑜𝑏𝑠−𝑈𝑉/𝑃𝐷𝑆  of selected fluorescence peaks. 
Due to the selective oxidizing property of SO4
•−, the elimination of compounds that 
are less reactive with SO4
•− can be eliminated much slower than fluorophores. For 
example, only about 28% of gabapentin was removed when 62−76% fluorophores 
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were degraded during UV/PDS (Figure A-1-5 and Figure A-1-6). Therefore, the 
development of compound-specific surrogate model on fluorescence would be 
required during UV/PDS.   
2.4.6 Degradation of TOrCs during pilot-scale UV/PDS 
Pilot-scale UV/PDS treatment of TOrCs was conducted at WWTP. The concentrations 
of TOrCs in WWTP effluent before UV/PDS treatment are shown in Table 2-2. 
Phenytoin (13±2 ng/L) and caffeine (71±32 ng/L) were present at very low initial 
concentrations, which were close to LOQ and consequently showing large 
uncertainties. Therefore, the elimination of phenytoin and caffeine was not monitored 
during pilot-testing. Figure 2-5 shows the relative removal of TOrCs during UV only 
and UV/PDS processes. Group I compounds were efficiently removed. More than 98% 
of diclofenac was degraded at 1,200 mJ/cm2 when only UV was applied, with the 
addition of 0.6 mM of PDS, the same removal of 98% was already achieved at 800 
mJ/cm2. Comparable to lab-scale experiments, the elimination of iopromide and 
sulfamethoxazole was mainly caused by direct photolysis, with 94% and 91% removal 
at 1,200 mJ/cm2, respectively. No significant contribution of SO4
•− was observed to 
iopromide within experimental uncertainties due to its low 𝑘SO4•− (i.e., <1×10
9 M-1 s-
1). Sulfamethoxazole is highly reactive with  SO4
•− (i.e., 𝑘SO4•− = 12.5×10
9 M-1 s-1) 
(Mahdi Ahmed et al., 2012). Furthermore, the potential inner filter effect of PDS was 
excluded as the UV fluence was adjusted after PDS spiking during pilot-testing. 
However, the removal of sulfamethoxazole was slower during UV/PDS than direct 
UV photolysis for unknown reason. Venlafaxine and metoprolol were removed most 
efficiently among the group II and III compounds, which was consistent with the lab-
scale experiments. About 77% of venlafaxine, 49% of metoprolol and 27% of 
carbamazepine were eliminated at 1,200 mJ/cm2 and 0.6 mM PDS. Compounds 
showing low reactivity toward SO4
•− were less removed. For instance, about 58% of 
benzotriazole and 11% of primidone were degraded at 1,200 mJ/cm2 with 0.6 mM PDS. 
Similar to iopromide, the direct photodegradation was mainly responsible for the 
elimination of benzotriazole due to its low 𝑘SO4•− (i.e., <1×10
9 M-1 s-1) (Figure A-1-11). 
Gabapentin and TCEP appeared to be resistant to UV photolysis and UV/PDS in these 
experimental conditions.  
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Figure 2-5. Relative removal of TOrCs in pilot-scale experiments by direct 
photolysis (circles) and UV/PDS (triangle: 0.3 mM of PDS; square: 0.6 mM of 
PDS) (Fluence= 0−1,200 mJ/cm2) 
The removal pattern of TOrCs during pilot-testing was comparable to lab-scale 
experiments, but their removal rates were lower. Higher concentrations of DOC and 
nitrite were observed during pilot-scale tests compared to lab-scale experiments, 
resulting in about 1.7 and 5.3 times higher scavenging capacity of the wastewater 
matrix on SO4
•− (Table 2-1). Fluorescence intensity was reduced only by 35−54% at 
1,200 mJ/cm2 with 0.6 mM PDS (Figure A-1-12 and Figure A-1-13), confirming the 
overall lower oxidation efficiency due to the scavengers during pilot-testing.  
2.5 Conclusions 
1) When the same molar dose of PDS and H2O2 are applied, UV/PDS can eliminate 
all TOrCs more efficiently than UV/H2O2 in buffered pure water due to the higher 
yield of SO4
•−.  
2) SO4
•− preferentially oxidizes TOrCs with electron-rich moieties (e.g., activated 
aromatic ring, olefines, and amines) as well as the electron-rich site of EfOM (e.g., 
fluorophores), while •OH reacts with almost all organic moieties with nearly diffusion-
controlled rates.   
3) High competition between the target TOrCs and the electron-rich site of EfOM 
(scavenger) was observed at low PDS dose. However, the initial oxidant demand was 
followed by an exponential increase in the fluence-based rate constants of most 
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compounds with increasing PDS dose. In contrast, the scavenging impact of the water 
matrix on •OH was constant during UV/H2O2, leading to a linear increase of fluence-
based rate constants with increasing H2O2 dose.    
4) Selectivity of SO4
•− results in more efficient removal of TOrCs with electron-rich 
moieties by UV/PDS in wastewater effluent while UV/H2O2 better oxidizes 
compounds with less reactivity toward SO4
•−.   
5) The scavenging capacities of DOC and chloride were calculated to be the highest 
among the known water parameters during UV/H2O2 and UV/PDS, respectively. 
Experiments conducted in the presence of individual inorganic species indicated that 
CO3
•− enhanced the degradation of diclofenac and sulfamethoxazole during both 
processes. Chlorine radicals might contribute to the degradation of most compounds 
during UV/PDS.   
6) The efficiency of pilot-scale UV/PDS was affected by the variation of DOC and 
nitrite in wastewater effluent. Higher UV fluences and oxidant doses are needed to 
overcome the impact of the water matrix. However, the energy requirements and the 
effect of sulfate ion on the salinity of treated water should be evaluated prior to 
UV/PDS application in wastewater effluent.  
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3.1 Abstract 
Recent work has demonstrated that peroxymonosulfate (PMS), a peroxide commonly 
applied as a radical precursor during advanced oxidation processes (AOPs), can 
degrade organic contaminants without radical involvement. However, little is known 
about this non-radical reaction mechanism. In this study, we reported that 
fluoroquinolone antibiotics (except flumequine) can be rapidly degraded by the direct 
PMS oxidation. Unlike the radical-based AOPs, the degradation of fluoroquinolones 
by PMS was less influenced by the scavenging effect of the water matrix. The 
degradation rate followed second-order kinetic and was highly pH and structure-
dependent. High resolution mass spectrometry analysis demonstrated that the 
piperazine ring of fluoroquinolones was the main reaction site. While the oxygen 
transformation from PMS to contaminants (e.g., sulfur-containing compounds) were 
previously explained as a main reaction pathway for PMS non-radical process, our 
study showed that the direct electron-transfer from nitrogenous moieties (piperazine 
ring) to PMS can produce amide and aldehyde compounds. An amide-containing 
compound (P320) was found to be the major product, which was also reported from 
ozonation of ciprofloxacin. Agar disk-diffusion tests indicated that PMS treatment 
well removed the antibacterial activity of ciprofloxacin with the complete degradation 
of parent antibiotic, except the transformation products in earlier stage which might 
still exert antibacterial potency. Study on PMS reactivity was extended to other 
nitrogenous compounds and results indicated that compounds with tertiary alkyl amine 
appeared to be more reactive with PMS than those with secondary alkyl amine.  
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3.2 Introduction 
Advanced oxidation processes (AOPs) have gained increasing interests in recent years 
for the removal of refractory contaminants during water treatment and soil remediation. 
Hydrogen peroxide (H2O2), peroxydisulfate (S2O8
2−, PDS), and peroxymonosulfate 
(HSO5
−, PMS) are the commonly used peroxides for AOPs. The activation of these 
peroxides by energy (e.g., UV irradiation) and electron transfer (e.g., transition metal-
based catalysis) generates strong oxidizing species such as hydroxyl radical (•OH, 
1.9−2.7 V) and sulfate radical (SO4•−, 2.5−3.1 V) (Neta et al., 1988). Many studies 
have demonstrated that •OH and SO4
•− have high potential to eliminate 
pharmaceuticals, pesticides and industrial contaminants (Lutze et al., 2015; Wols et al., 
2015). However, certain water matrix components (e.g., organic matter, bicarbonate, 
and halides) are known to reduce the efficiency of AOPs by significantly scavenging 
the radicals (T. Zhang et al., 2013; Y. Yang et al., 2016). Moreover, the leaching of 
heavy metal (e.g., cobalt) can be an important issue during transition metal-based 
AOPs (Ike et al., 2018).  
PMS is commercially available and known as Oxone (2KHSO5. KHSO4. K2SO4). It is 
relatively stable, thus convenient for storage and transportation. The price of PMS 
(1.36 USD/mol) is higher than that of  H2O2 (0.05 USD/mol) and PDS (0.18 USD/mol) 
(Wacławek et al., 2017). PMS has been applied as a non-chlorine disinfectant in 
swimming pools and for delignification in paper and pulp industry. The electron-
transfer from transition metal-based catalysts (e.g., cobalt, copper, iron) and the 
cleavage of peroxide bond in PMS by UV irradiation and ultrasound can generate 
SO4
•− and •OH (Ghanbari and Moradi, 2017).  
It was recently reported that organic contaminants (e.g., carbamazepine, 
sulfamethoxazole, chlorophenol) can be decomposed by direct PMS oxidation (i.e., no 
radical initiator). Quenching studies and electron paramagnetic resonance 
spectrometry analysis had confirmed that contaminant transformation was attributed 
to the direct oxidation by PMS without the contribution of radicals (Yang et al., 2018). 
However, little is known about the reaction mechanism of this non-radical process. 
Previous studies have found that the reaction might involve the transfer of the distal 
oxygen in peroxide bond of PMS to contaminants. PMS can efficiently oxidize arsenite 
As (III) to As (V) through oxygen transfer mechanism (Z. Wang et al., 2014). The 
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thioether sulfur of β-lactam antibiotics can be substituted by the oxygen from PMS to 
produce sulfoxide products (Chen et al., 2018). The aniline moieties of sulfonamide 
antibiotics can be converted to nitroso or nitrobenzene moieties through PMS oxygen 
substitution (Yin et al., 2018). However, the oxygen substitution pathway can be 
affected by the steric hindrance, especially for contaminants with complex structures 
(Chen et al., 2018).  
PMS is a strong electron-acceptor with redox potential (E0 (HSO5
−/HSO4
2−) =1.82 
VNHE) (Steele and Appelman, 1982). Because of its strong electrophilic character, PMS 
can oxidise/degrade contaminants by electrons withdrawing with carbon nanotube as 
electron-transfer mediator (Yun et al., 2017). It was reported that PMS can rapidly 
inactivate the disease-associated prion protein. In this process, the amino acid residues 
of prion protein was oxidised by PMS through the formation of methionine sulfone 
and hydroxylated tryptophan residues (Chesney et al., 2016). The transformation of 
methionine sulfoxide to methionine sulfone might be explained by the oxygen transfer 
mechanism mentioned above. However, the formation of hydroxylated tryptophan 
residues suggested that there might be other reaction pathways for PMS non-radical 
process, especially for nitrogenous compounds.  
In this study, we focused on fluoroquinolone antibiotics (ciprofloxacin, norfloxacin, 
enrofloxacin, and flumequine) and their structurally related compound 1-(2-
fluorophenyl) piperazine (Table 3-1). Fluoroquinolones are among the most consumed 
antibiotic classes in the world. Due to their resistance to biodegradation and high 
adsorption affinity, fluoroquinolones show long half-life times in the environment (e.g., 
10.6 days in surface water and 580 days in soil). Fluoroquinolones were detected from 
wastewater, surface water, ground water and sediment/soil with concentrations 
ranging from ng/L to mg/L (Van Doorslaer et al., 2014). As shown in Table 3-1, 
fluoroquinolones are characterized with a core quinolone ring structure containing a 
nitrogen atom. Ciprofloxacin, norfloxacin, and enrofloxacin also have a piperazine 
ring with 2 more amine nitrogen atoms. The aim of this study was to investigate the 
reactivity of PMS toward fluoroquinolones. The degradation kinetics as well as the 
effect of pH and common water matrix components were carefully studied. The 
transformation products of ciprofloxacin after PMS exposure were tentatively 
identified by high resolution mass spectrometry. MS2 and MS3 fragmentation were 
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applied for most compounds for structural identification. Based on the characteristics 
of the transformation products, possible reaction mechanisms of PMS reaction with 
nitrogenous compounds were proposed. Agar diffusion tests were applied to 
investigate the residual antibacterial activity of ciprofloxacin after PMS oxidation. 
Finally, the study on PMS reactivity was extended to other nitrogenous compounds 
(i.e., metoprolol and venlafaxine) to investigate the efficiency of PMS toward 
secondary and tertiary amine moieties.  
Table 3-1. Properties of compounds investigated in this study 
Compounds MW pKaa  Structures 
Ciprofloxacin (CIP) 331.3 
pKa1=6.2 
pKa2=8.8 
  
 
 
Norfloxacin (NOR) 319.3 
pKa1=6.22 
pKa2=8.51 
  
 
 
Enrofloxacin (ENR) 359.3 
pKa1=6.1 
pKa2=7.7 
  
 
 
Flumequine (FLU) 261.2 6.5 
  
 
 
1-(2-fluorophenyl) piperazine 180.2 
pKa1=4.49 
pKa2=8.63 
 
 
Metoprolol 267.3 9.7 
 
 
Venlafaxine 277.4 9.4 
 
 
a pKa values were obtained from Jiang et al. (2016). 
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Figure 3-1. The acid-base species of ciprofloxacin (CIP) 
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3.3 Materials and Methods 
3.3.1 Chemical reagents  
All chemicals were in analytical grade or higher and used as received without further 
purification. Potassium peroxymonosulfate (available as Oxone®), ciprofloxacin 
(≥98%), norfloxacin (≥98%), enrofloxacin (≥98%), flumequine (≥97%), 1-(2-
fluorophenyl) piperazine (97%), metoprolol ((≥98.5%), venlafaxine (≥98%), tert-
butanol (≥99%), and ethanol (pure) were purchased from Sigma-Aldrich. Suwannee 
River hydrophobic fraction was applied as natural organic matter isolate, which was 
extracted according to previously published method (Leenheer et al., 2000). All 
solutions were prepared in Milli-Q water (18 MΩ cm, Millipore).  
3.3.2 Experimental procedures  
Experiments were conducted in amber glass bottles at room temperature (22 ± 1℃). 
Predetermined volumes of target compounds and PMS stock solutions were injected 
into 25 mL of 10 mM phosphate (pH = 6.2−8) or borate (pH = 8.2−11) buffer to get 
the desired initial concentrations. Samples were periodically withdrawn and quenched 
with excess sodium thiosulfate. For most experiments, the initial concentrations 
applied for target compound and PMS were 5 and 100 µM, respectively. Reaction time 
was ranged from 2 to 120 min. In order to better identify the transformation products, 
high concentration of ciprofloxacin (50 µM) was treated with 50 µM and 1 mM of 
PMS. For antibacterial activity tests, 5 µM of ciprofloxacin was degraded by 100 and 
250 µM of PMS. Most experiments were conducted at least in duplicate.  
3.3.3 Analytical methods  
Quantitative analysis of target compounds were carried out with a High Performance 
Liquid Chromatography (HPLC, Agilent 1100) coupled with a Diode Array Detector 
(DAD, Agilent 1100) and a XDB-C18 column (5 µm, 4.6 × 150 mm, Agilent). Mobile 
phase composition followed various isocratic mixtures of methanol or acetonitrile with 
0.1% phosphoric acid. All compounds were analysed on their maximum UV 
absorption. A detailed information on HPLC methods are provided in supporting 
information (Table A-2-1).  
The transformation products of ciprofloxacin were identified using an Accela 600 
liquid chromatography system coupled to a high resolution mass spectrometry (LC-
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HRMS, LTQ Orbitrap XL, Thermo Fisher), fitted with an electrospray ion source 
(ESI). Compounds were separated on a kinetex C18 column (2.6 µm, 100× 2.1 mm, 
phenomenex). Full scan and MS2 fragmentation scan were conducted in positive 
ionisation mode (+eV). MS3 fragmentation was additionally applied for compounds 
with major peak areas on LC-HRMS. Details on LC-HRMS parameters are provided 
in Table A-2-2.  
3.3.4 Antibacterial activity test  
Agar disk-diffusion tests were conducted to investigate the antibacterial activity of 
ciprofloxacin (5 µM) after PMS exposure (100 and 250 µM) using Escherichia. coli 
B (E. coli B) as the test microorganism according to the Clinical and Laboratory 
Standards Institute (CLSI, 2012). Briefly, lysogeny (LB) agar plates were inoculated 
with 100 µL of an overnight culture of E. coli B equivalent to 0.5 McFarland. Then, 
blank antibiotic cartridges (about 6 mm in diameter), containing the test solutions, 
were placed on the agar surface. The diameters of inhibition zones around discs were 
measured after the plate was incubated overnight at 37 ℃.A wider zone of no growth 
indicates a stronger antibacterial activity of the test solution. By comparing the 
diameters of the inhibition zones from PMS treated samples of ciprofloxacin and the 
ciprofloxacin standards with known concentrations (0.2, 0.5, 1, 2, 3, 4 and 5 µM), the 
removal of ciprofloxacin antibacterial activity after PMS exposure can be determined. 
Each sample was tested in triplicates.   
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3.4 Results and Discussion 
3.4.1 Degradation kinetics of fluoroquinolones and their structurally related 
compound by PMS 
 
Figure 3-2. Relative removal of selected fluoroquinolones and 1-(2-fluorophenyl) 
piperazine by PMS (Target compounds=5 µM; PMS=100 µM; 10 mM 
phosphate buffer at pH 8. Error bars represent the standard deviations of 
duplicated experiments) 
The degradation of selected fluoroquinolones i.e., ciprofloxacin (CIP), norfloxacin 
(NOR), enrofloxacin (ENR), and flumequine (FLU) as well as 1-(2-fluorophenyl) 
piperazine by PMS was investigated in the absence of chemical catalysts or UV 
irradiation (Figure 3-2). The degradation efficiencies of the investigated compounds 
by PMS varied significantly depending on their structural characteristics. FLU, a 
fluoroquinolone without piperazine ring (Table 3-1), was found to be stable in the 
presence of PMS in these experimental conditions, suggesting that PMS does not react 
with quinolone ring. The cyclopropane ring of CIP is substituted by an ethyl group in 
NOR. 1-(2-fluorophenyl) piperazine has a fluorobenzene ring instead of the quinolone 
ring. However, CIP, NOR and 1-(2-fluorophenyl) piperazine all have the same 
piperazine ring structure and exhibited comparable degradation rates toward PMS. 
These results indicated that piperazine ring was the main reaction site for PMS. This 
was further supported by LC-HRMS analyses (Section 3.4.4) from which only 
piperazine ring cleavage products were identified after PMS exposure. The N4 (see 
CIP in Table 3-1 for atom numbering) in piperazine ring of ENR is substituted by an 
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ethyl group (tertiary amine), which differs from CIP (secondary amine). ENR was 
degraded by PMS much faster than CIP. The structure dependence of PMS reaction 
with fluoroquinolones will be discussed in Section 3.4.6.  
 
Figure 3-3. a) Effect of the initial concentration of PMS on ciprofloxacin 
degradation; b) kobs versus initial concentration of PMS (Ciprofloxacin=5 µM; 10 
mM borate buffer at pH 8.2) 
The degradation of CIP was promoted with increasing of initial PMS dose, following 
the pseudo-first order kinetics (R2>0.99) (Figure 3-3a). The measured rate constants, 
𝑘𝑜𝑏𝑠, were derived from the slope of ln(C/C0) versus time. As shown in Figure 3-3b, 
𝑘𝑜𝑏𝑠 exhibited a linear relationship toward initial PMS dose, suggesting that the overall 
reaction rate can be described by the second-order kinetic at the given pH of 8.2. 
According to the equation 1 and 2, the apparent second-order rate constant, 𝑘𝑎𝑝𝑝, of 
CIP with PMS was calculated to be 5.28 ± 0.08 (M-1 s-1) at pH 8.2.  
𝑑[𝐶𝐼𝑃]
𝑑𝑡
= −𝑘𝑜𝑏𝑠[𝐶𝐼𝑃]                       (1) 
𝑑[𝐶𝐼𝑃]
𝑑𝑡
= −𝑘𝑎𝑝𝑝[𝐶𝐼𝑃][𝑃𝑀𝑆]          (2) 
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3.4.2 Effect of pH  
 
Figure 3-4. Effect of pH on the distribution of acid-base species of 
fluoroquinolones and their apparent second-order constants with PMS. 
(Ciprofloxacin (a. CIP)= Enrofloxacin (b. ENR)= 5 µM; PMS=100 µM; 10 mM 
phosphate or borate buffer at pH 6.2−11; The acid-base species of CIP were 
shown in Scheme 1 as an example; Error bars represent the standard deviations 
of duplicated experiments) 
As illustrated in Figure 3-4, the degradation efficiency (𝑘𝑎𝑝𝑝) of CIP and ENR by PMS 
were highly pH-dependent. The pH-dependent reactivity of fluoroquinolones was also 
observed with free chlorine (Dodd et al., 2005), manganese oxide (H. Zhang and 
Huang, 2005), ozone (Dodd et al., 2006), and chlorine dioxide (P. Wang et al., 2010). 
The pH-dependence of fluoroquinolones degradation can be explained by the change 
in distribution of fluoroquinolones and PMS acid-base species with pH. The pKa values 
of CIP and ENR relevant to these experimental conditions were given in Table 3-1. As 
shown in Figure 3-1, pKa1 and pKa2 are related to the deprotonation of the carboxylic 
group and the protonation of N4 in the piperazine ring, respectively (Takács-Novák et 
al., 1990). PMS is dissociated into SO5
2− at alkaline pH (HSO5
− + H2O ⇄ SO52− + H3O+, 
pKa2=9.4) (Ball and Edwards, 1956). The 𝑘𝑎𝑝𝑝 values of CIP and ENR increased with 
the increasing molar fraction of the anionic species (Figure 3-4), suggesting that the 
anion forms of CIP and ENR were most susceptible to PMS oxidation. In general, N4 
in piperazine ring is deprotonated when CIP and ENR are present in anionic form, 
consequently showing stronger nucleophilic character. The highest 𝑘𝑎𝑝𝑝 values of CIP 
and ENR were found around pH 9 and pH 8.6, respectively, then sharply decreased 
with the increasing of SO5
2− mole fraction, suggesting that SO5
2− is a weaker oxidant 
compared to PMS.  SO5
2− was also reported to be less reactive than PMS with β-lactam 
antibiotics, due to its weaker electrophilic property (Chen et al., 2018).  
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3.4.3 Identification of reactive species and effect of the water matrix  
 
Figure 3-5. Effect of alcohols and NaN3 on the degradation of ciprofloxacin by 
PMS (Ciprofloxacin=5 µM; PMS= 100 µM; Alcohols= 50 mM; NaN3= 100 µM; 
10 mM borate buffer at pH 8.2) 
Generally, SO4
•− and •OH are considered as the main reactive species during PMS 
activation by UV irradiation, heat and transition metal-based catalysts. Quenching 
studies with alcohols are widely employed during AOPs to investigate the contribution 
of radicals. tert-Butyl alcohol (t-BuOH) reacts with •OH (𝑘•OH=6 × 10
8 M-1 s-1) with 
rate constant 3 orders of magnitude higher than that with SO4
•− (𝑘SO4•−=7.6 ×10
5  M-1 s-
1)  (Yang et al., 2015), while ethanol effectively scavenges both radicals (𝑘•OH=1.2−2.8 
× 109 M-1 s-1 and 𝑘SO4•−=1.6−7.8 ×10
7  M-1 s-1) (T. Zhang et al., 2013). As shown in 
Figure 3-5, the presence of excess ethanol and t-BuOH didn’t affect the degradation 
kinetic of CIP, indicating there was no SO4
•− and •OH involvement. It is well known 
that the self-decomposition of PMS generates 1O2 (HSO5
− + SO5
2− → HSO4− + SO42− 
+ 1O2) (Ball and Edwards, 1956; Evans and Upton, 1985). The rate of self-
decomposition strongly depends on the ionic strength and pH of the aqueous solution, 
reaching the maximum around pH 9−9.4 (Yang et al., 2018). It was recently reported 
to be 0.013 ± 0.0003 M-1 s-1 at pH 9.4 with 0.5 M of ionic strength (controlled by 
NaClO4) (Yang et al., 2018), which was about 700 times lower than the 𝑘𝑎𝑝𝑝 of CIP 
determined in this study (9.02 M-1 s-1 at pH 9.2). Ketones and quinones can accelerate 
the self-decomposition of PMS for 1O2 production due to the nucleophilic interaction 
of PMS with carbonyl group (C=O) (Lange and Brauer, 1996; Zhou et al., 2015).  As 
shown in Table 3-1, the fluoroquinolones investigated in this study had a carbonyl 
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group in their quinolone ring, which might be associated with the formation of 1O2 as 
an active oxidizing species. However, 100 µM of NaN3, a commonly used quencher 
for 1O2 (1 ×10
9  M-1 s-1) (Cheng et al., 2017), didn’t inhibit CIP kinetic, indicating 1O2 
was not responsible for the degradation of fluoroquinolones by PMS (Figure 3-5). 
Previous studies also demonstrated that the contribution of 1O2 (if formed) to the 
oxidation of organic compounds by PMS non-radical mechanism was minor, possibly 
because of its insufficient formation and quenching by water (Yang et al., 2018; Yun 
et al., 2018).  
 
Figure 3-6. Effect of the water matrix on the degradation of ciprofloxacin by PMS 
(Ciprofloxacin= 5 µM; PMS= 100 µM; Chloride= Bicarbonate= 5 mM; NOM= 5 
mg-C/L; 10 mM borate buffer at pH 8.2) 
The water matrix components can compete with the target contaminants to consume 
radicals during AOPs, consequently lowering the efficiency of treatment. The effect 
of the common water matrix components (i.e., NOM, chloride and bicarbonate) on the 
CIP degradation by PMS were investigated. Unlike the radical-based AOPs, the 
degradation of CIP by PMS was not impacted by the presence of 5 mM of chloride 
and bicarbonate (Figure 3-6). PMS was previously reported to oxidize chloride ion 
into chlorine, which can contribute to contaminant degradation (Fortnum et al., 1960). 
However, the acceleration of CIP degradation rate was not observed in this study upon 
the addition of 5 mM of chloride. This can be explained by the insufficient formation 
of chlorine due to the low reaction rate constant of chloride with PMS (1.4 × 10-3 M-1 
s-1) (Fortnum et al., 1960), which was about 3 orders of magnetic lower than 𝑘𝑎𝑝𝑝 of 
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CIP with PMS in this study (5.28 ± 0.08 M-1 s-1 at pH 8.2). The addition of 5 mg-C/L 
NOM slightly inhibited the removal of CIP, suggesting that PMS can be scavenged by 
NOM.  
3.4.4 Transformation products and possible reaction mechanism 
Table 3-2. Transformation products of ciprofloxacin (CIP) detected by LC-
HRMS 
Compound RTa 
Molecular 
Formula 
Molecular 
Massb 
MS2c  m/z Proposed Structures 
CIP 12.6 C17H19O3N3F 
332.1404 
(-0.169) 
314, 288 
 
 
 
P263 16.7 C13H12O3N2F 
263.0826 
(-0.369) 
245, 263 
 
 
 
P291 17.4 C14H12O4N2F 
291.0775 
(-0.177) 
273, 291 
 
 
 
P306 12.3 C15H17O3N3F 
306.1248 
(-0.183) 
306, 288 
 
 
 
P320 18.0 C15H15O4N3F 
320.1034 
(-0.252) 
302, 320 
MS3: 258, 
265, 285, 
302, 224, 
245, 217  
P334a 11.1 C16H17O4N3F 
334.1198 
(-0.750) 
316, 317, 
314, 306, 
296 
MS3: 296, 
245, 230, 
271, 288 
 
P334b 17.3 C16H17O4N3F 
334.1199 
(-0.301) 
316 
MS3: 271, 
289, 298 
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P348a 8.2 C17H19O4N3F 
348.1348 
(-1.841) 
331, 287, 
304 
MS3: 287, 
273 
 
 
 
P348b 17.3 C17H19O4N3F 
348.1354 
(-0.002) 
330, 287, 
316 
MS3:285, 
272, 310, 
282 
 
 
 
P362 13.2 C17H17O5N3F 
362.1143 
(-0.985) 
344, 362 
 
 
 
P364a 12.4 C17H19O5N3F 
364.1302 
(-0.372) 
346, 364 
MS3: 326, 
288, 271 
 
 
 
P364b 16.5 C17H19O5N3F 
364.1239 
(-0.372) 
346, 364, 
328 
MS3: 346, 
328, 275, 
257  
a Retention time (min); b Experimental mass for [M+H]+; numbers in brackets reperesent the 
error (ppm); b MS3 fragmentation was additionally applied for P320, P334a,b, P348a,b and 
P364a,b.  
Eleven transformation products of CIP after PMS oxidation were detected by LC-
HRMS (Table 3-2). Their structures were tentatively proposed based on the accurate 
mass derived from HRMS and MS2 fragmentation pattern. MS3 fragmentation was 
also applied for compounds with major peak areas. The proposed structures of 
transformation products indicated that the reaction occurred by the hydroxylation and 
dealkylation of piperazine ring, with subsequent formation of aldehyde and amide 
moieties. The core quinolone ring of CIP remained intact and no defluorination or 
decarboxylation products were detected, suggesting that PMS generated less 
transformation products from CIP compared to the Fenton oxidation (Giri and Golder, 
2014), SO4
•− (Jiang et al., 2016) and photolytic reactions (Paul et al., 2010). These 
results were consistent with the fact that FLU, which does not incorporate a piperazine 
ring, did not react with PMS (Figure 3-2). Most of transformation products (e.g., P263, 
P291, P306, P334, P348, P362, and P364) were analogues to those found during the 
oxidative transformation of CIP by manganese oxide (H. Zhang and Huang, 2005), 
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chlorine dioxide (P. Wang et al., 2010), permanganate (Hu et al., 2011) and Ferrate 
(VI) (B. Yang et al., 2016), revealing that PMS may share a similar reaction 
mechanism with these oxidants. Interestingly, and to the best of our knowledge, 
transformation product P320 was only reported from the ozonation of CIP (Liu et al., 
2012). The MS3 spectrum of P320 exhibited a dominant ion cluster m/z 258 
corresponding to the loss of an amide group (−CH2ON) from the major ion cluster m/z 
302 in its MS2 spectrum. Thus the postulated structure of P320 is an amide moiety 
formed at the secondary aliphatic amine (N4) of the piperazine ring. 
 
Figure 3-7. The evolution of the normalized peak areas of ciprofloxacin (CIP) and 
its transformation products with PMS exposure. Areamax represents the peak 
area of ciprofloxacin at t=0 (Ciprofloxacin= 50 µM; PMS= 0.05 and 1 mM; 10 
mM borate buffer at pH 8.2) 
Figure 3-7 presents the evolution of the normalized peak areas of CIP and its 
transformation products with PMS exposure. P320 exerted the largest peak area among 
all identified transformation products; its peak area was close to the sum of the peaks 
areas of all transformation products. P320 was formed rapidly with the degradation of 
CIP and reached a plateau after an exposure of 30 mM × min. P263, which refers to 
the complete loss of the piperazine ring, gradually increased with exposure time. Thus 
P320 and P263 were the final products in these experimental conditions while all other 
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compounds were intermediates showing maximum production at different oxidant 
exposure. For example, P334b and P362 reached their highest peak areas while P320 
almost reached a plateau, indicating that P334b and P362 were unlikely the 
intermediates of P320. 
 
Figure 3-8. Proposed degradation mechanism of ciprofloxacin by PMS (Ia, b are 
the proposed intermediates) 
In accordance with the postulated structures of the transformation products and the 
evolution of their peak areas on LC-HRMS chromatograms, two reaction pathways 
were proposed for the oxidative transformation of CIP by PMS (Figure 3-8). The 
reaction was initiated by the direct electron transfer from piperazine ring to PMS. In 
this process, PMS acted as an electron acceptor, rather than a radical precursor, to 
directly oxidize CIP without involving radicals. Notably, unlike PMS, PDS and H2O2 
did not react with CIP under the same experimental conditions (Figure A-2-1), 
suggesting that PMS is a more efficient electron acceptor than PDS and H2O2, possibly 
due to its asymmetric structure (Lei et al., 2016). This is consistent with previous 
findings that PMS was superior to PDS for the removal of organic contaminants during 
the mediated electron transfer through carbon nanotubes (Yun et al., 2017; Yun et al., 
2018).  
The N4 atom of piperazine ring was the critical site for the electrophilic attack of PMS. 
The N1 atom is known to be less reactive to electrophiles than N4 due to its direct 
connection to fluoroquinolone ring substituted by strong electron-withdrawing 
fluorine and –COOH (Dodd et al., 2005; Giri and Golder, 2014). Nevertheless, 
previous studies have demonstrated that piperazine ring should be considered as a 
whole reaction centre with the contribution of both nitrogen atoms to electron-transfer 
(P. Wang et al., 2010). The initial electron transfer from piperazine ring to PMS 
produces an imine intermediate (Ia, Figure 3-8) as proposed by Dodd et al. (2005) and 
P. Wang et al. (2010) for the oxidation of CIP by free chlorine and chlorine dioxide, 
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respectively. Hydrolysis of the imine intermediate rapidly induced the dealkylation of 
the piperazine ring to generate P306. The subsequent electron transfer from the amine 
group of P306 to PMS was followed by hydrolysis producing P320. The presence of 
highly electron-withdrawing carbonyl group (C=O) in P320 possibly limited the 
electron transfer from amide-N to PMS, thus P320 was stable in the presence of excess 
PMS (Figure 3-7a). The formation of hydroxylated products P348 and P364 suggested 
the presence of a similar enamine intermediate (Ib, Figure 3-8), which has been 
proposed for the reactions  of permanganate (Hu et al., 2011) and Ferrate (IV) (B. 
Yang et al., 2016) with CIP. The double bond of enamine can be oxidized to aldehyde 
moieties (P362, P334 and P291), leading to the complete degradation of piperazine 
ring.  
3.4.5 Antibacterial activity assays 
An important step when investigating the efficiency of a treatment to degrade an 
antibiotic is to evaluate the elimination of its antibacterial activity. The transformation 
products of parent antibiotics might still possess antibacterial activity, thus 
maintaining the risk of dissemination of antibiotic resistance in the environment. 
Fluoroquinolones inhibit the bacterial DNA replication by hydrogen binding and 
charge interactions with the relaxed DNA. The core quinolone structure is believed to 
be responsible for DNA-binding (Dodd et al., 2006), while the fluorine substitute plays 
an important role in inhibiting the DNA gyrase and enhancing cell permeation (Serna-
Galvis et al., 2017).  
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Figure 3-9. Antibacterial activity removal of ciprofloxacin (CIP) during PMS 
treatment. D0 represents the diameter of the inhibition zone in agar plate formed 
by 5 µM of CIP standard solution (CIP standards: 0.2, 0.5, 1, 2, 3, 4 and 5 µM; 
for PMS treatment, initial concentration of CIP=5 µM, PMS= 100 and 250 µM, 
10 mM borate buffer at pH 8.2; Error bars represent the standard deviations of 
triplicated experiments) 
 
Based on LC-HRMS results, the transformation products of CIP after PMS treatment 
still retained the core quinolone structure, raising concerns about the residual 
antibacterial activity. Thus agar diffusion assays were conducted with E.coli B as an 
indicator. As shown in Figure 3-9, the antibacterial activity of the solution gradually 
reduced with the removal of CIP during PMS treatment. However, after 40 to 50% 
removal of CIP with 100 µM of PMS, the sample resulted in a larger inhibition zone 
in agar plate than CIP standard solutions. This result indicated that the transformation 
products at earlier stage (e.g., hydroxylated product P348b, Figure 3-7b) might still 
exert antibacterial potency. The residual antibacterial activity was removed efficiently 
with the complete degradation of CIP, suggesting that the major final products P320 
and P263 showed negligible antibacterial activity compared to CIP. The structural 
modifications on piperazine ring alters the acid-base speciation and significantly 
affects fluoroquinolones cell permeation (Paul et al., 2010). Although the amide and 
aldehyde moieties produced after PMS exposure kept the core quinolone structure in 
this study, they possibly changed the physicochemical characteristics of CIP, 
consequently reduced its uptake by bacteria cell and binding to DNA. Our results were 
in agreement with previous findings that the photolytic transformation products of CIP 
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retaining the quinolone ring significantly diminished the antibacterial potency of 
parent antibiotic (Paul et al., 2010).  
3.4.6 Reactivity of PMS with other nitrogenous compounds 
 
Figure 3-10. a) Degradation of metoprolol (Met) and venlafaxine (Ven) by PMS 
(Met=Ven=5 µM, PMS= 100 µM); b) Distribution of the acid-base species of Met 
and Ven (Error bars represent the standard deviations of duplicated 
experiments). 
As shown in Figure 3-2 and 3-4, ENR was degraded much faster by PMS compared to 
CIP probably because the N4 atom of ENR is a tertiary amine substituted by an 
electron-donating ethyl group. Interestingly, chlorine dioxide was also found to be 
more reactive with ENR than CIP (P. Wang et al., 2010), while free chlorine was more 
reactive with CIP than ENR (Dodd et al., 2005). While the reactivity of free chlorine 
with tertiary amine to produce N-chlorinated moieties can be limited due to the steric 
hindrance phenomenon, PMS might be more reactive toward tertiary alkyl amine than 
secondary alkyl amine via electron transfer, a similar reactivity trend found from 
chlorine dioxide (Lee and von Gunten, 2010; P. Wang et al., 2010). To support these 
findings, the oxidative transformation of metoprolol and venlafaxine by PMS were 
investigated at pH 8 and 9. As shown in Table 3-1, metoprolol contains a secondary 
amine (pKa=9.7) whereas venlafaxine (pKa=9.4) has a tertiary amine. The degradation 
of both compounds by PMS were impacted by pH (Figure 3-10a), suggesting that the 
amine group was likely the main reaction site. The degradation rates were faster at pH 
9 than pH 8 for both compounds due to the presence of more deprotonated fractions at 
higher pH (pKa>9) (Figure 3-10b). PMS was more reactive with venlafaxine than 
metoprolol in both conditions. The fraction of deprotonated venlafaxine was 0.28 at 
pH 9, which was 1.7 times higher than metoprolol (αdeprotonated metoprolol=0.17). However, 
𝑘𝑜𝑏𝑠 of venlafaxine (0.031 min
-1) was about 4 times higher than that of metoprolol 
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(0.008 min-1). These results were consistent with the structure-dependent reactivity of 
fluoroquinolones mentioned above that PMS was more reactive with tertiary alkyl 
amine than secondary alkyl amine.  
3.5 Conclusions 
1) PMS can efficiently degrade the selected fluoroquinolones (except FLU) without 
activation. Quenching studies have confirmed that there was no involvement of SO4
•−, 
•OH and 1O2. 
2) The degradation of CIP by PMS followed the second-order reaction kinetic and was 
highly pH-dependent. The distribution of acid-base species of both fluoroquinolones 
and PMS affected the reaction rate. The deprotonated fraction of CIP and ENR were 
more reactive compared to the protonated fractions. PMS was found to be a stronger 
oxidant than SO5
2−. 
3) Eleven transformation products of CIP were tentatively identified by LC-HRMS. 
According to the characteristics of transformation products as well as the structure-
dependent reactivity of fluoroquinolones with PMS, the piperazine ring was identified 
as the main reaction site. The electron transfer from piperazine ring to PMS induced 
the dealkylation and hydroxylation of piperazine ring, eventually led to the formation 
of amide and aldehyde moieties. P320 with an amide group was the main 
transformation product based on its peak area on LC-HRMS. Compounds with tertiary 
alkyl amine group (i.e., ENR and venlafaxine) were more susceptible to PMS attack 
than the compounds containing secondary alkyl amine (i.e., CIP and metoprolol).   
4) PMS efficiently removed the antibacterial activity of CIP. However, the 
transformation products in earlier stage of the reaction might still exert antibacterial 
potency. A complete elimination of parent compound as well as its transformation 
products is required during fluoroquinolones treatment by PMS.   
5) CIP degradation by PMS was less impacted by the common water matrix 
components (e.g., bicarbonate, chloride), suggesting that the fluoroquinolones 
treatment by PMS might be applied in real water matrix. However, NOM slightly 
inhibited the removal of CIP. Therefore, future studies are needed to investigate the 
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reactivity of PMS with NOM fractions of different character with the objective to 
optimize the PMS dose for its best treatment efficiency.   
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4.1 Abstract 
This study investigated the inactivation of antibiotic resistant bacteria (ARB) during 
various chemical oxidation and UV (254 nm)-based advanced oxidation processes 
(UV-AOPs). Stenotrophomonas maltophilia (S. maltophilia) was the target ARB strain, 
which is a multi-drug resistant bacteria isolated from the secondary effluent of a 
wastewater treatment plant. Bacterial viability was determined based on membrane 
damage (flow cytometric analysis combining with nucleic acids staining with SYBR 
Green I and propidium iodide). Membrane damage has been widely acknowledged as 
an indicator of cell death. Cultivability analysis (plate counting) was additionally 
applied for UV-AOPs. The disinfection efficacy of reactive oxidant species commonly 
produced during chlorination processes, namely monochloramine (NH2Cl), bromine 
(HOBr), and monobromamine (NH2Br) were compared. The membrane integrity loss 
followed in the order of : HOBr > HOCl > NH2Br >> NH2Cl. 3-log reduction of intact 
cells was achieved when S. maltophilia was subjected to 1.8, 0.4, and 138 mg as 
Cl2×min/L of HOCl, HOBr, and NH2Br, respectively. Chloramination at 600 mg as 
Cl2×min/L led to 0.3-log of reduction. UV direct irradiation, UV/H2O2, and UV/PDS 
effectively induced cultivability loss of S. maltophilia (5.7-log at 22 mJ/cm2). UV 
direct irradiation didn’t cause significant membrane damage. The efficacy of 
UV/hydrogen peroxide (H2O2) was comparable with UV alone due to the scavenging 
of hydroxyl radical (•OH) by cell membrane. UV/peroxydisulfate (PDS) dramatically 
diminished the green fluorescence intensity on flow cytometric analysis most likely 
attributable to the nuclei acid damage induced by sulfate radical (SO4
•−). Overall 
results indicated that weak or selective oxidants (e.g., NH2Br and SO4
•−) were less 
consumed by cell membrane and able to penetrate into cells, consequently 
demonstrating high potential of degrading intracellular DNA carrying antibiotic 
resistance genes. The formation of “injured” ARB cells by weak oxidants or strong 
oxidants at low dose can be a concern during disinfection processes, considering the 
potential risk of gene transfer by “injured” cells and their capability of recover.    
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4.2 Introduction 
Disinfection (e.g., free and combined chlorine, UV) is generally applied for 
waterborne pathogens control for the production of drinking water and also used in 
many countries as a final step of wastewater treatment. In recent years, antibiotic 
resistance has become a serious public health concern globally. Antibiotic resistant 
bacteria (ARB) and antibiotic resistance genes (ARGs) are linked with the 
dissemination of antibiotic resistance (i.e., horizontal gene transfer) to human 
pathogens and the formation of multi-drug resistant bacteria, thus considered as 
emerging contaminants in water (Pruden, 2014). As a result, the disinfection of 
wastewater and contaminated natural waters should not only focus on the inactivation 
of pathogens but also aim to remove ARB and ARGs (Dodd, 2012).  
Chlorine (HOCl/ClO−) is widely applied as disinfectant during water treatment 
processes due to its low cost and strong ability to inactivate a wide range of pathogenic 
microorganisms. Due to the presence of halides and ammonia in the water matrix, 
various reactive species can be generated during chlorination. Monochloramine 
(NH2Cl) can be formed during chlorination of ammonia containing water (Jafvert and 
Valentine, 1992): 
𝐻𝑂𝐶𝑙 + 𝑁𝐻3 → 𝑁𝐻2𝐶𝑙 + 𝐻2𝑂       𝑘 = 4.2 × 10
6 𝑀−1𝑠−1            (1) 
NH2Cl is often used as secondary disinfectant in drinking water distribution system 
because of its higher stability and lower reactivity with organic matter to produce 
regulated disinfection by-products (e.g., trihalomethanes, haloacetic acids) (Karanfil 
et al., 2008). 
Bromide presents in all fresh water sources with concentration ranging from a few 
µg/L to mg/L. Natural water in coastal area is often influenced by salt water intrusion 
and contains high level of bromide (Agus et al., 2009). In Western Australia, bromide 
in source water is about 0.4−8.4 mg/L due to the impact of saline soil (Tan et al., 2016). 
During chlorination, HOCl rapidly reacts with bromide to generate bromine (HOBr) 
(Kumar and Margerum, 1987): 
𝐻𝑂𝐶𝑙 + 𝐵𝑟− → 𝐻𝑂𝐵𝑟 + 𝐶𝑙−         𝑘 = 1.55 × 103 𝑀−1𝑠−1           (2) 
HOBr is highly reactive with ammonia and generates bromamines (as 
monobromamine, NH2Br, an example) (Heeb et al., 2014):  
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𝐻𝑂𝐵𝑟 + 𝑁𝐻3 → 𝑁𝐻2𝐵𝑟 + 𝐻2𝑂       𝑘 = (4 − 7.5) × 10
7 𝑀−1𝑠−1 (3) 
Numerus studies have reported the formation of oxidative species during chlorination 
(e.g., HOBr, chloramines, and bromamines) as well as their reactivity with organic 
contaminants and potential capability to produce disinfection by-products (see Heeb 
et al. (2014) and Heeb et al. (2017) and references therein). However, few studies have 
discussed the role of these reactive species as disinfectants to inactivate ARB and 
remove ARGs. 
UV disinfection (generally at 254 nm) induces DNA deactivation by pyrimidine 
dimerization, consequently inhibits cell growth (Hijnen et al., 2006). Unlike 
conventional chemical oxidation (e.g., chlorination), UV disinfection is free from 
chemical addition and doesn’t produce disinfection by-products (Song et al., 2016). 
UV-based advanced oxidation processes (UV-AOPs) can be seen as a promising 
technology especially for wastewater reclamation purposes. UV combined with 
hydrogen peroxide (H2O2) or peroxydisulfate (PDS) (i.e., UV/H2O2 and UV/PDS, 
respectively) generates powerful radical species such as hydroxyl radical (•OH) and 
sulfate radical (SO4
•−) (Wols and Hofman-Caris, 2012; Lutze et al., 2015).  
Heterotrophic plate counts (HPC) is a cultivation-based method, which has been 
applied routinely for microbiological monitoring during water treatment. In the last 2 
decades, application of cultivation-independent methods, such as flow cytometry 
analysis, demonstrated that more complex and abundant microbial community exist in 
aquatic environment compared to that cultivable and detectable by traditional HPC 
method (Van Nevel et al., 2017). Flow cytometric analysis is generally used with 
combination of microbial cells staining with different dyes for various bacterial 
viability assessments (e.g., membrane integrity, pump activity, and metabolic activity) 
(Léonard et al., 2016). Bacteria cell with severe membrane damage is unable to 
maintain a unique intracellular environment, hence can be considered as “dead” 
(Hammes et al., 2011). Propidium iodide (PI) is the most commonly used dye for 
membrane integrity analysis. PI is large, double charged and red-fluorescent dye. It 
only enters cells with permibilised membrane and intercalates with double-stranded 
DNA (Berney et al., 2007; Hammes et al., 2011). PI is employed along with a green-
fluorescent dye such as SYBR Green I (SGI). SGI can penetrate and stain all cells with 
nucleic acids, regardless of membrane integrity. Therefore, the combination of SGI 
and PI allows to investigate ARB inactivation during disinfection by measuring the 
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membrane intact and damaged cell counts (Van Nevel et al., 2017). Moreover, non-
specific intracellular DNA damage can be indirectly obtained from total cell counts on 
flow cytometry, which was based on the intensity of green fluorescence (nucleic acids 
staining with SGI) (Phe et al., 2005).   
In this study, we investigated the inactivation of ARB during chemical oxidation 
processes (i.e., HOCl, NH2Cl, HOBr, and NH2Br) and UV-AOPs (i.e., UV, UV/H2O2, 
and UV/PDS at 254 nm). A multi-drug resistant bacteria, Stenotrophomonas 
maltophilia (S. maltophilia) was chosen as target strain. S. maltophilia was isolated 
from the secondary effluent of a wastewater treatment plant located in Western 
Australia. It is a gram-negative bacteria and proven to be resistant to several antibiotics 
(i.e., tetracycline, amoxicillin, ciprofloxacin, sulfamethoxazole, and rifampicin) as 
well as resistant to artificial solar irradiation (Glady-Croue et al., 2018). Flow 
cytometric analysis combining with SGI and PI staining was applied to study the 
membrane integrity loss of S. maltophilia after various treatments. Plate counts 
analysis was additionally applied for UV-based experiments to study the cultivability 
of S. maltophilia.  
64 
 
4.3 Materials and Methods 
4.3.1 Chemical reagents  
All chemicals were in analytical grade or higher and used as received without further 
purification. Sodium hypochlorite solution (10−15%), sodium bromide (≥99%), and 
sodium persulfate (≥98%) were purchased from Sigma-Aldrich. Sodium chloride 
(≥99%), disodium hydrogen phosphate (≥99%), and potassium dihydrogen phosphate 
(≥99%) were supplied from Ajax Finechem. Hydrogen peroxide 30% was from 
Thermo Fisher Scientific. All solutions were prepared in Milli-Q water (18 MΩ cm, 
Millipore). 
4.3.2 Preparation of S. maltophilia 
S. maltophilia AB550 strain was grown overnight in sterile lysogeny broth (LB 
medium diluted by half using filter sterilised Milli-Q) at 37 ℃ with shaking at 170 
rpm. Aliquots of 10 mL overnight culture were harvested by centrifugation (3275 g, 7 
min, Allegra X-12R centrifuge, Beckman Coulter). The supernatant was discarded and 
bacterial pellets were resuspended in sterile phosphate buffer followed by 
centrifugation again. This process was repeated 5 times with the objective to avoid the 
presence of residual LB medium. Finally, cell suspensions were diluted using filter 
sterilised phosphate buffer using a 0.5 McFarland standard as the reference. The initial 
concertation of cells was in the range of (1.5−2)×107 cells/mL for chemical oxidation 
and about 5.6×107 cells/mL for UV-AOP experiments as measured by flow cytometer. 
The initial total organic carbon concentration was about 3 mg-C/L, which was 
consistent with the biomass brought by bacterial cells (based on the assumption that 
each cell contains about 1010 carbon atoms). 
4.3.3 Preparation of oxidants 
Sodium hypochlorite commercial solution was standardized by monitoring the 
absorbance of hypochlorite anion at 292 nm (ε = 362 M-1cm-1) (Lei et al., 2004) using 
a UV spectrometer (Cary 60, Agilent Technologies). Chlorine solution (1 g/L as Cl2) 
was prepared daily by diluting sodium hypochlorite commercial solution with Milli-Q 
water. 
Preformed monochloramine solution was prepared daily by dropwise addition of 
sodium hypochlorite into rapidly stirred ammonium sulfate solution (pH= 8.5, N:Cl 
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molar ratio of 1.2:1). Initial monochloramine and dichloramine concentrations were 
spectrophotometrically measured at 245 and 295 nm (Nihemaiti et al., 2017).  
Bromine solution was prepared by reacting sodium hypochlorite with bromide (pH 11, 
Br:Cl molar ratio of 1.05:1). Reaction was allowed to proceed for 3 days. The final 
concentration of bromine was determined on UV spectrometer at 329 nm (ε = 332 M-
1cm-1) (Liu et al., 2012). Formation yield of bromine was 99%. Bromine solution was 
kept at 4 ℃ and used for maximum 3 weeks.  
Monobromamine was prepared freshly prior to each experiment by mixing equal 
volumes of HOBr and ammonium sulfate. Both HOBr and ammonium sulfate 
solutions were prepared in borate buffer (20 mM) at pH 9. Ammonium was added in 
large excess to prevent the formation of dibromamine (N:Br molar ratio of 1000:1). 
Initial concentrations of monobromamine and dibromamine were measured at 278 nm 
and 232 nm (Lei et al., 2004).  
4.3.4 Experimental procedures 
All glassware used in this study were chlorine demand free and autoclaved. Chemical 
oxidations were initiated by spiking predetermined volume of oxidant into 20 mL of 
bacterial suspension (phosphate buffer at pH 7.5). Solution was gently mixed using 
magnetic stir bar. The concentration of oxidant was continuously monitored to make 
sure that residual oxidant was present in solution during the sampling period. DPD 
colorimetric method was applied to measure HOCl and HOBr. The same method was 
used for the determination of residual NH2Cl and NH2Br with addition of KI (Allard 
et al., 2018). Oxidant exposure (CT values) were calculated based on the area below 
the oxidant decay curve and expressed in mg as Cl2×min/L.  
UV-experiments were conducted with a UV collimated beam setup as described 
previously (Nihemaiti et al., 2018). This collimated beam device contained three low-
pressure UV lamps emitting light at 254 nm (UV Technik Meyer, Germany). 
Experiments were carried out with 30 mL of bacterial suspension (phosphate buffer at 
pH 7.5) in a petri dish (dimeter: 8.4 cm, path length: 0.5 cm). Magnetic stir bar was 
used to gently mix the solution. UV intensity in solution surface was measured using 
a radiometer (UV-surface-D, sglux, Germany). Average UV intensity (0.79 mW/cm2) 
was corrected according to published method (Bolton and Linden, 2003). Refraction, 
divergence, and petri factors were > 0.9. Bacterial solution absorbance at 254 nm was 
0.575 cm-1. Thus, the water factor was calculated to be 0.731. UV fluence applied 
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varied from 3.7 to 73 mJ/ cm2. The doses of H2O2 and PDS used for UV/H2O2 and 
UV/PDS experiments, respectively, were 0.5 mM. Control experiments have 
confirmed that H2O2 and PDS had no influence on the membrane integrity of 
S.maltophilia in these experimental conditions (data not shown).   
Aliquots from chemical oxidation and UV-based experiments were taken in 
predetermined time intervals and immediately quenched with excess sodium 
thiosulfate. Samples were analysed on flow cytometry within 1 h.  Details on 
experimental conditions were summarized in Table 4-1. 
Table 4-1. Conditions for chemical oxidation and UV-AOP experiments in this 
study 
Chemical Oxidation UV-AOPs 
Oxidants 
Initial 
concentration 
(mg as Cl2/L) 
Residual 
concentration a 
(mg as Cl2/L) 
Sampling 
period 
(min) 
Treatments 
Fluence 
(mJ/cm2) 
HOCl 
1 0.2 0.17−10 UV 3.7−73 
5 0.3 10 UV/H2O2 
(0.5 mM) 
3.7−73 
NH2Cl 5 4.7 5−120 
HOBr 1 0.1 0.17−10 UV/PDS 
(0.5 mM) 
3.7−73 
NH2Br 4.6 3.1 2−120 
a residual concentration of oxidants at the last sampling point 
 
4.3.5 Fluorescence staining and flow cytometry analysis 
SYBR® Green I (SGI, Invitrogen, Thermo Fisher Scientific) was diluted by 5 times 
with filter sterilised (0.45 µM) Milli-Q. One µL of diluted SGI and 1 µL of propidium 
iodide (PI, Miltenyi Biotec) were mixed with 1 mL of sample. The mixture was 
incubated at room temperature in the dark for 12 min prior to analysis. The stained 
samples were analysed on a flow cytometer (BD FACS Canto II, BD Biosciences) 
equipped with 20 mW solid state blue laser emitting light at a fixed wavelength of 488 
nm. Each sample was acquired for 30 s at 10 µL/min. Green fluorescence (SGI) was 
collected in FL1 channel (530 nm) and red fluorescence (PI) was collected in FL3 
channel (670 nm). The data collection (threshold) trigger was set on the green 
fluorescence channel (FL1) and threshold level was 500 based on green fluorescence 
intensity. Electronic gates were constructed manually using BDFACS Diva 8.0.2 
software to separate bacteria cells from background noise. Data was analysed using 
FlowJo® software (Tree Star) and presented in density plots using green versus red 
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fluorescence intensity (area), where each dot represented the signals for each particle 
that was detected.  
4.3.6 Plate counts 
Plate counting method was applied in addition to flow cytometric analysis for UV-
based experiments to investigate the cultivability of S. maltophilia after UV irradiation 
and radical exposure. 100 µL of sample was plated on LB agar plate and incubated 
overnight at 37 ℃ .About (5.4±0.6)×107 colony forming units (CFU)/mL of S. 
maltophilia was grown in agar plate before treatment.   
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4.4 Results and Discussion 
4.4.1 Flow cytometric analysis of S.maltophilia during various oxidants exposure 
 
Figure 4-1. Flow-cytometric density plots (530 nm vs. 670 nm) of S.maltophilia 
treated with a) HOCl (0−11 mg as Cl2×min/L) and b) HOBr (0−1.4 mg as 
Cl2×min/L ) as a function of oxidant exposure (oxidant exposure value was 
indicated in lower left of each plot; samples were stained with SGI+PI; pH 7.5 
phosphate buffer) 
Figure 4-1 illustrates flow-cytometric density plots of S.maltophilia after various 
HOCl and HOBr exposure. Samples were stained with SGI and PI. Before treatment 
(density plot at oxidant exposure=0), cells exhibited intense green fluorescence and 
weak red fluorescence. This region was called “intact” as cells were with intact 
membrane and only SGI can penetrate into the cell. With increasing of oxidant 
exposure, cells started to take up PI due to the permibilization of their membrane. Thus, 
red fluorescence signal gradually increased and bacterial cluster migrated into a region 
called “damaged”. An intermediate state was observed during cell movement from 
“intact” to “damaged” region (e.g., 0.4 mg as Cl2×min/L, Figure 4-1a), which was 
called “injured”. The intensity of red fluorescence in intermediate state was lower than 
that in “damaged” region, indicating that cell membrane was partly damaged in 
“injured” cells, hence less PI entered into cell compared to “damaged” region with 
completely permeabilized membrane. Intermediate states were also observed from 
flow cytometric pattern of legionella strains subjected to heat shock (Allegra et al., 
2008), as well as E.coli cells exposed to UVA irradiation (Berney et al., 2007) and 
chlorine (Nocker et al., 2017). The green fluorescence intensity of “injured” and 
“damaged” cells were slightly higher than “intact” cells, which was probably attributed 
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to the increased uptake of SGI with membrane damage (Berney et al., 2006). Further 
increase of HOCl exposure to 11 mg as Cl2×min/L resulted in dramatic decrease in the 
size of bacterial cluster, revealing that intracellular nucleic acids were severely 
damaged by excess HOCl and cannot be stained by SGI (Phe et al., 2005).    
Migration of cells on flow cytometry density plot was much faster during bromination 
(Figure 4-1b) under the similar oxidant exposure conditions, suggesting the higher 
reactivity of HOBr with S.maltophilia membrane (see further discussions below).  
 
Figure 4-2. Flow-cytometric density plots (530 nm vs. 670 nm) of S.maltophilia 
treated with a) NH2Cl (0−600 mg as Cl2×min/L) and b) NH2Br (0−234 as mg as 
Cl2×min/L) as a function of oxidant exposure (oxidant exposure value was 
indicated in lower left of each plot; samples were stained with SGI+PI, pH 7.5 
phosphate buffer) 
Similar flow cytometric patterns were obtained from chloramination and 
bromamination processes (Figure 4-2). However much higher oxidant exposure was 
required for the shift of bacterial cluster into the “damaged” region. The majority of 
cells were located in “intact” and “injured” regions after NH2Cl and NH2Br oxidation, 
respectively, at the maximum oxidant exposure applied in this study.  
Combined staining of nucleic acids with SGI and PI followed by flow cytometric 
analysis provides information on membrane integrity, discriminating between cells 
with intact and damaged membrane. Previous studies have reported that the 
physiological indices of E.Coli exposed to chlorine were affected in the order of: viable 
plate counts > substrate responsiveness > membrane potential > respiratory activity > 
membrane integrity (Lisle et al., 1999). Culturaility was influenced earlier than 
membrane damage during chlorination (Nocker et al., 2017). Thus, membrane 
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integrity assessment was considered as a conservative tool for cell death identification 
during water disinfection (Hammes et al., 2011; Ramseier et al., 2011).  
However, concerns might rise from “injured” cells in intermediate state with partly 
compromised membrane. The fate of bacteria in intermediate state depends on strain 
types and the intensity of treatments (e.g., heat, UV, oxidants, antimicrobial agents). 
Nevertheless, it was reported that the “injured” cells might be in a status of “viable but 
non-cultivable”, where cells still keep their metabolic activity as well as other potential 
activities such as horizontal gene transfer (Wang et al., 2010; Léonard et al., 2016). 
This might be critical during water disinfection processes as the “injured” ARB cells 
are not easy to be detected by traditional plate counting method, but still be able to 
contribute to the transfer of ARG among bacterial population. There were evidences 
that the sub-inhibitory concentrations of disinfectants (e.g., HOCl and NH2Cl) 
promoted the horizontal transfer of ARGs by increasing the permeability of cell 
membrane and altering the expression of conjugation-related genes (Guo et al., 2015; 
Zhang et al., 2017). Furthermore, there is a risk of bacteria recover and regrowth as 
the “injured” cells with reversible membrane permibilization can repair the damage 
(Amor et al., 2002). Huang et al. (2011) has reported the reactivation of ARB after 
exposure to a low dose of chlorine (< 2 mg as Cl2 for 10 min) in secondary effluent.  
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4.4.2 Comparison of different oxidants 
 
Figure 4-3. Relative numbers of “Intact” and “Injured+ Damaged” cells 
subjected to a) HOCl, b) NH2Cl, c) HOBr, and d) NH2Br. Cell numbers were 
normalized to initial total cell number.  
Figure 4-3 presents the evolution of membrane intact and membrane compromised 
cells (sum of injured and damaged cells) under various oxidant exposures. The 
membrane integrity loss followed the order of: HOBr > HOCl > NH2Br >> NH2Cl (see 
discussion below for specific rate constants). Approximately 3-log reduction of intact 
cells was achieved during chlorination, bromination, and bromamination at oxidant 
exposure of 1.8, 0.4, and 138 mg as Cl2×min/L, respectively. Only half of cells lost 
their membrane integrity (0.3 log) at 600 mg as Cl2×min/L of NH2Cl exposure. These 
results were consistent with previous studies that HOBr is highly reactive with 
electron-rich moieties (e.g., activated aromatic ring, amines, olefins) with second-
order rate constants up to 3 orders of magnitude higher than HOCl (Heeb et al., 2014). 
NH2Cl exhibits significantly lower oxidation and disinfection capability compared to 
HOCl. Bromamines are more reactive than their chloramine analogues (Heeb et al., 
2017).   
Although the intact cell numbers substantially decreased during chlorination and 
bromination, the majority of the cells were still detectable by flow cytometry as 
damaged cells within 1−3 mg as Cl2×min/L of exposure. The number of injured and 
damaged cells reached a plateau during chlorination (Figure 4-3a) or were slightly 
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reduced after initial increase during bromination (Figure 4-3c). These results indicates 
that HOCl and HOBr were largely consumed by cell membrane before penetrating into 
the cell to react with nucleic acids, which was consistent with the residual HOCl and 
HOBr concentrations measured after 10 min of reaction (i.e., 0.2 and 0.1 mg as Cl2, 
respectively; initial concentration=1 mg as Cl2/L, Table 1). Alternatively, HOCl and 
HOBr can efficiently inactivate ARB cells, but intracellular components (e.g., DNA 
carrying ARG) are hardly degraded under the same oxidant exposure. It was reported 
previously that chlorine-induced ARG damage was much slower than the 
corresponding loss of cell cultivability and membrane integrity (Yoon et al., 2017) 
The fraction of injured + damaged cells was gradually decreased after initial increase 
during bromamination (i.e., 0.68 at 234 mg as Cl2×min/L, Figure 4-3d). Interestingly, 
as shown in Figure 4-2b, the majority of cells at high NH2Br exposure was still in 
intermediate state (injured). These results suggested that NH2Br can penetrate into the 
cell to react with nucleic acids before cell membrane was completely permeable for PI. 
It was reported that a weaker oxidant can more efficiently diffuse into cell to attack 
inner cell components (e.g., DNA) without causing significant damage of the cell 
surface compared to a oxidant, which is highly reactive with cell wall components 
(Cho et al., 2010; Dodd, 2012).  
4.4.3 Kinetics of membrane damage 
 
Figure 4-4. Plots of ln(N/No) versus oxidant exposure. a) HOCl and HOBr, b) 
NH2Cl, c) NH2Br (Error bars represent the standard deviations of duplicated 
experiments). 
Kinetic rates of membrane damage during oxidative inactivation of S.maltophilia by 
HOCl, HOBr, and NH2Br were described by Chick and Watson disinfection model as 
suggested previously (Ramseier et al., 2011): 
ln
[𝑁]
[𝑁𝑜]
= −𝑘 ∫[𝑐]𝑑𝑡                    (4) 
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Where [N] is the intact cell number, ∫[𝑐]𝑑𝑡 is the oxidant exposure and k is the second-
order rate constant. Two stages of membrane damage kinetics were observed from 
S.maltophilia subjected to HOCl, HOBr (Figure 4-4a), and NH2Br (Figure 4-4c): an 
initial fast damage followed by a slower phase of pseudo-first order kinetic. This was 
probably due to the decay of oxidants with exposure time. Chick and Watson model is 
based on the assumption that the residual disinfectant [𝑐]  is constant in short 
disinfection time (Crittenden et al., 2012). However, oxidants were rapidly consumed 
along with membrane damage, which resulted in slower rate constants at longer 
exposure. Two phases of membrane damage and inactivation were also found during 
chlorination of drinking water bacteria cells (Ramseier et al., 2011) and 
Mycobacterium (Luh and Mariñas, 2007), respectively. Rate constants of HOCl, HOBr, 
and NH2Br were derived from slopes of linear curves in Figure 4-4 and presented in 
Table 4-2. The reaction of HOBr in first stage was too fast. Thus, the minimum rate 
constant was estimated based on the first data point.  
Notably, the membrane damage appeared to have a shoulder (lag-phase) at the early 
stage of chloramination followed by pseudo-first order kinetic. Its kinetic was 
characterized by the delayed Chick and Watson disinfection model as mentioned by 
Rennecker et al. (1999): 
ln
[𝑁]
[𝑁𝑜]
= 0                                 ∫[𝑐]𝑑𝑡 ≤ 𝑏                  (5a) 
ln
[𝑁]
[𝑁𝑜]
= −𝑘(∫[𝑐]𝑑𝑡 − 𝑏)      ∫[𝑐]𝑑𝑡 > 𝑏                  (5b) 
Where b is the lag coefficient (mg as Cl2×min/L) and estimated to be 100 (mg as 
Cl2×min/L) in this study. Alternatively, about 100 (mg as Cl2×min/L) of chloramine 
exposure was required before membrane was permeable for PI. The rate constant of 
NH2Cl for pseudo-first order kinetic was derived from the linear curve in Figure 4-4b 
and listed in Table 4-2. A similar lag phase and subsequent pseudo-first order kinetic 
was also observed from chloramination of Nitrosomonas europaea (Wahman et al., 
2009). The potential effect of cell aggregation for the presence lag-phase in this study 
was excluded as the green fluorescence signal 
 of single events (individual cells) was identical throughout chloramination and no 
apparent cell aggregation was observed by flow cytometry. These results suggested 
that cell membrane of S.maltophilia was resistant to chloramination under 100 (mg as 
Cl2×min/L) possibly attributable to the composition and thickness of cell wall.  
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Table 4-2. Rate constants, k in L/(mg as Cl2×min), of various oxidants for the 
membrane damage of S.maltophilia in this study and other microorganisms in 
previous studies when available  
 This study Previous studies Ref. 
HOCl 
k1=6.99±2.19  
(0−0.4 mg as Cl2×min/L) 
k2=2.71±0.86  
(0.4−1.2 mg as Cl2×min/L) 
k1=1.1; k2=9.1×10
-2 
(SGI+PI, native drinking 
water bacterial cells) 
(Ramseier et 
al., 2011) 
38 (SGI+PI, E.Coli pure 
culture) 
(Yoon et al., 
2017) 
NH2Cl 
b (lag coefficient)=100 (mg 
as Cl2×min/L) 
k=(1.3±0.1)×10-3 
(150−600 mg as 
Cl2×min/L) 
(3.6−4.6)×10-5 
(SGI+PI, native drinking 
water bacterial cells) 
(Ramseier et 
al., 2011) 
4.0×10-3 
(SYTo9+PI, Nitrosomonas 
europaea pure culture) 
(Wahman et 
al., 2009) 
HOBr 
k1>35.8 
a 
(0−0.16 mg as Cl2×min/L) 
k2=5.8 ±0.23 
(0.16−0.77 mg as 
Cl2×min/L) 
n/a n/a 
NH2Br 
k1=(1.07±0.21)×10
-1 
(0−46 mg as Cl2×min/L) 
k2=(1.68±0.53) ×10
-2 
(46−207 mg as Cl2×min/L) 
n/a n/a 
a  estimated based on the first data point 
As shown in Table 4-2, rate constants of HOBr with S.maltophilia for membrane 
damage were higher than that of HOCl by a factor of 2 to 5. NH2Br was at least 50 
times less reactive than HOCl. Rate constant of NH2Cl was 2-order of magnitude lower 
than NH2Br. Previously reported rate constants of HOCl and NH2Cl for inactivation 
of bacteria cells were also included in Table 4-2. Cultivation-based methods generally 
give higher inactivation rates than flow cytometric analysis as discussed above 
(Ramseier et al., 2011). Thus, only membrane damage rate constants measured by flow 
cytometry were shown for comparison. The rate constant of HOCl with S.maltophilia 
in this study (extracted from secondary wastewater effluent and prepared in laboratory 
conditions), was higher than the value obtained for the native drinking water bacteria 
cells, but smaller than the one determined for pure culture of E.Coli. It was reported 
that environmental bacteria growing in lower nutrient conditions might be more 
tolerant to oxidants than laboratory pure cultured bacteria (Ramseier et al., 2011). Our 
results suggested that disinfection studies on ARB should more focus on indigenous 
bacterial community or isolates of environmental bacteria, which can be more 
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representative for the real water disinfection conditions, rather than model bacterial 
cells prepared within laboratory.  
4.4.4 Inactivation S.maltophilia during UV, UV/H2O2, and UV/PDS 
 
Figure 4-5. a) Flow Cytometric density plots (0−73 mJ/cm2) and b) Plate counts 
results (0−22 mJ/cm2) of S.maltophilia during UV direct irradiation. UV fluence 
was indicated in lower left of each flow cytometry density plot in (a); Numbers 
written on the top of each bar in (b) indicates the average log removal from 
duplicate analysis. Error bars represent the standard deviations of duplicated 
experiments.  
The inactivation of S.maltophilia during UV direct irradiation, UV/H2O2, and UV/PDS 
were comparatively investigated. Figure 4-5a presents the flow cytometry density plots 
of S.maltophilia after various UV exposure (0, 3.7, 22, and 73 mJ/cm2). The majority 
of the cells were located in the “intact” region before treatment and gradually shifted 
to “injured” region. Unlike chemical oxidation processes mentioned above (i.e., HOCl 
and HOBr), UV irradiation didn’t cause significant membrane damage of 
S.maltophilia (0.3-log at 73 mJ/cm2). However, (5.7±0.03)-log of cultivability loss 
was already achieved at 22 mJ/cm2 based on plate counting method (Figure 4-5b). 
McKinney and Pruden (2012) also reported that about 10−20 mJ/cm2 was required for 
4-5 log reduction of ARB (e.g., Pseudomonas aeruginosa, E. coli SMS-3-5). It is well 
known that UV disinfection inactivates cells by inducing DNA lesions (e.g., 
pyrimidine dimers), which inhibits the normal replication of genome, without 
immediate damage of membrane (Hijnen et al., 2006).  
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Figure 4-6. a) Flow Cytometric density plots of S.maltophilia during UV/H2O2 
(UV fluence was indicated in lower left of each density plot). Intensity of green 
fluorescence versus scan time during UV/H2O2 (b) and UV/PDS (c) at 3.7 mJ/cm
2. 
Flow cytometric pattern of S.maltophilia during UV/H2O2 is given in Figure 4-6a. 
Under UV/H2O2 exposure a slightly higher portion of cells (16%) was shifted to the 
“damaged” region at 73 mJ/cm2 as compared to UV direct irradiation (Figure 4-5a). 
However, the majority of cells still appeared as “injured”, which indicated that •OH 
was inefficient to damage the membrane. Interestingly, UV/PDS treatment 
dramatically changed the flow cytometric pattern of S.maltophilia. Figure 4-6 (b) and 
(c) present the green fluorescence intensity of cells within 30 seconds of flow 
cytometric scan following UV/H2O2 and UV/PDS treatments, respectively. The 
intensity of green fluorescence after UV/PDS was about 2 orders of magnitude lower 
than that after UV/H2O2 exposure. No density plot was shown for UV/PDS as the green 
fluorescence signal was too low to locate single events within electronic gates (data 
collection trigger was set in green fluorescence channel, Material and Methods section). 
These results revealed that unlike •OH, SO4
•− entered into cells and caused damage of 
intracellular DNA, which inhibited SGI binding to DNA. Distinct trends of •OH and 
SO4
•− in cell membrane damage were also reported previously (Wordofa et al., 2017).  
•OH is a highly reactive and non-selective oxidant, while SO4
•− selectively reacts with 
electron-rich moieties. In Chapter 5 of this dissertation, we reported the rate constants 
of •OH with extracellular DNA was in the range of 1010−1011 M-1 s-1, which were 2−3 
orders of magnitude higher than that of SO4
•−. However, in the case of bacteria cells, 
•OH was strongly scavenged by cell membrane components before reaching 
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intercellular DNA whereas SO4
•− was less affected and able to diffuse into cell.  
Previous studies based on qPCR analysis also demonstrated that UV/H2O2  had 
negligible contribution to the degradation of intercellular ARG compared to UV direct 
irradiation due to significant scavenging of •OH by cellular components (Yoon et al., 
2017). Results from this study suggested that UV/PDS treatment has high potential of 
degrading intercellular ARG via the generation of selective SO4
•−. Although UV/PDS 
dramatically impacted the flow cytometric pattern of S.maltophilia, the cultivability 
loss during UV/PDS was comparable with UV direct irradiation and UV/H2O2 (data 
not shown), revealing the possibility that the DNA damage induced by UV/PDS might 
be repaired during plate counting analysis of S.maltophilia. This will be confirmed in 
future studies.   
4.5 Conclusions 
1) The loss of membrane integrity of S.maltophilia during chemical disinfection 
followed the order of: HOBr > HOCl > NH2Br >> NH2Cl. The rate constants of HOBr 
for membrane damage was higher than HOCl by a factor of 3 to 6. NH2Br was at least 
50 times less reactive than HOCl. Rate constant of NH2Cl was 2-order of magnitude 
lower than NH2Br. 
2) “Chick and Watson” and “delayed Chick and Watson” disinfection models were 
applied to describe the kinetics of membrane integrity. Two phase of kinetics were 
observed from HOCl, HOBr, and NH2Br: an initial fast reaction followed by a slower 
pseudo-first order kinetic. Chloramination reaction was characterized by a lag-phase 
with subsequent pseudo-first order kinetic. 
3) About 1.8, 0.4, and 138 mg as Cl2×min/L of oxidant exposure were required to 
achieve 3-log reduction of intact cells during chlorination, bromination, and 
bromamination, respectively. Only 0.3-log reduction was found during chloramination 
at 600 mg as Cl2×min/L.  
4) HOCl and HOBr were largely consumed by cell membrane before reaching inner 
cell components. NH2Br was a weaker oxidant, but can penetrate into the cell to react 
with intracellular DNA, without causing complete membrane damage.   
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5) The formation of “injured” cells might be problematic during water disinfection 
processes, which was more pronounced in the case of weak oxidants exposure or 
strong oxidants at low dose.  
6) UV direct irradiation effectively led to cultivability loss of S.maltophilia 
((5.7±0.03)-log at 22 mJ/cm2), but didn’t cause significant membrane damage 
compared to chemical oxidation processes. 
7) UV/H2O2 was inefficient in membrane damage due to the scavenging of 
•OH by 
membrane components. SO4
•− was less impacted by cell membrane and can penetrate 
into cell. The green fluorescence intensity of S.maltophilia exposed to UV/PDS largely 
diminished due to nucleic acids damage induced by SO4
•−.   
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Gene Transforming Activity during UV/H2O2 
and UV/PDS 
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5.1 Abstract 
Antibiotic resistance gene (ARG) is considered as an emerging contaminant in water. 
While conventional disinfection processes showed limited capability of removing 
ARGs, few studies have focused on UV-based advanced oxidation processes (UV-
AOPs). In this study, we investigated the degradation kinetics of plasmid-encoded 
ampicillin resistance gene (ampR) during UV/H2O2 and UV/PDS at 254 and 300 nm. 
Radicals enhanced the decay rate of ampR compared to the UV direct irradiation. 
Hydroxyl radical (•OH) showed higher reactivity towards plasmid DNA than sulfate 
radical (SO4
•−). According to the competition kinetics with radical probe compounds, 
the second-order rate constants of •OH with ampR segments were in the range of 
1010−1011 M-1 s-1, which were 2−3 orders of magnitude higher than that of SO4•− (i.e., 
107−109 M-1 s-1). Therefore, the gene degradation during UV/PDS was mainly 
attributed to the trace amount of •OH produced by the reaction of SO4
•− with water. 
DNA electrophoresis gel images suggested that UV direct irradiation at 300 nm didn’t 
induce conformational change on plasmid DNA while radical exposure altered the 
base pair region and changed the supercoiled structure. However, gene transformation 
assays indicated that the transforming activity loss of ampR during UV/H2O2 and 
UV/PDS were mainly attributed to UV direct irradiation and the gene damage induced 
by •OH and SO4
•− can be repaired by recipient cells. Wastewater effluent organic 
matter was found to accelerate the degradation of ampR upon UV irradiation at 254 
nm, possibly due to the formation of reactive species by the excitation of chromophoric 
dissolved organic matter. Overall, UV-AOPs at 300 nm exhibited less efficiencies than 
that at 254 nm because of the lower UV absorbance of DNA and less formation of 
radicals at high wavelength.  
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5.2 Introduction 
Antibiotic resistance is one of today’s greatest public health concerns. Although 
antibiotic resistance is a natural phenomenon, anthropogenic activities (e.g., overuse 
and disposal of antibiotics) are providing constant selection and pressure on antibiotic 
resistant bacteria (ARB) (Vikesland et al., 2017). Antibiotic resistance can be 
developed and disseminated within the bacterial population by genetic mutation, cell 
division, as well as by the transfer of antibiotic resistance genes (ARGs) (Davies and 
Davies, 2010). ARG is considered as an emerging contaminant in natural and 
engineered aquatic systems, as ARG transfer can be linked with the spread of antibiotic 
resistance to human pathogens (Dodd, 2012; Pruden, 2014). Mobile genetic elements 
carrying ARGs (e.g., plasmids, integrons, and transposons) are disseminated to 
recipient cells through horizontal gene transfer, including conjugation (cell to cell 
contact), transduction (bacteriophage mediated), and transformation (uptake of naked 
DNA) (Lorenz and Wackernagel, 1994). Cell-free (naked) DNA generates during the 
secretion of live cells and lysis of dead cells. It can be persistent in the environment by 
adsorption onto soil and sediments, as well as by dissolving in water (Lorenz and 
Wackernagel, 1994).  
Although conventional disinfection (e.g., chlorine and UV) efficiently inactivates 
ARB, intracellular ARGs are difficult to degrade due to the protection of the cell 
envelope (McKinney and Pruden, 2012; Yoon et al., 2017) and can be released into 
water following the death of ARB cells (Dodd, 2012; J. Zheng et al., 2017). The sub-
inhibitory concentrations of disinfectants (e.g., chlorine and monochloramine) were 
found to promote the horizontal transfer of ARGs by increasing the permeability of 
cell membrane and altering the expression of conjugation-related genes (Guo et al., 
2015; Ye Zhang et al., 2017).  The proportion of cell-free DNA carrying ARGs was 
reported to increase after various biological and chemical treatment processes in 
wastewater treatment plant, revealing the potential risk of antibiotic resistance 
dissemination in discharged effluent and receiving environment (Liu et al., 2018; Yan 
Zhang et al., 2018).  
UV-based advanced oxidation processes (UV-AOPs) are considered as a promising 
technology for the removal of refractory contaminants during water treatment. 
Powerful radical species are generated during UV-AOPs. UV irradiation of hydrogen 
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peroxide (H2O2) and peroxydisulfate (PDS) produce hydroxyl radical (
•OH) and 
sulfate radical (SO4
•−), respectively, which can effectively degrade contaminants in 
nearly diffusion-controlled rates (Buxton et al., 1988; Neta et al., 1988). UV/H2O2 and 
UV/PDS were reported to efficiently inactivate ARB cells (Michael-Kordatou et al., 
2015; Ferro et al., 2016; Giannakis et al., 2018). However, the contribution of •OH to 
the degradation of inner cell components (e.g., intracellular ARGs) was limited due to 
the consumption of •OH by the cell membrane constituents and the water matrix 
components (Ferro et al., 2017; Yoon et al., 2017). To the best of our knowledge, there 
is no study on the degradation of ARGs by SO4
•−. Furthermore, previous studies on 
UV-AOPs applied various doses of UV and oxidants (i.e., H2O2) in different water 
matrix conditions and no information was available on radical concentrations. Thus, it 
is difficult to compare their efficiencies in terms of ARB and ARGs removal. Gene 
transformation should be evaluated in complement to the monitoring of gene 
degradation, as previous studies have demonstrated that the damaged DNA can be 
repaired by recipient cells (Chang et al., 2017; Yoon et al., 2018).   
The aim of this study was to investigate the degradation kinetics of plasmid-encoded 
ARGs (i.e., ampicillin resistant gene, ampR) by •OH and SO4
•−. Extracellular ARG was 
preferred to intracellular ARG to avoid the effect of cell membrane. Quantitative 
polymerase chain reaction (qPCR) was applied to measure the gene damage. Transfer 
genes after radical exposure to non-resistant bacteria (E.Coli DH5α) was investigated. 
Gel electrophoresis analysis was conducted to monitor the conformational 
characteristics of plasmid DNA before and after treatments. •OH and SO4
•− were 
generated by the UV irradiation of H2O2 and PDS, respectively. Two different UV 
wavelengths (i.e., 254 and 300 nm) were applied and the latter was designed to 
simulate the sunlight irradiation processes. Low pressure mercury UV lamp emitting 
light at 254 nm was used for UV254 nm (hereafter UV254)-based experiments. UV 
light-emitting diode (LED) emitting light at 300 nm was applied for UV300 nm 
(hereafter UV300)-based experiments. The steady-state concentrations of 
•OH and 
SO4
•− under various experimental conditions were measured by radical probe 
compounds and used to determine the second-order rate constants of ARG with 
radicals. Effect of wastewater effluent organic matter (EfOM) on gene degradation 
during UV-AOPs was studied in the presence of dissolved organic matter (DOC) 
isolated from treated wastewater effluent.    
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5.3 Materials and Methods 
5.3.1 Chemical reagents  
All chemicals were in analytical grade or higher and used as received without further 
purification. Ampicillin sodium salt (#A0166), agar powder (#A1296), sodium 
chloride (≥99.5%), para-chlorobenzoic acid (99%), and nitrobenzene (≥99%) were 
purchased from Sigma-Aldrich. Tryptone (#1612) and yeast extract (#1702) were 
supplied from Laboratorios CONDA. Hydrogen peroxide 30% (Thermo Fisher 
Scientific) and sodium peroxydisulfate (≥98%, Sigma-Aldrich) were used to prepare 
the stock solutions of H2O2 and PDS, respectively. All solutions were prepared in 
Milli-Q water (18 MΩ cm, Millipore). EfOM was previously extracted from a 
wastewater treatment plant in Jeddah, Saudi-Arabia, with XAD resins (X. Zheng et al., 
2014). 
5.3.2 Plasmid extraction  
Plasmid pUC19 was extracted from E.Coli DH5α. Plasmid pUC19 (2686 bp) is a 
commercially available E.Coli vector carrying an ampicillin resistance gene (ampR, 
861 bp). One hundred µL of E.Coli DH5α mid-exponential growth phase culture in 
LB broth medium containing 50 mg/L of ampicillin was transferred into 150 mL of 
LB broth medium with 50 mg/L of ampicillin and incubated overnight (200 rpm, 37 ℃). 
Plasmids were extracted from this overnight stock solution using AccuPrep Plasmid 
Mini Extraction kit (Bioneer, 2016). The extracted solutions contained 60−100 ng/µL 
of plasmid DNA measured by a NanoDrop ND-2000 Spectrophotometer (NanoDrop 
Products, Wilmington, USA).  
5.3.3 Experimental procedure  
All glassware used in this study were autoclaved prior to each experiment. 
Experimental solutions were prepared in autoclaved 2 mM phosphate buffer at pH 7. 
Predetermined volumes of plasmid stock solution were spiked into phosphate buffer. 
Solutions of EfOM were prepared by dissolving the hydrophobic and transphilic 
fractions (2:1 by mass) of EfOM in phosphate buffer.  
UV254-based experiments were carried out with a UV collimated beam device 
equipped with a low pressure mercury lamp emitting UV light primarily at 254 nm 
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(Sankyo Denki Ltd., Tokyo, Japan). The UV light was collimated onto a petri dish 
containing the experimental solution and placed on a magnetic stirrer. The average UV 
intensity (0.301 mW/cm2) was determined with atrazine chemical actinometry (Lee et 
al., 2016). Initial concentration of plasmid DNA was 0.31 ng/µL. The fluence applied 
were 0−180 mJ/cm2. The initial doses of H2O2 and PDS were 0.5 mM for UV/H2O2 
and UV/PDS, respectively.  
UV300-based experiments were performed using a PearlBeam collimated beam device 
with UV-LED emitting light at 300 nm (AquiSense Technologies, Erlanger, USA). 
UV intensity (0.6 mW/cm2) was determined by a UVX digital radiometer (Ultra-Violet 
Products Ltd., Upland, USA). UV fluence were 0−2,160 mJ/cm2. The plasmid DNA 
concentration was 2 ng/µL. The molar extinction coefficients of H2O2 and PDS are 
lower at 300 nm than that in 254 nm. Thus, much higher oxidant doses (i.e., 10 mM) 
were applied for UV300/H2O2 and UV300/PDS, respectively, in order to increase the 
formation yield of radicals.  
Samples were withdrawn in predetermined time intervals. Residual H2O2 and PDS 
were quenched with excess bovine catalase and sodium thiosulfate, respectively. 
Samples for biological analysis (500 µL) were stored at -20 ℃ and analysed within 
24h.  
5.3.4 Radical probe compounds  
para-chlorobenzoic acid (pCBA) was used as •OH probe during UV254/H2O2 and 
UV300/H2O2. Both pCBA and nitrobenzene were applied during UV254/PDS and 
UV300/PDS. Nitrobenzene was a probe for 
•OH, which was produced from SO4
•−  
reaction with water (see Results and Discussion). pCBA and nitrobenzene were 
analysed on a High Performance Liquid Chromatography (HPLC, Dionex Ultimate 
3000, Thermo Scientific) equipped with a XDB-C18 column (5 µm, 4.6 × 150 mm, 
Agilent). The mobile phase contained acetonitrile and 10 mM phosphoric acid (40:60, 
v/v). Compounds were analysed on their maximum absorbance (i.e., 240 and 270 nm 
for pCBA and nitrobenzene, respectively).  
5.3.5 qPCR Analysis  
Gene degradation was measured by qPCR using CFX96 Real-Time PCR detection 
system (Bio-Rad, Hercules, CA, USA). Four different amplicons (i.e., 192, 400, 603, 
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and 851 bp) were monitored, which covered a fraction of ampR as shown in Figure 5-
1. The longest size of ampR segment targeted on qPCR was 851 bp instead of the whole 
ampR gene (861 bp), due to the low amplification efficiency of 861 bp amplicon in 
these experimental conditions. The reaction mixture (20 µL) was consisted of 1 µL of 
each primer, 1 µL of sample, 10 µL of EvaGreen® supermix, and 7 µL of autoclaved 
DNAse free water. qPCR protocol included one cycle at 95 ℃ for 2 min, 30 cycles at 
95 ℃ for 5 s, an annealing step at 55 ℃ for 60 s, and an elongation at 72 ℃ for 20 s, 
followed by a melt curve analysis from 65 ℃ to 95 ℃. Each sample was analysed in 
triplicates. More information on qPCR analysis and DNA sequence of ampR and qPCR 
target amplicons were described elsewhere (Yoon et al., 2018).  
 
Figure 5-1.The position of ampR (861 bp) and target qPCR amplicons (i.e., 192, 
400, 603, and 851 bp) on pUC19 plasmid (2686 bp) 
5.3.6 Gel electrophoresis analysis 
Samples following UV300-based treatments were analysed by DNA gel electrophoresis. 
Linearized plasmids were incubated with type II restriction enzyme EcoRI (NEB, USA) 
at 37 ℃ for 1 h, followed by enzyme inactivation at 65 ℃ for 20 min. Plasmid samples 
from UV300-based and enzyme treatments, as well as a 1 kb DNA ladder (Enzynomics, 
Korea) were loaded on 0.8% agarose gels at 4 V cm-1 for 35 min. The bands were 
visualized by ethidium bromide staining. Gel images were captured on a UV 
transilluminator (Universal mutation detection system, UVP, LLC, USA).  
5.3.7 Gene transformation assays  
Non-resistant E.Coli DH5α (without ampR) was used as a recipient cell for gene 
transformation assays. Details on transformation assays were described by Yoon et al. 
(2018). In brief, competent cells were prepared by chemical treatment of non-resistant 
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E.Coli DH5α using calcium chloride and glycerol (Shanehbandi et al., 2013) and 
preserved at -80 ℃ until use. Fifty µL of treated plasmid sample was mixed with 100 
µL of thawed competent cells. After incubating in ice for 30 min, the mixture was 
quickly transferred onto a digital test tube heater (45 ℃) for 45 s and then placed back 
in ice for 2 min. After the heat shock, the samples were mixed with 900 µL of LB broth 
and cultured for 45 min (200 rpm, 37 ℃). Finally, the incubated samples were serially 
diluted with LB broth and plated onto LB agar plates containing 50 mg/L of ampicillin. 
After 24 h of incubation at 37 ℃, the number of ARB colonies (transformant) detected 
in selective plates (with ampicillin) were compared with the total recipient cells 
growing in nonselective agar plates (without ampicillin). The gene transforming 
activity was calculated as follows:  
Transforming activity =
𝑇𝑟𝑎𝑛𝑠𝑓𝑜𝑟𝑚𝑎𝑛𝑡𝑠𝑒𝑙𝑒𝑐𝑡𝑖𝑣𝑒 𝑝𝑙𝑎𝑡𝑒  (𝐶𝐹𝑈/𝑚𝐿)
𝑇𝑜𝑡𝑎𝑙 𝐸. 𝐶𝑜𝑙𝑖 DH5α𝑛𝑜𝑛𝑠𝑒𝑙𝑒𝑐𝑡𝑖𝑣𝑒 𝑝𝑙𝑎𝑡𝑒  (𝐶𝐹𝑈/𝑚𝐿)
 
A calibration curve prepared with known concentration of plasmid DNA indicated that 
the transforming activity linearly increased with the increasing of plasmid DNA 
concentration (i.e., 10-5−10-1 µg/mL). The limit of quantification for transforming 
activity was ~10-8.  
5.3.8 Statistical analysis  
Statistical analysis were conducted using SigmaPlot 13.0 and GraphPad Prism 7.04. 
The fluence-based rate constants for gene degradation and transforming activity loss 
under various experimental conditions were compared by multiple linear regression 
analysis. The null hypothesis was that the first-order rate constants were identical as 
p=0.05 the threshold significance level.   
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5.4 Results and Discussion 
5.4.1 Degradation of ampR during UV254-AOPs  
 
Figure 5-2. Degradation of ampR segments (192, 400, 603, and 851 bp) and 
elimination of gene transforming activity as a function of UV fluence (254 nm) 
during UV254, UV254/H2O2 and UV254/PDS (Plasmid DNA= 0.31 ng/µL, Fluence= 
0−180 mJ/cm2, H2O2= PDS= 0.5 mM, 2 mM phosphate buffer at pH 7, Error 
bars represent the standard deviations of triplicated experiments). 
Control experiments indicated that H2O2, PDS, and quenching reagents didn’t affect 
the qPCR and gene transforming activity analysis within these experimental conditions 
(data not shown). The log10 degradation of amp
R amplicons as a function of UV fluence 
followed first-order kinetics (R2 > 99%) during UV254, UV254/H2O2, and UV254/PDS 
(Figure 5-2). Their fluence-based rate constants derived from the slopes of linear 
curves, 𝑘𝑜𝑏𝑠 =2.303× slope, were shown in Table 5-1. For all treatments, the 
degradation rates of ampR segments increased with amplicon size, which was 
consistent with the increasing of reaction sites on plasmid. 192 bp ampR segment was 
degraded by 1-log at 90 mJ/cm2 during UV direct irradiation, whereas 4-log reduction 
was achieved from 851 bp segment, which was close to the overall size of ampR (861 
bp). Nevertheless, the UV fluence required to degrade the plasmid-encoded ampR 
segments in this study (> 90 mJ/cm2) were much higher than the reported values for 
ARB inactivation (< 20 mJ/cm2 for 4−5 log reduction) (McKinney and Pruden, 2012). 
Figure A-3-1 presents the UV absorbance spectra of pUC19 plasmid solution, which 
exhibited a peak with a maximum intensity at around 260 nm, corresponding to the 
maximum UV absorbance of pyrimidine and purine nucleobases (Hijnen et al., 2006). 
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The gene damage during UV irradiation is mainly caused by the formation of toxic 
and mutagenic DNA lesions, such as cyclobutane-pyrimidine dimers (CPDs) and 6−4 
photoproducts (pyrimidine adducts) (Sinha and Häder, 2002). 𝑘𝑜𝑏𝑠 of amp
R segments 
during UV254/H2O2 and UV254/PDS were about 4−5 times higher than that during 
UV254 direct irradiation, indicating the contribution of radicals to gene damage. •OH 
and SO4
•− induce DNA damage by reacting with DNA bases and sugar moieties, which 
can result in strand breaks and abasic sites (Cadet et al., 1999; Sonntag, 2006).   
Table 5-1.Fluence-based rate constants, kobs (×10
−2 cm2/mJ), of ampR segments 
and gene transforming activity loss 
Treatment 
ampR segments Transforming 
activity loss 192 bp 400 bp 603 bp 851 bp 
UV254 2.37±0.07 3.36±0.09 5.25±0.18 8.15±0.35 4.49±0.12 
UV254/H2O2 10.34±0.21 14.81±0.78 19.34±0.97 29.99±2.10 5.11±0.18 
UV254/PDS 10.50±0.48 17.09±0.46 22.87±1.57 31.85±1.57 5.16±0.09 
UV254+DOC 3.04±0.11 3.87±0.12 6.22±0.10 9.51±0.37 n/a 
UV254/H2O2 
+DOC 
3.09±0.07 4.12±0.16 7.23±0.32 10.06±0.44 n/a 
UV254/PDS 
+DOC 
3.27±0.12 3.80±0.16 6.10±0.32 10.45±0.32 n/a 
UV300 0.14±0.003 0.23±0.01 0.30±0.01 0.39±0.02 0.16±0.01 
2 mM phosphate buffer at pH 7; For UV254-based experiments: Fluence= 0−180 mJ/cm2, H2O2= 
PDS= 0.5 mM, DOC=5.4 mg-C/L; For UV300-based experiments: Fluence= 0−2,160 mJ/cm2, H2O2= 
PDS= 10 mM. 
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5.4.2 Rate constants of ampR with •OH and SO4•− 
 
Figure 5-3. Degradation of pCBA (1 µM) and nitrobenzene (NB, 1 µM) during 
UV254/H2O2 and UV254/PDS (Fluence= 0−180 mJ/cm2, H2O2= PDS= 0.5 mM, 2 
mM phosphate buffer at pH 7) 
Quantification •OH during UV254/H2O2 pCBA was applied as 
•OH probe compound 
during UV254/H2O2. There was no loss of pCBA by UV direct irradiation (Figure A-3-
2). Thus, its degradation was mainly due to •OH and can be expressed as follows:  
−
𝑑[𝑝𝐶𝐵𝐴]
𝑑𝑡
= 𝑘𝑝CBA+˙𝑂𝐻[˙𝑂𝐻]ss[𝑝𝐶𝐵𝐴]                                                              (1) 
Integration of equation (1) gives:  
−𝑙𝑛
[𝑝𝐶𝐵𝐴]
 [𝑝𝐶𝐵𝐴]0
= 𝑘𝑝CBA+˙𝑂𝐻[˙𝑂𝐻]ss𝑡 = 𝑘𝑜𝑏𝑠,𝑝𝐶𝐵𝐴,𝑈𝑉/𝐻2𝑂2𝑡                                   (2) 
Where 𝑘𝑝CBA+˙𝑂𝐻 is the second-order rate constant of pCBA with 
•OH (5×109 M-1 s-1) 
(Buxton et al., 1988) and [•OH]ss is the steady-state concentration of 
•OH. The pseudo-
first order rate constant of pCBA was obtained from the slope of the linear curve shown 
in Figure 5-3 (𝑘𝑜𝑏𝑠,𝑝𝐶𝐵𝐴,𝑈𝑉/𝐻2𝑂2 =0.0034 s
-1). Therefore, [•OH]ss was quantified as 
6.8×10-13 M, which was in good agreement with the general concentration of •OH (10-
12−10-13 M) produced from UV (254 nm) irradiation of H2O2 in collimated beam 
devices (Mamane et al., 2007). 
Quantification of SO4
•− and •OH in UV254/PDS SO4
•− is the primary radical generated 
from the UV photolysis of PDS. However, SO4
•− further reacts with H2O and OH
− in 
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aqueous solution to produce •OH (Table 5-2), which can contribute to the degradation 
of target compounds. Nitrobenzene and pCBA were applied as radical probes for 
UV254/PDS experiments. Nitrobenzene was 
•OH probe compound (𝑘•OH=3.9 × 10
9 M-
1 s-1) (Buxton et al., 1988) due to its low reactivity with SO4
•− (𝑘SO4•−<10
6  M-1 s-1) (Neta 
et al., 1977), while pCBA reacted with both radicals (i.e., 𝑘SO4•−=3.6 × 10
8 M-1 s-1 and 
𝑘•OH=5 × 10
9 M-1 s-1) (Neta et al., 1977; Buxton et al., 1988). UV direct irradiation 
had no influence on nitrobenzene and pCBA (Figure A-3-2). Thus, their degradation 
rates during UV254/PDS can be expressed as follows: 
−
𝑑[𝑁𝐵]
𝑑𝑡
= 𝑘𝑁𝐵+˙𝑂𝐻 [˙𝑂𝐻]ss[𝑁𝐵]                                                                          (3) 
−
𝑑[𝑝𝐶𝐵𝐴]
𝑑𝑡
= 𝑘𝑝CBA+˙𝑂𝐻[˙𝑂𝐻]ss[𝑝𝐶𝐵𝐴] + 𝑘𝑝CBA+SO4•−[SO4
•−]ss[𝑝𝐶𝐵𝐴]              (4) 
Integration of equation 3 and 4 yield 5 and 6, respectively: 
−𝑙𝑛
[𝑁𝐵]
 [𝑁𝐵]0
= 𝑘𝑁𝐵+˙𝑂𝐻 [˙𝑂𝐻]ss𝑡 = 𝑘𝑜𝑏𝑠,𝑁𝐵𝑡                                                           (5) 
−𝑙𝑛
[𝑝𝐶𝐵𝐴]
 [𝑝𝐶𝐵𝐴]0
= 𝑘𝑝CBA+˙𝑂𝐻[˙𝑂𝐻]ss𝑡 +  𝑘𝑝CBA+SO4•−[SO4
•−]sst = 𝑘𝑜𝑏𝑠,𝑝𝐶𝐵𝐴,𝑈𝑉/𝑃𝐷𝑆𝑡      (6) 
Where 𝑘𝑜𝑏𝑠,𝑁𝐵  (i.e., 0.0025 s
-1) and 𝑘𝑜𝑏𝑠,𝑝𝐶𝐵𝐴,𝑈𝑉/𝑃𝐷𝑆 (i.e., 0.0098 s
-1) were obtained 
from the slopes of the linear curves shown in Figure 5-3. According to equation 5 and 
6, the steady-state concentrations of [•OH]ss and [SO4
•−]ss during UV/PDS were 
quantified as 6.4×10
-13 M and 1.8×10-11 M, respectively.  
[•OH]ss during UV/PDS can be estimated theoretically by taking into account all the 
main reactions related to •OH (Table 5-2) (Wordofa et al., 2017), including the 
scavenging effect of PDS, phosphate buffer ions, pCBA, and nitrobenzene. Based on 
steady-state assumption (i.e., formation rate=consumption rate, 
𝑑[˙𝑂𝐻]
𝑑𝑡
= 0 ), 
rearrangement of equation Table_5-2 (8) gives equation Table_5-2 (9). Under the 
experimental conditions of the present work (i.e., [S2O8
2−] = 0.5 mM, pCBA and 
nitrobenzene = 1 µM, 2 mM phosphate buffer at pH 7), [˙𝑂𝐻]ss = 0.041 [SO4
∙−]𝑠𝑠. 
Thus, the concentration of •OH was approximately 2 orders of magnitude lower than 
that of SO4
•−, which was comparable with the experimental values mentioned above.  
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During UV254/PDS, if the target compound has similar or higher rate constant with 
SO4
•− than •OH, the contribution of •OH produced from SO4
•− reactions with water can 
be negligible due to its very low formation compared to SO4
•− (R. Zhang et al., 2015). 
However, in this study, ARG was more reactive with •OH (see discussion below), thus 
its contribution to gene degradation during UV254/PDS cannot be ignored. 
Table 5-2.Main reactions related to •OH during UV254/PDS 
 Reactions a Rate constants 
1) SO4
•− + H2O → SO42− + •OH + H+         k1=660 s-1 
2) SO4
•− + OH− → SO42− + •OH k2=7×107 M-1 s-1 
3) •OH + S2O8
2− → S2O8•−+ OH−                  k3=1.4 ×107 M-1 s-1 
4) •OH + HPO4
2−→ HPO4•−+ OH−               k4=1.5 ×105 M-1 s-1 
5) •OH + H2PO4
− → HPO4•−+ H2O               k5=2.0 × 104 M-1 s-1 
6) •OH + pCBA → products               k6=5 × 109 M-1 s-1 
7) •OH + NB → products               k7=3.9 × 109 M-1 s-1 
8) −
𝑑[˙𝑂𝐻]
𝑑𝑡
= 𝑘1[SO4
•−] + 𝑘2[SO4
•−][𝑂𝐻−] − 𝑘3[˙𝑂𝐻][𝑆2𝑂8
2−] −  𝑘4[˙𝑂𝐻][𝐻𝑃𝑂4
2−] − 𝑘5[˙𝑂𝐻][𝐻2𝑃𝑂4
−]
− 𝑘6[˙𝑂𝐻][𝑝𝐶𝐵𝐴] − 𝑘7[˙𝑂𝐻][𝑁𝐵] 
9) [˙𝑂𝐻]ss =
𝑘1 + 𝑘2 [𝑂𝐻
−]
𝑘3[𝑆2𝑂8
2−] + 𝑘4[𝐻𝑃𝑂4
2−] + 𝑘5[𝐻2𝑃𝑂4
−] + 𝑘6[˙𝑂𝐻][𝑝𝐶𝐵𝐴] + 𝑘7[˙𝑂𝐻][𝑁𝐵]
[SO4
∙−]𝑠𝑠 
a k1−k5 were obtained from Yang et al. (2016); k6 was from Buxton et al. (1988); k7 was from Neta et 
al. (1977) 
Radical rate constants of ampR It is known that •OH and SO4
•− react with free 
nucleobases in nearly diffusion-controlled rates (~109 M-1 s-1) (Buxton et al., 1988; 
Cadet et al., 2014). Few studies have reported the rate constants of •OH and SO4
•− with 
DNA molecule. The degradation of ampR  during UV254/H2O2 was attributed to the UV 
direct irradiation and •OH oxidation as follows: 
−
𝑑[𝐴𝑅𝐺]
𝑑𝑡
= 𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦,𝐴𝑅𝐺
′ [𝐴𝑅𝐺] + 𝑘𝐴𝑅𝐺+˙𝑂𝐻 [˙𝑂𝐻]ss[𝐴𝑅𝐺]                                          (7) 
−𝑙𝑛
[𝐴𝑅𝐺]
 [𝐴𝑅𝐺]0
= 𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦,𝐴𝑅𝐺
′ 𝑡 + 𝑘𝐴𝑅𝐺+˙𝑂𝐻 [˙𝑂𝐻]ss𝑡 = 𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝐻2𝑂2
′ 𝑡                      (8) 
Thus, 𝑘𝐴𝑅𝐺+˙𝑂𝐻 =
𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝐻2𝑂2
′ −𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦 ,𝐴𝑅𝐺
′
[˙𝑂𝐻]ss
                                                             (9) 
For UV254/PDS, UV direct irradiation, SO4
•−, and •OH contributed to the degradation 
of ampR: 
−
𝑑[𝐴𝑅𝐺]
𝑑𝑡
= 𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦,𝐴𝑅𝐺
′ [𝐴𝑅𝐺] + 𝑘𝐴𝑅𝐺+SO4•−[SO4
•−]ss[𝐴𝑅𝐺] +
𝑘𝐴𝑅𝐺+˙𝑂𝐻 [˙𝑂𝐻]ss[𝐴𝑅𝐺]       (10) 
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−𝑙𝑛
[𝐴𝑅𝐺]
 [𝐴𝑅𝐺]0
= 𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦,𝐴𝑅𝐺
′ 𝑡 + 𝑘𝐴𝑅𝐺+SO4•−[SO4
•−]ss𝑡 + 𝑘𝐴𝑅𝐺+˙𝑂𝐻[˙𝑂𝐻]ss𝑡 =
𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝑃𝐷𝑆
′ 𝑡     (12) 
Thus, 𝑘𝐴𝑅𝐺+SO4•− =
𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝑃𝐷𝑆
′ −𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦 ,𝐴𝑅𝐺
′ −𝑘𝐴𝑅𝐺+˙𝑂𝐻[˙𝑂𝐻]ss
[SO4
•−]ss
                                    (13) 
𝑘
𝑈𝑉 𝑜𝑛𝑙𝑦,𝐴𝑅𝐺
′ , 𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝐻2𝑂2
′ , and 𝑘𝑜𝑏𝑠,𝐴𝑅𝐺_𝑈𝑉/𝑃𝐷𝑆
′  were the pseudo-first order rate 
constants (s-1) of ampR during UV254 direct irritation, UV254/H2O2, and UV254/PDS, 
respectively. The second-order rate constants of each ampR segment with •OH and 
SO4
•− were calculated according to equations 9 and 13 and presented in Table 5-3.  
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Table 5-3. Second-order rate constants (M-1 s-1) of ampR segments with •OH and 
SO4
•− 
 ampR segments 
 192 bp 400 bp 603 bp 851 bp 
𝑘𝐴𝑅𝐺+˙𝑂𝐻  3.56×10
10 5.16×1010 6.01×1010 9.10×1010 
𝑘𝐴𝑅𝐺+SO4•− 2.16×10
7 4.23×108 9.14×108 5.64×108 
As shown in Table 5-3, the second-order rate constants of SO4
•− with ampR segments 
were in the range of 107−109 (M-1 s-1), which were 2−3 orders of magnitude lower than 
that of •OH (1010−1011 M-1 s-1). •OH reacts with DNA by addition to nucleobases 
producing adduct radicals and by abstracting a hydrogen from 2-deoxyribose (Sonntag, 
2006; Dizdaroglu and Jaruga, 2012). Unlike •OH, SO4
•− preferentially reacts with 
electron-rich moieties mainly through electron-transfer, less by addition and hydrogen 
abstraction (Neta et al., 1988). Moreover, SO4
•− is larger than •OH and negatively 
charged. Thus, electrostatic repulsion might reduce its reaction rate with negatively 
charged DNA molecules. SO4
•− was also reported to be less efficient than •OH for the 
inactivation of microbial strains (e.g., E.Coli, bacteriophage MS2) (Sun et al., 2016). 
Comparable amounts of •OH were generated during UV254/H2O2 and UV254/PDS in 
the present work. Although [SO4
•−]ss in UV254/PDS was 2 orders of magnitude higher 
than [•OH]ss in UV254/H2O2, the fluence-based rate constants of amp
R amplicons (Table 
5-1) during UV254/PDS were not significantly different from that in UV254/H2O2 (i.e., 
p=0.1367, 0.0334, 0.0151, and 0.9236 for 192, 400, 603, and 851 bp, respectively) due 
to the lower reactivity of SO4
•−. Gene degradation during UV254/PDS was mainly 
attributed to the trace amount of •OH present in solution (same amount as the one 
produced during UV254/H2O2), which contributed to about 70−98% of the gene 
damage in our experimental conditions.   
Notably, the rate constant of •OH with ampR segments were in the range of 1010−1011 
M-1 s-1, which were higher than the commonly reported diffusion-controlled rate 
constants (i.e., 108−109 M-1 s-1) (Buxton et al., 1988). •OH was found to react with 
E.coli cells at the rate constant of ~1012 M-1 s-1 which was explained by the large 
difference in the size of two reactants (Berg and von Hippel, 1985; Sun et al., 2016). 
𝑘𝐴𝑅𝐺+˙𝑂𝐻  increased with the number of base pair while 𝑘𝐴𝑅𝐺+SO4•− appeared to have a 
maximum value at 603 bp. The reactivity of free radicals with DNA depends on the 
conformation of DNA macromolecule, which affects the accessibility of radicals to 
reactive sites. The type and number of nucleobases within DNA segment also 
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influence the reaction rate. For example, guanine moieties have significantly higher 
reactivity with •OH (8−9×109 M-1 s-1) compared to other nucleobases (Masuda et al., 
1980; Michalik et al., 1995). Future work will focus on developing a model for •OH 
and SO4
•− rate constants with ARGs based on the experimental values listed in Table 
5-3, in order to estimate the degradation efficiency of various ARGs during radical-
based treatment processes.   
5.4.3 Effect of wastewater effluent organic matter 
 
Figure 5-4. Degradation of ampR segments (192, 400, 603, and 851 bp) in the 
presence of wastewater effluent organic matter during UV254, UV254/H2O2, and 
UV254/PD (DOC=5.4 mg-C/L, Plasmid DNA= 0.31 ng/µL, Fluence= 0−180 
mJ/cm2, H2O2= PDS= 0.5 mM, 2 mM phosphate buffer at pH 7, Error bars 
represent the standard deviations of triplicated experiments) 
The efficiencies of ampR degradation during UV254, UV254/H2O2, and UV254/PDS in 
the presence of 5.4 mg-C/L of EfOM were investigated. Control experiments have 
confirmed that EfOM by itself had no effect on ampR and qPCR analysis in these 
experimental conditions (data not shown). The UV 254 nm absorbance of EfOM 
solution was 0.103 cm-1. The path length in petri dish was 1.6 cm. Thus, the water 
factor, WF=(1-10-aL)/(aLln10) (Bolton and Linden, 2003), was calculated to be 0.835. 
Average UV intensity in petri dish was corrected as 0.255 mW/cm2 based on the 
calculated water factor (Lee et al., 2016). As shown in Figure 5-4, ampR segments were 
linearly degraded with UV fluence. The fluence-based rate constants were shown in 
Table 5-1. Interestingly, 𝑘obs of each segment during UV direct irradiation in the 
presence of EfOM was approximately 1.2 times higher than the corresponding values 
from UV irradiation without EfOM (p<0.0001). Chromophoric dissolved organic 
matter (DOM) is known to generate reactive species upon UV irradiation, such as 
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triplet-excited state of DOM (3DOM*), singlet oxygen, and •OH, which have been 
proven to contribute to the oxidation of organic pollutants (Chin et al., 2004; Batista 
et al., 2016). Bacteriophage MS2 was found to be inactivated by 3DOM* and singlet 
oxygen generated from sunlight irradiation of wastewater and river water DOM 
isolates (Rosado-Lausell et al., 2013). Reactive oxygen species generated by the 
photooxidation of oxygen during UVA irradiation was proposed to inactivate bacteria 
by damaging DNA, proteins, and cell membranes (Song et al., 2016). Our findings are 
suggesting that through its photosensitiser property, DOM is indirectly contributing to 
the photo-degradation of cell-free (naked) DNA. This degradation pathway can play 
an important role especially during solar disinfection process, due to the low UV 
absorbance characteristic of DNA at high wavelength.  
EfOM mainly acted as radical scavenger during UV254/H2O2 and UV254/PDS. 𝑘obs of 
ampR segments were approximately reduced by 3 times compared to the conditions 
without EfOM (Table 5-1). The secondary rate constants of EfOM with •OH and SO4
•− 
were reported to be 3.3 ×104 and 9.4 ×103 (mg-C/L)-1 s-1, respectively (Yang et al., 
2016). Thus, the scavenging capacities of EfOM on •OH and SO4
•− were estimated to 
be 1.78×105 and 5.08×104 s-1, respectively. Kinetics of pCBA and NB degradation 
(Figure A-3-3) also confirmed less formation of •OH and SO4
•− in the presence of 
EfOM (i.e., [•OH]ss=1.6×10
-13 M and 5.1×10-14 M for UV/H2O2 and UV/PDS, 
respectively; [SO4
•−]ss=9.5×10
-13 M).   
5.4.4 Degradation of ampR during UV300-AOPs 
 
Figure 5-5. Degradation of ampR segments (192, 400, 603, and 851 bp) and 
elimination of gene transforming activity as a function of UV fluence (300 nm) 
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during UV300, UV300/H2O2, and UV300/PDS (Plasmid DNA= 2 ng/µL, Fluence= 
0−2,160 mJ/cm2, H2O2= PDS= 10 mM, 2 mM phosphate buffer at pH 7. For 
UV300/PDS, 1 mM of t-BuOH was added, Error bars represent the standard 
deviations of triplicated experiments) 
Although UVB range (280-315 nm) of solar spectrum accounts for less than 1% of the 
total solar energy, it plays significant role in the inactivation of microorganisms. 
Similar to UV254, UV300 irradiation was reported to induce DNA damage by producing 
CPDs, 6−4 photoproducts, and their Dewar isomers (Rastogi et al., 2010). As shown 
in Figure 5-5a, the log10 removal of amp
R segments linearly increased with increasing 
UV fluence. However, the degradation rates were much slower compared to the values 
determined with UV254 (Figure 5-2a). The fluence-based rate constants of amp
R 
segments during UV300 irradiation (Table 5-1), were about 15−20 times lower than the 
corresponding rate constants obtained during UV254 irradiation. This can be explained 
by the low UV absorption of plasmid DNA at 300 nm. About 720 mJ/cm2 of UV dose 
was required for 1-log reduction of ampR segment with 851 bp, which was much higher 
than the required dose for the inactivation of E.Coli at 310 nm (i.e., 95 mJ/cm2 for per 
log inactivation) (Song et al., 2016).  
UV300/H2O2 and UV300/PDS accelerated the decay of amp
R segments (Figure 5-5 b and 
c). 4−log reduction of 851 bp were achieved within 180 and 360 mJ/cm2 during 
UV300/H2O2 and UV300/PDS, respectively, whereas more than 2,000 mJ/cm
2 was 
needed in UV300 direct irradiation. However, the contribution of radicals for gene 
degradation were not as efficient as previously observed from UV254 –AOPs (Figure 
5-2b and c). Although high dose of H2O2 (10 mM) was applied, the concentration of 
•OH (i.e., 6×10-14 M) during UV300/H2O2 was 1-order of magnitude lower than 
UV254/H2O2 (0.5 mM), due to the lower molar extinction coefficient of H2O2 at 300 
nm. It is important to indicate that •OH can be quenched by H2O2 itself (2.7×107 M-1 s-
1) (Buxton et al., 1988). The concentration of SO4
•− during UV300/PDS (i.e., 1×10-11 M) 
was slightly higher than the one determined during UV254/PDS exposure. As 
mentioned above, the gene degradation during UV254/PDS was mainly attributed to 
•OH (70−98% contribution). However, 1 mM of tert-butanol was applied during 
UV300/PDS to scavenge 
•OH. Therefore, about 20 times less •OH (i.e., 3.6×10-14 M) 
was generated compared to UV254/PDS and the contribution of 
•OH to the overall gene 
degradation was reduced to 15−23%. Thus, ampR segments were degraded slower 
during UV300/PDS than UV300/H2O2.  
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The fluence-based rate constants of ampR segments during UV300/H2O2 and 
UV300/PDS were not calculated because their log10 degradation curve appeared to have 
a lag-phase at low UV fluence (Figure 5-5b and c). Radical probe compounds within 
the same solution (i.e., pCBA and NB) exhibited linear correlations between ln(C/C0) 
and UV fluence (R2 > 0.98%) (Figure A-3-4). Hence, the concentrations of radicals 
were assumed to be at steady-state throughout the experiments. The reason for the lag-
phase in gene degradation during UV300/H2O2 and UV300/PDS remained unclear. One 
possible explanation could be the lack of sensitivity of the qPCR analysis to detect the 
DNA damage in earlier stage of radical exposure.  
5.4.5 Plasmid damage measured by gel electrophoresis 
 
Figure 5-6. DNA electrophoresis gel of pUC19 plasmids treated by UV300, 
UV300/H2O2, and UV300/PDS (Fluence= 0−3,600 mJ/cm2, H2O2= PDS= 10 mM). 
First column shows the standard DNA ladders. Last column shows linearized 
pUC19 plasmid after treating with EcoRI restriction enzyme.  
Figure 5-6 presents the electrophoresis gel of pUC19 plasmids during UV300, 
UV300/H2O2, and UV300/PDS. pUC19 plasmid before treatment (fluence=0) showed a 
band located lower than the linearized pUC19 (EcoRI, linearized), because plasmid 
DNA generally exists in a supercoiled form, which is smaller than its linear form and 
migrates faster in electrophoresis gel. UV300 direct irradiation didn’t change the 
position of the band under various UV doses, which suggested that plasmid kept its 
supercoiled form. Alternatively, no significant conformational change occurred on 
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plasmid upon UV300 irradiation and the DNA base damage (e.g., nucleobase dimers) 
was not detected by gel electrophoresis. However, bands moved upwards at 108 and 
180 mJ/cm2 during UV300/H2O2 and UV300/PDS, respectively, revealing that plasmid 
was changed into its nicked circle forms or linearized after radical exposure. With 
further increase of UV fluence, plasmid bands gradually disappeared from gel 
electrophoresis images. In this analysis, ethidium bromide staining method was 
applied for the visualization of plasmid in electrophoresis gel. Ethidium bromide forms 
a strong fluorescent complex by intercalating between DNA base pairs (Prütz, 1984). 
Our results indicated that radical oxidation led to alterations in base pair region of 
plasmid DNA, which weakened the DNA-ethidium bromide fluorescence. Overall, 
UV300 direct irradiation had no influence on the structure of plasmid DNA. In contrast, 
•OH and SO4
•− exposure modified the base pair region and changed the supercoiled 
conformation of plasmid DNA, which might be the result of strand breaks.  
5.4.6 Gene damage repair in recipient cells and the elimination of transforming 
activity during UV-AOPs 
Control experiment has confirmed that recipient cells (i.e., non-resistant E.Coli DH5α) 
cannot grow in agar plate containing 50 mg/L of ampicillin due to lack of ampR. The 
total recipient cells in nonselective agar plate (without ampicillin) was approximately 
2×108 CFU/mL. About 7×105 CFU/mL of transformants were observed in selective 
plate (with ampicillin) after incubating the recipient cells with 15 ng/mL of pUC19 
plasmid carrying ampR, indicating that recipient cells became resistant to ampicillin 
after taking up ampR. The gene transforming activity was calculated to be 3.6×10−3, 
which was comparable with previous studies (Chang et al., 2017; Yoon et al., 2018). 
As shown in Figure 5-2, the transforming activity of ampR gradually decreased with 
increasing UV fluence due to the damage on ampR. The curve for transforming activity 
loss during UV direct irradiation (Figure 5-2a) was located between 400 and 603 bp, 
revealing that not all damage occurred sites on ARG segments were critical for the loss 
of transforming activity or the gene damage induced by UV irradiation was repaired 
within host cells (Yoon et al., 2018). Interestingly, only 2-log of transforming activity 
loss was observed while all ampR segments were degraded by 4-log during UV254/H2O2 
and UV254/PDS (Figure 5-2b and c). Although the radical exposure significantly 
accelerated the gene damage rates, the transforming activity loss during UV254/H2O2 
and UV254/PDS were only about 1.1 times faster than that during UV254 direct 
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irradiation (p=0.0180 and 0.0018 for UV254/H2O2 and UV254/PDS, respectively) (Table 
5-1). These results indicated that the transforming activity loss during UV254/H2O2 and 
UV254/PDS were mainly due to the gene damage by UV254 direct irradiation and 
radicals induced damage can be repaired by recipient cells. Consequently, the gene 
degradation rate obtained from qPCR analysis have overestimated the elimination of 
transforming activity in radical processes. Comparable results were found from UV300-
based experiments (Figure 5-5). 𝑘𝑜𝑏𝑠 of transforming activity loss during UV300, 
UV300/H2O2, and UV300/PDS were ~1.61×10−3 cm2/mJ and no significant difference 
was observed between different treatments (p=0.7763). These results further supported 
above findings that UV induced DNA damage was mainly responsible for the loss of 
ampR transforming activity and DNA damages induced by •OH and SO4•− were 
repaired within recipient cells. 
Bacteria cells have developed the ability to repair DNA lesions induced by UV 
irradiation and oxidant stress (e.g., radicals) by a number of enzyme activities. DNA 
dimers produced after UV exposure can be repaired through nucleotide excision repair 
mechanism with the help of polymerases (Sinha and Häder, 2002). Apart from the 
supercoiled conformation change and base pair region modification discussed above, 
the exact oxidation products of pUC19 plasmid DNA after •OH and SO4
•− exposure 
were not clear in this study. However, it was reported that the damaged nucleobases 
(e.g., hydroxylated and ring opening products) and strand breaks can be removed by 
DNA exo- and endonucleases and by DNA glycosylases (i.e., excision-repair) (Teebor 
et al., 1988).  Previous studies have hypothesised that although the degradation of 
DNA by direct irradiation is less efficient during solar disinfection processes 
(especially in UVA range) compared to UVC irradiation, the indirect damage caused 
by reactive oxygen species might be irreparable, thus might be more important than 
the repairable damage induced by UV irradiation (Song et al., 2016). Our study 
indicated that the radicals induced gene damage is also susceptible to DNA repair 
mechanism. The repair capability of DNA damage depends on the type of recipient 
cells and the characteristics of genes (Chang et al., 2017; Yoon et al., 2018). Therefore, 
more studies are needed on other types of recipient cells and genes to compare the 
gene degradation rate with gene transforming activity loss. The transformation of gene 
was only reduced by1-log within the typical UV disinfection dose for water treatment 
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(40 mJ/cm2) in our experimental conditions regardless of treatment types, raising 
concerns about the dissemination of antibiotic resistance in treated water.   
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5.5 Conclusions 
1) ampR was degraded following first-order kinetics as a function of UV fluence during 
UV254 and UV300-based treatments. The degradation rates increased with size of 
segments.  
2) The UV fluence required for the removal of ampR during UV254 and UV300 were 
much higher than the reported UV doses for the inactivation of bacteria at similar 
wavelengths, suggesting that the degradation of extracellular ARGs by UV can be 
challenging.   
3) •OH and SO4
•− exposure enhanced the degradation rates of ampR compared to UV 
direct irradiation. The second-order rate constants of •OH and SO4
•− with ampR 
segments were in the range of 1010−1011 and 107−109 M-1 s-1, respectively. The gene 
degradation during UV254/PDS was mainly attributed to the trace amount of 
•OH 
produced by the reaction of SO4
•− with water, due to the higher reactivity of •OH with 
plasmid DNA than SO4
•−. 
4) Gel electrophoresis analysis indicated that UV direct irradiation didn’t cause 
significant conformation change on plasmid DNA, while radical exposure modified 
the base pair region and changed the supercoiled structure of plasmid DNA.   
5) Although radical oxidation accelerated the degradation of ampR measured by qPCR, 
transforming activity loss were comparable within various treatment processes, 
indicating that the gene damage caused by radical exposure was repaired by recipient 
cells and UV induced damage was mainly responsible for the loss of transforming 
activity. Therefore, gene degradation rate measured by qPCR might overestimate the 
elimination of gene transforming activity.  
6) DNA repair capability of bacteria depends on the type of recipient cells and 
characteristic of ARGs. Future studies should focus on the identification of DNA 
damage induced by •OH and SO4
•−, and the efficiency of DNA damage repair by 
different recipient cells.  
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6.1 Abstract 
The potential formation of nitrogenous disinfection by-products (N-DBPs) was 
investigated from the chloramination of nitrogenous and non-nitrogenous aromatic 
compounds. All molecules led to the formation of known N-DBPs (e.g., 
dichloroacetonitrile, dichloroacetamide) with various production yields. Resorcinol, a 
major precursor of chloroform, also formed di-/tri-chloroacetonitrile, di-/tri-
chloroacetamide, and haloacetic acids, indicating that it is a precursor of both N-DBPs 
and carbonaceous DBPs (C-DBPs) upon chloramination. More detailed experiments 
were conducted on resorcinol to understand N-DBPs formation mechanisms and to 
identify reaction intermediates. Based on the accurate mass from high resolution 
Quadrupole Time-of-Flight GC-MS (GC-QTOF) and fragmentation patterns from 
electronic impact and positive chemical ionization modes, several products were 
tentatively identified as nitrogenous heterocyclic compounds (e.g., 3-chloro-5-
hydroxy-1H-pyrrole-2-one with dichloromethyl group, 3-chloro-2,5-pyrroledione). 
These products were structurally similar to the heterocyclic compounds formed during 
chlorination, such as the highly mutagenic MX (3-chloro-4-(dichloromethyl)-5-
hydroxy-2(5H)-furanone) or halogenated pyrroles. To our knowledge, this is the first 
time that the formation of halogenated nitrogenous heterocyclic compounds is reported 
from chloramination process. The formation of these nitrogenous by-products during 
chloramination might be of concern considering their potential toxicity.  
113 
 
6.2 Introduction 
As an alternative to chlorine, monochloramine (NH2Cl) is often used as a secondary 
disinfectant to obtain a more stable residual in distribution systems (Seidel et al., 2005). 
Chloramines generally form less trihalomethanes (THMs), haloacetic acids (HAAs), 
and total organic halogen (TOX) than free chlorine. However, the percentage of 
unknown TOX produced from chloramines is higher than that from free chlorine (Hua 
and Reckhow, 2007). 
During chloramination, NH2Cl can be an additional source of nitrogen and produce 
halogenated nitrogenous disinfection by-products (N-DBPs). N-DBPs, including 
haloacetonitriles (HANs) and haloacetamides (HAcAms), generally form in lower 
amounts than regulated DBPs (i.e., THMs and HAAs). It has been proposed that the 
mass of HANs represents around 10% of the THMs (Oliver, 1983; Krasner et al., 1989), 
whereas HAcAms formation was reported to be approximately 10 times lower than 
HAAs (Krasner et al., 2006). Regardless of their relatively low occurrence, HANs and 
HAcAms have been a growing health risk concern over the past decades because of 
their high toxicity (Plewa et al., 2004; Muellner et al., 2007).  
Nitrogen-containing organic compounds (e.g., amino acids, pyrroles, and pyrimidines) 
are ubiquitous in surface water (Westerhoff and Mash, 2002) and have been associated 
with the formation of N-DBPs (Bond et al., 2011). Wastewater effluents and algal 
organic matter, which are enriched in organic nitrogen, enhance N-DBPs formation 
during drinking water treatment process (Dotson et al., 2009). It was recently reported 
that antibiotic chloramphenicols may contribute to the formation of HAcAms in 
heavily wastewater-impacted waters (W. Chu, Krasner, et al., 2016).  
Most of the previous studies exploring the sources of nitrogen in N-DBPs focused on 
chloramination of nitrogenous model compounds (e.g., amino acids) or matrices 
enriched in nitrogenous moieties (e.g., algal organic matter) by the application of 
isotopically labeled monochloramine (i.e., 15NH2Cl). Inorganic nitrogen incorporation 
into dichloroacetonitrile (DCAN) and dichloroacetamide (DCAcAm) has been 
reported during chloramination of wastewater effluents, algal extracellular organic 
matter, humic substances, and free amino acids (i.e., aspartic acid and asparagine) 
(Huang et al., 2012). 15N-DCAN percentages in total DCAN were found to be 78% 
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and 92% by chloramination of tryptophan and Suwannee River NOM, respectively (X. 
Yang et al., 2010). More than 70% of DCAN originated from monochloramine during 
chloramination of NOM isolates (Huang et al., 2012), indicating that high amounts of 
inorganic nitrogen (i.e., monochloramine) can be incorporated into organic structure.  
Only few studies are available on N-DBPs formation from non-nitrogenous precursors. 
Formaldehyde reacts with NH2Cl to form cyanogen chloride (Pedersen et al., 1999). 
Chloroacetonitrile and N,2-dichloroacetamide formation was found from 
chloramination of chloroacetaldehyde (Kimura et al., 2013). Recent studies on 
chloramination of lignin phenols and low-molecular weight organic acids have 
reported the formation of DCAN, DCAcAm and trichloroacetamide (TCAcAm) 
through chloramine-nitrogen incorporation (Hua et al., 2014; Chuang et al., 2015; W. 
Chu, Li, et al., 2016).  
Previous studies indicated that non-nitrogenous precursors can produce N-DBPs via 
inorganic nitrogen incorporation. However limited information is available on the 
nature of these N-DBPs precursors as well as the chloramine-nitrogen incorporation 
mechanism. Recent results showed that organic matter isolates enriched in aromatic 
moieties (i.e., high SUVA value) produced more N-DBPs by chloramine-nitrogen 
incorporation as compared to low-aromatic-content organic matter (Le Roux et al., 
2016). In addition, chloramination of aromatic model compounds (i.e., phenol and 
resorcinol) formed more DCAN and DCAcAm than amino acids (e.g., tyrosine, 
aspartic acid), which were previously considered as important precursors of N-DBPs.  
Meta-dihydroxybenzene structures were proposed as main reactive sites of NOM for 
the formation of THMs upon chlorination (Rook, 1977; Norwood et al., 1980). 1,3-
hydroxybenzene (resorcinol) has been extensively studied as a model compound and 
is a major precursor of chloroform (TCM) during chlorination (Norwood et al., 1980; 
Rook, 1980; Boyce and Hornig, 1983). The reaction of resorcinol with 
monochloramine follows a similar mechanism to chlorination, involving aromatic 
ring-substitution, oxidation, hydrolysis, and decarboxylation reactions (Heasley et al., 
1999). However, the reactions involving the formation of N-DBPs from resorcinol by 
incorporation of nitrogen from monochloramine have not been investigated yet.  
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The objective of this study was to investigate the formation of HANs and HAcAms 
from chloramination of resorcinol in comparison with TCM and HAAs formation and 
to elucidate their formation mechanisms through the identification of intermediate 
products. Effects of monochloramine dose, reaction time, and pH on by-products 
formation were examined. GC-MS/MS and high resolution GC-QTOF full scan 
analysis were conducted for the identification of unknown products.  
6.3 Materials and Methods 
6.3.1 Chemical reagents 
All chemicals were of analytical grade or higher and were used as received without 
further purification. Milli-Q water (18.2 MΩ.cm, Millipore) was used for all 
experiments. Resorcinol (≥ 99.0%) and other model compounds were purchased from 
Sigma-Aldrich (Table A-4-1). Sodium hypochlorite (5.65-6%, Fisher Scientific) and 
ammonium chloride (99.6%, Acros Organics) were used for monochloramine 
preparation. 15N-labeled ammonium chloride was obtained from Sigma-Aldrich (98%). 
Sodium thiosulfate (Fisher Scientific) was applied to quench residual oxidant. A 
trihalomethanes (THM) calibration mix, a mixed standard (EPA 551B Halogenated 
Volatiles Mix) containing haloacetonitriles (HANs), and a mixed standard (EPA 552.2 
Methyl Ester Calibration Mix) containing 9 haloacetic acids (HAAs) were supplied 
from Supelco (Sigma-Aldrich). Chloro-, dichloro- and trichloroacetamide were 
obtained from Sigma-Aldrich. Decafluorobiphenyl (99%, Sigma-Aldrich, Supelco) 
was used as a surrogate standard. 2-bromopropionic acid (Fluka Analytical) was used 
as a surrogate for HAAs extraction and analysis. Fisher Scientific Methyl tert-butyl 
ether (MTBE) and ethyl acetate (> 99%) were used for DBP extractions.  
6.3.2 Experimental procedures 
Experiments were conducted at room temperature (22 ± 1 oC) in headspace-free amber 
glass bottles (individual bottle per contact time).  Preformed monochloramine and 15N-
labeled monochloramine stock solutions were daily prepared by dissolving ammonium 
chloride or 15N-labeled ammonium chloride, respectively, in Milli-Q water adjusted to 
pH 8.5 with sodium hydroxide. Sodium hypochlorite was then slowly added to the 
rapidly stirred solution (N:Cl molar ratio of 1.2:1). Initial NH2Cl and NHCl2 
concentrations were spectrophotometrically measured at 245 and 295 nm (Schreiber 
and Mitch, 2005).  Predetermined volumes of monochloramine and each model 
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compound stock solution were injected into 65 mL of 10 mM acetate (pH = 4.0-5.5), 
phosphate (pH = 7.0-8.0) or carbonate (pH = 10) buffer to get the desired initial 
concentrations (monochloramine:model compound molar ratio of 5.6 or 11.2). The 
concentration of residual oxidant was iodometrically determined (APHA., 1995). 
Residual monochloramine was quenched with a slight excess of sodium thiosulfate. 
Samples were extracted immediately after quenching to avoid any loss of by-products.  
6.3.3 GC-MS and GC-QTOF-MS/MS analysis 
TCM and two HANs (dichloroacetonitrile, trichloroacetonitrile) were analysed after 
liquid-liquid extraction following EPA Method 551. Three HAcAms (chloroacetamide, 
dichloroacetamide, trichloroacetamide) were analysed following the same protocol 
that was applied for HANs; however, the extraction solvent MTBE was replaced by 
ethyl acetate since it was shown to improve the recovery of HAcAms (W. H. Chu and 
Gao, 2009). HAAs were extracted and analysed following the EPA Method 552.2, 
which is based on a liquid-liquid extraction with MTBE in acidic condition followed 
by derivatization to methyl esters using acidic methanol. All DBPs were quantified 
using a gas chromatograph (Agilent 7890A) coupled with a mass spectrometer 
(Agilent 5975C, GC-MSD). Since 15N-labeled DBPs are not commercially available, 
their concentrations were determined using 14N-DBPs standards, based on the 
assumption that 15N-DBPs and 14N-DBPs have a similar MS response (Huang et al., 
2012). DBPs were separated on a DB-1701 (30m × 250 µm × 0.25 µm) capillary 
column.  
In order to identify unknown by-products, full scan analysis in electronic impact (EI) 
and positive chemical ionization (PCI, using methane as reagent gas) modes were 
performed on MTBE extracts at various reaction times. Two different GC-MS systems 
were used for full scan analysis: an Agilent 5975C GC-MSD, and an Agilent 7200 
Accurate-Mass Quadrupole Time-of-Flight (GC-QTOF). MS/MS analysis at three 
different collision energies (i.e., 20 eV, 40 eV and 60 eV) were performed on GC-
QTOF for all main peaks detected. Agilent MassHunter Qualitative analysis B.07.00 
was used for deconvolution of data from GC-QTOF. The mass spectral similarity 
search was performed by using NIST MS Search 2.0 (NIST/EPA/NIH Mass Spectral 
Library, NIST 08, National Institute of Standards and Technology, 2008, Gaithersburg, 
MD, USA). The column used for GC-MSD was a DB-1701 (30 m × 250 µm × 0.25 
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µm) or a ZB-5MS (30 m × 250 µm × 1 µm). GC separation on GC-QTOF was 
performed with a DB-5MS UI column (30 m × 0.25 mm × 0.25 µm). 
Details on quantification of DBPs and full scan analysis of unknown by-products are 
provided in Text A-4-1. 
6.4 Results and Discussion 
6.4.1 N-DBPs formation from model aromatic compounds  
Preliminary experiments were conducted at pH 7 (10 mM phosphate buffer) for 72 h 
to investigate the formation potential of DCAN and DCAcAm from several aromatic 
compounds (250 µM) during chloramination (1.4 mM). 15NH2Cl was applied to 
nitrogenous model compounds and 14NH2Cl to others. N-DBPs formation was 
observed from both nitrogenous and non-nitrogenous compounds (Table 6-1). In the 
case of nitrogenous compounds (aniline and amino acids), more than 50% of DCAN 
and DCAcAm incorporated 15N originating from 15NH2Cl. Model compounds (i.e., 
resorcinol, phenol, aniline, and 3-hydroxybenzoic acid), including an aromatic ring 
activated by electron donating groups (i.e., –OH and –NH2) in their structure, were the 
most important precursors of DCAN and DCAcAm. Despite their similar structures, 
tyrosine formed more DCAN and DCAcAm (i.e., 0.50% and 0.10% molar yield, 
respectively) than phenylalanine (i.e., 0.12% and 0.05%, respectively). The activation 
of the aromatic ring by the hydroxyl group in the case of tyrosine favours chlorine 
electrophilic substitution leading to N-DBPs formation via ring-cleavage reaction 
(Hureiki et al., 1994). Phenol produced the highest proportion of DCAN (4.44%) and 
resorcinol produced the highest proportion of DCAcAm (0.83%). Resorcinol is more 
reactive than phenol because of its additional hydroxyl group in meta position, 
resulting in chlorine substitutions in ortho and para positions of hydroxyl groups. 
Interestingly, TCM was the highest DBP produced from resorcinol, while DCAN was 
the dominant species from phenol (molar yield of TCM: 4.8% for resorcinol; 0.4% for 
phenol), suggesting different DBPs formation pathways from these two precursors. In 
this study, resorcinol was selected to explore N-DBPs formation mechanisms, since it 
produced DCAN and DCAcAm in relatively high concentrations. 
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Table 6-1.N-DBP yields from model aromatic compounds during chloraminationa 
 Molar yield (%) (SD)b 15N-DBP proportion (%) 
 DCAN DCAcAm 
15N-
DCAN  
15N-
DCAcAm 
 Non-nitrogenous compounds 
Resorcinol 1.14(0.08)c 0.83(0.04)c NA NA 
Phenol 4.44(0.29)c 0.22(0.01)c NA NA 
3-Hydroxybenzoic 
acid 
1.00(0.07) 0.22(0.01) NA NA 
Benzoic acid 0.17(0.01) 0.09(0.01) NA NA 
3-Phenylpropionic 
acid 
0.10(0.01) 0.04(0.01) NA NA 
 Nitrogenous compounds 
Aniline 1.73(0.11) 0.12(0.01) 85 74 
Tyrosine 0.50(0.03)c 0.10(0.01)c 83 70 
Phenylalanine 0.12(0.01) 0.05(0.01) 83 56 
aChloramination conditions: [model compound] = 250 µM; [NH2Cl] = 1.4 mM; pH 
= 7.0 in 10 mM phosphate buffer; contact time 72 h. NA: not applicable. bSD = 
Standard Deviation on 3 replicates. cPreviously published data (Le Roux et al., 
2016). 
 
6.4.2 Effect of monochloramine dose  
Experiments were performed with resorcinol (500 µM) for 72 h using different NH2Cl: 
resorcinol ratios (i.e., 1:1, 5:1 and 11.2:1) at pH 7 (10 mM phosphate buffer). TCM 
was the dominant DBP identified for all ratios (i.e., 0.3%, 11% and 20% yield), 
followed by DCAA (i.e., 0.1%, 3% and 7%) (Figure A-4-1). As hypothesized, the 
concentration of DBPs increased with increasing monochloramine dose, since the 
application of higher oxidant doses facilitates the production of smaller and more 
halogenated by-products (Boyce and Hornig, 1983). The increase in DCAN and 
DCAcAm concentrations were proportionally higher than those in TCM and DCAA. 
The highest dose (i.e., 11.2:1 ratio) was selected in the following experiments since it 
maximized DBP formation.  
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Previous studies on chloramination of resorcinol and its chlorinated derivatives have 
been conducted in ether solution (~0.3 M) with NH2Cl:model compound ratio of 3:1 
(Heasley et al., 1999). In these conditions, chloroketones were the major by-products 
identified (compound II and III in Scheme 1), and the formation of nitrogenous 
compounds was not reported, which could be due to the lower chloramine dose 
employed as compared to this study. 
6.4.3 Effect of reaction time 
Kinetic experiments were performed with 500 µM resorcinol at pH 7 (10 mM 
phosphate buffer). Initial NH2Cl was 5.6 mM (NH2Cl: resorcinol ratio of 11.2:1) and 
the total oxidant concentration remained in excess during all the reaction time (Figure 
A-4-2). Figure 6-1 illustrates the kinetic profiles of DBPs formation. TCM was the 
major DBP found (20% yield after 72 h), followed by DCAA (7.2%). MCAA and 
DCAA were rapidly formed during the first 9 h, suggesting that they might form 
directly from ring-cleavage. DCAN followed the same profile as TCM and reached 
6.1% yield after 72 h. DCAcAm and TCAcAm formation was slow within the first 4 
h and then gradually increased, reaching 3.3% and 1.4% yield after 72 h, respectively. 
Unlike DCAA and MCAA, TCAA slowly increased with time and its profile was very 
similar to that of TCAcAm. Low amounts of trichloroacetaldehyde (TCAcAl) (0.14% 
at 72 h), dichloroacetaldehyde (DCAcAl) (0.08%) and TCAN (0.02%) were detected.  
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Figure 6-1.Kinetics of DBPs formation from chloramination of resorcinol. 
Resorcinol= 500 µM; NH2Cl = 5.6 mM; pH=7.0 (10 mM phosphate buffer) 
6.4.4 Effect of pH  
Formation potential of DBPs from resorcinol upon 72 h of chloramination was 
evaluated at different pH values (Figure 6-2). Dichlorinated DBPs (i.e., DCAA, DCAN 
and DCAcAm) exhibited a maximum formation at pH 8, while the highest formation 
of trichlorinated DBPs (i.e., TCAA and TCAcAm) was found at pH 7. Taking into 
account the analytical error recorded at pH 5.5 (standard deviation: 3.5% of molar 
yield), the TCM yields obtained at pH 5.5 and pH 7 should be considered as relatively 
similar. Generally, the concentration of TCM increases with increasing pH during 
chlorination of natural water due to base-catalyzed reaction (Hua and Reckhow, 2008). 
In contrast to this, the TCM yields from chloramination of resorcinol gradually 
decreased as pH increased from pH 7. Our result is consistent with previous 
observations, where the formation of TCM from chloramination of resorcinol also 
decreased with increasing pH (pH 6.5-12) under similar experimental conditions 
(Cimetiere et al., 2010). It was proposed that the free chlorine released from NH2Cl 
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hydrolysis plays a significant role on TCM formation during chloramination of 
resorcinol (Cimetiere et al., 2010). In the organic-free solution of monochloramine, 
the concentration of free chlorine is the lowest around pH 8.4 and increases with 
increasing of pH (Cimetiere et al., 2010). However, the free chlorine species shift from 
HOCl to OCl– as pH increases. TCM was also demonstrated to form in significantly 
lower amounts during chlorination of resorcinol in alkaline conditions (pH > 10) 
(Boyce and Hornig, 1983), most likely due to the less reactivity of OCl– with 
intermediate precursors of chloroform. Therefore, the pH-dependency of TCM yield 
might be related to the free chlorine from the hydrolysis of monochloramine, as well 
as the distribution of free chlorine species with pH. Most DBPs exhibited a 
substantially lower formation at pH 10, suggesting that an alternative degradation 
pathway of resorcinol may exist. Reduction of N-DBPs from pH 8 to pH 10 was 
possibly related to their base catalysed hydrolysis as well (Reckhow et al., 2001; Yu 
and Reckhow, 2015). No resorcinol or chlorinated analogues were detected in samples 
at pH 7, 8 and 10, indicating that they completely decomposed to intermediates or final 
by-products after 72 h, but large peaks of mono-, di- and tri-chlororesorcinol were still 
detected from GC-MS full scan after 72 h at pH 4 (Figure A-4-3). This might explain 
the low non-aromatic DBP formation at pH 4, as the reaction did not lead to significant 
ring-opening of resorcinol.  
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Figure 6-2. Effect of pH on DBPs formation from chloramination of resorcinol. 
Resorcinol= 500 µM; NH2Cl = 5.6 mM; 72 h; Error bars represent standard 
deviation (n=2) 
6.4.5 Identification of nitrogenous heterocyclic compounds  
Resorcinol (500 µM) was chloraminated (5.6 mM NH2Cl) at pH 7 to investigate its 
decomposition mechanism and to identify the intermediate products that could lead to 
the formation of N-DBPs (e.g., DCAcAm). Several peaks were observed in the PCI 
chromatogram recorded on the GC-QTOF such as DCAN (retention time (RT) =3.7 
min), DCAcAm (RT = 7.5 min), TCAcAm (RT = 8.6 min), and other unknown 
compounds (P131 at RT = 8.5 min, P197 at RT= 10.6 min, P215 at RT = 11.0 min and 
P249 at RT = 11.5 min) (Figure A-4-4). P215 and P249 were two major compounds 
exhibiting larger peak areas than known DBPs (i.e., DCAN, DCAcAm and TCAcAm). 
Molecular formulas and structures of these compounds were proposed based on their 
accurate mass obtained from GC-QTOF and fragmentation patterns observed in EI and 
PCI modes (Table 6-2).  
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Table 6-2. Chloramination by-products of resorcinol detected by GC-QTOF  
Compound 
Exact 
Mass 
Accurate 
Mass 
Error 
(ppm) 
Molecular 
Formula 
Proposed Structures 
P215 
215.9380 
[M+H]+ 
215.9379 
[M+H]+ 
0.64 C5H4NO2Cl3   
 
P249 
249.8990 
[M+H]+ 
249.8988 
[M+H]+ 
1.06 C5H3NO2Cl4 
 
P131 
131.9845 
[M+H]+ 
131.9847 
[M+H]+ 
-0.13 C4H2NO2Cl 
 
 
P197a 
197.9270 
[M+H]+ 
197.9262 
[M+H]+ 
6.43 C5H2NOCl3 
 
P179b 178.9540 N.D N.D C5H3NO2Cl2 
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P198c 197.9042 197.9252 
-
106.05 
C5HO2Cl3 
 
aConfirmed by NIST database (94% similarity). 
bDetected by GC-MSD; also reported in a previous study (Haddon et al., 1996); N.D: 
not detected by GC-QTOF.  
cConfirmed by NIST database (95% similarity); also reported in previous studies 
(Norwood et al., 1980; Boyce and Hornig, 1983). 
 
The EI mass spectrum of P215 exhibited two dominant ion clusters (m/z 132/134 and 
114/116) comprising one chlorine atom, with a difference of 18 Da corresponding to 
the loss of one water molecule (i.e., dehydroxylation) (Figure A-4-5a). The 
corresponding PCI mass spectrum contained a major ion cluster m/z 216/218/220/222 
(i.e., [M+H]+) with relative abundance, suggesting that this compound had three 
chlorine atoms (Figure A-4-5b). The odd-numbered nominal mass (i.e., 215 Da) 
indicated an odd-number of nitrogen atoms. Loss of 83 along with two chlorine was 
observed from m/z 215 to m/z 132, indicating the loss of a (–CHCl2) group. The PCI 
mass spectrum obtained from GC-QTOF showed an accurate mass of 215.9379 for 
[M+H]+. Accordingly, C5H4NO2Cl3 was confirmed to be the molecular formula of this 
compound (0.64 ppm). Based on the fragmentation pattern and accurate mass of 
fragments obtained from EI and PCI modes (Table A-4-2), the proposed molecular 
structure of this compound is 3-chloro-5-hydroxy-1H-pyrrole-2-one with 
dichloromethyl group. It is structurally very similar to MX (3-chloro-4-
(dichloromethyl)-5-hydroxy-2(5H)-furanone), the strong mutagen found from 
chlorinated drinking water and humic water.(Hemming et al., 1986; Kronberg and 
Vartiaine, 1988) Additionally, the corresponding methyl ester form of P215 was also 
detected after derivatization of the MTBE extract using acidic methanol, with a 
molecular formula of C6H6NO2Cl3 (9.52ppm). The corresponding EI and PCI mass 
spectra presented a loss of 31 Da (–OCH3 group) from m/z 229 to m/z 198 (Text A-4-
2).  
A similar method was used for the identification of other compounds. P249 exhibited 
a similar EI mass spectrum to P215, with dominant ion clusters m/z 132/134 and 
114/116. However, its PCI mass spectrum showed a main molecular ion (i.e., [M+H]+) 
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at m/z 250 including four chlorine atoms. Therefore, we proposed P249 as an analogue 
of P215 with an additional chlorine atom or as 6-hydroxy-2-pyridone with four 
chlorine atoms (Text A-4-3). 
The EI mass spectrum of P131 contained ion clusters m/z 131/133, 103/105 and 88/90, 
which was similar to the mass spectrum of 3-chloro-2,5-furandione present in the 
NIST database. However the molecular ion m/z 132 (i.e., a nominal mass of 131 Da) 
obtained from PCI mass spectrum suggested the presence of a nitrogen atom. The 
accurate mass of ion m/z 131.9847 (i.e., [M+H]+ adduct) supported a molecular 
formula of C4H2NO2Cl (-0.13 ppm). Accordingly, P131 was tentatively identified as 
3-chloro-2,5-pyrroledione (chloromaleimide) (Text A-4-4).  
Product P197 was confirmed as 2-hydroxy-3,5,6-trichloropyridine because a library 
match of its spectrum was obtained from NIST database (94% similarity) and the 
corresponding formula (C5H2NOCl3) was derived from its accurate mass (Figure A-4-
6).  
Product P179 was proposed as another pyridine-based compound (i.e., dichloro-
pyridine-dione) or its isomer, chloro-pyrrole-dione with dichloromethylene group. The 
formation of the latter was reported during chlorination of poultry chiller 
water.(Haddon et al., 1996) P179 was only detected from GC-MSD (DB-1701 column) 
(Figure A-4-7), but was not found by high resolution analysis on GC-QTOF. 2,2,4-
trichloro-1,3-cyclopentenedione (P198) and its isomer were detected (95% similarity 
with NIST database) from the MTBE extract after derivatization using acidic methanol 
(RT= 9.7 min) (Figure A-4-8). The formation of 2,2,4-trichloro-1,3-cyclopentenedione 
has been reported as a chlorination by-product of resorcinol.(Norwood et al., 1980; 
Boyce and Hornig, 1983) 
Because of the lack of analytical standards, the proposed structures of P215, P249, 
P131 and P179 could not be confirmed. However, the formation of halogenated 
heterocyclic compounds (e.g., halogenated furanones and pyrroles), which are 
structurally similar to the compounds found from this study, has been reported in 
several chlorination studies (Table A-4-3). The most known halogenated furanone 
formed by chlorination of drinking water is the highly mutagenic MX and its analogues 
(Hemming et al., 1986; Meier et al., 1986; Kronberg and Vartiaine, 1988). In a 
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previous study on chlorination of phenolic compounds, resorcinol was found to 
produce MX, but in low concentration at acidic pH (i.e., 0.01 mmol/mol, pH 2) 
(Långvik et al., 1991). Several compounds similar to MX were identified from 
chlorination of orcinol (Tretyakova et al., 1994). Moreover, it was found that MX can 
be produced during chloramination of humic water (Backlund et al., 1988) and fulvic 
acid solution (Kanniganti et al., 1992). Dichloromaleic anhydride (3,4-dichloro-2,5-
furandione) and monochloromaleic anhydride (3-chloro-2,5-furandione), which are 
structurally similar to the chlorinated pyrroledione found from this study (i.e., P131), 
are major chlorination by-products of resorcinol (Rook, 1980) or swimming pool 
waters (Richardson et al., 2010). Similarly, 3-bromo-2,5-furandione was reported from 
bromination of resorcinol (Boyce and Hornig, 1983). Dichlorinated analogue of P131, 
3,4-dichloro-2,5-pyrroledione, was detected with three other chlorinated cyclic imides 
in chlorinated poultry chiller water (Haddon et al., 1996). These five-carbon 
chlorinated cyclic imides were structurally similar to P215 and found to be direct 
acting Ames mutagens (Haddon et al., 1996; Freeman et al., 2001). Moreover, the 
presence of  brominated pyrroles was reported from chlorinated saline wastewater 
effluents (M. Yang and Zhang, 2014). Tribromopyrrole is a major chlorination by-
product of bromide-containing waters and has been demonstrated to be strongly 
cytotoxic and genotoxic to mammalian cells (Richardson et al., 2003). 
Based on the potential toxicity of halogenated furanone, cyclic imide and pyrrole 
compounds (Hemming et al., 1986; Kronberg and Vartiaine, 1988; Haddon et al., 1996; 
Freeman et al., 2001; Richardson et al., 2003), the halogenated nitrogenous 
heterocyclic compounds identified from this study could be also strong mutagenic 
products and would require toxicity assays.  
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Figure 6-3. (a) Degradation of resorcinol and its chlorinated derivatives and (b) 
formation of by-products during chloramination (5.6 mM) of resorcinol (500 
µM) at pH=7.0 (10 mM phosphate buffer) 
6.4.6 Effect of reaction time and pH on heterocyclic compounds formation 
Figure 6-3 shows the evolution of peak areas of chlorinated derivatives of resorcinol 
and identified by-products with reaction time. Mono-, di-and tri-chlorinated 
derivatives of resorcinol were detected after 1 h of reaction time, indicating a fast 
electrophilic substitution of the aromatic ring by chlorine. The majority of resorcinol 
and its chlorinated derivatives (> 90%) decomposed within the first 9 h of reaction 
(Figure 6-3a). It has been proposed that chlorination and chloramination of aqueous 
solutions of resorcinol lead to the formation of a pentachlororesorcinol intermediate 
(compound I in Scheme 1), which then undergoes hydrolysis and decarboxylation to 
produce chloroform and other chlorinated compounds (Rook, 1980; Boyce and Hornig, 
1983; De Leer and Erkelens, 1985; Heasley et al., 1999). The nitrogenous heterocyclic 
compounds found in this study exhibited the largest peak areas on GC-MS 
chromatograms, suggesting that inorganic nitrogen incorporation is a major reaction 
pathway during chloramination of resorcinol. A chloramination mechanism of 
resorcinol is proposed on Figure 6-4, where the carbonyl group of the 
pentachlororesorcinol intermediate is attacked by electron pairs of nitrogen atom from 
NH2Cl or oxygen atom from H2O. The ring-cleavage by-product from nitrogen attack 
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then undergoes intramolecular nucleophilic substitution to form a nitrogenous 
heterocyclic compound and finally P249 (Figure 6-4a). A similar ring contraction 
mechanism is proposed for the formation of 2,2,4-trichloro-1,3-cyclopentenedione 
(i.e., P198), based on its formation pathway previously proposed during chlorination 
of resorcinol (Rook, 1980; Tretyakova et al., 1994) (Scheme 1b). P198 was formed 
rapidly from 1 h to 9 h and gradually degraded (Figure 6-3b). We propose that in excess 
of NH2Cl, P198 will be an intermediate product of nitrogenous heterocyclic 
compounds (i.e., P131, P215 and P249) through nitrogen attack and intramolecular 
nucleophilic substitution. As shown in Figure 6-3b, P131 and P249 started to degrade 
after 24 h of reaction time. These compounds comprise a Cl-C-CO-NH- moiety, which 
could be responsible for HAcAms and haloacetaldehydes (HAcAls) formation with an 
excess of oxidant (Figure 6-4). 
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Figure 6-4. Proposed formation pathway of by-products from chloramination of 
resorcinol (I: pentachlororesorcinol; II, III: compounds identified in a previous 
study (Heasley et al., 1999). b: adapted from previous studies (Rook, 1980; 
Tretyakova et al., 1994. P215, P2491,2: possible structures for P215, P249. R: Cl 
or H). 
Figure A-4-9 presents the peak area of P131, P197, P198 and P215 after 72 h of 
reaction time at different pHs.  The highest formation was found in neutral (pH 7 for 
P197 and P215) or weak acidic (pH 5.5 for P131 and P198) condition. Low formation 
of these compounds at pH 4 is in accordance with the higher formation of chlorinated 
derivatives of resorcinol (Figure A-4-3), supporting the hypothesis that the reaction at 
pH 4 did not lead to significant ring-opening of resorcinol. Little or no nitrogenous 
heterocyclic compounds were detected in alkaline conditions (pH 8.5 and 10), 
suggesting that they might decompose at higher pH to form other by-products. To 
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support our hypothesis, MX mainly undergoes hydrolytic degradation at pH higher 
than 8 (Kronberg and Christman, 1989).       
6.5 Environmental significance 
High concentrations of model compounds and high monochloramine doses were used 
in this study to maximize the formation of by-products and thus facilitate their 
detection and identification by GC-MS in full scan mode. The possible reasons why 
the products identified in this study (i.e., chlorinated nitrogenous heterocyclic 
compounds) have not yet been observed during the chloramination of real water 
samples, include: (1) many studies about the identification of unknown DBPs were 
mainly focused on chlorination process, and less on chloramination; (2) the amounts 
of by-products formed in real case disinfection scenarios (i.e., low precursors 
concentration and low monochloramine doses) were not sufficient to be detected 
during analytical screenings. From another study we detected a compound likely to be 
dibromo-pyrrole-dione (molecular ion m/z 253), similar base structure to P131, during 
chloramination (14.9 mg/L Cl2) of a treated wastewater effluent (5 mg/L DOC) 
containing 2.5 mg/L of bromide ion. It exhibited a similar mass spectrum to dibromo-
furan-dione (m/z 254). The accurate mass obtained from GC-QTOF (m/z 252.8408) 
supports the molecular formula of C4HNO2Br2 (11 ppm) (Figure A-4-10). The 
occurrence of brominated pyrroledione indicated that this class of compounds can be 
formed during real chloramination scenarios. Similar screening of chlorinated or 
brominated pyrroledione compounds should be performed during chloramination of 
natural waters or NOM in order to confirm their formation from other organic matrices.  
Aromatic compounds that do not contain nitrogen can react with monochloramine to 
produce N-DBPs through inorganic nitrogen incorporation. The potential formation of 
nitrogenous heterocyclic compounds is of importance for water treatment facilities 
using chloramine as disinfectant since they could be substantially toxic due to their 
similarity to known mutagenic compounds (e.g., MX). The removal of aromatic NOM 
must be optimized to avoid the production of these potentially toxic N-DBPs. 
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 Conclusions and Recommendations 
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This thesis provides several new insights in the application of UV-AOPs to wastewater 
for the removal of TOrCs and to control the dissemination of antibiotic resistance in 
comparison to conventional disinfection processes.  
Two factors impact the performance of UV-AOPs: the physicochemical properties of 
target contaminant and the availability of radicals in aqueous solution (i.e., steady-
state concentration). Physicochemical properties of contaminant include the photolytic 
characteristics (i.e., UV-resistant or susceptible) and the reactivity with radicals (i.e., 
second-order rate constants with radicals). UV-susceptible compounds (e.g., 
diclofenac, sulfamethoxazole) can be degraded by direct UV photolysis (90% removal 
at ~1,000 mJ/cm2). Strong UV reactive property of some compounds can counteract 
their resistance to radicals (e.g., iopromide). Radical exposure plays a major role for 
the degradation of UV-resistant compounds. The second-order rate constants of TOrCs 
with radicals determined in this study or reported previously will help the water 
utilities to better estimate the percent removal of contaminants during UV-AOPs. 
UV/PDS is more suitable to target TOrCs with electron-rich moieties (e.g., metoprolol, 
venlafaxine) in wastewater. UV-AOPs cannot be proposed to eliminate TCEP, a 
contaminant inert to both UV and radical species. The steady-state concentrations of 
radicals during UV-AOPs were influenced by the quantum efficiency of radical 
precursors (e.g., H2O2 and PDS), as well as the scavenging capacity of the water matrix. 
UV/PDS generally demonstrates higher formation yield of radicals than UV/H2O2 due 
to the higher quantum efficacy of PDS at 254 nm, which makes UV/PDS more 
efficient than UV/H2O2 in the presence of less scavengers. The scavenging effect of 
wastewater on UV/H2O2 was found constant under our experimental conditions, while 
the electron-rich site of DOC generates oxidant demand for UV/PDS. UV/PDS 
potentially demonstrated better results than UV/H2O2 after the initial oxidant demand 
was satisfied. Overall results indicated that UV-AOP is sensitive to the quality of 
wastewater (e.g., DOC, nitrite), consequently requiring highly efficient pre-treatments 
for a successful application. Water utilities should carefully evaluate the energy input, 
as well as the effect of residual oxidants and concentration of sulfate ions (in the case 
of UV/PDS) on treated water before the application of UV-AOPs in wastewater 
treatment. Further efforts should focus on the chemical and biological assessment of 
UV-AOPs, including the identification of transformation products and toxicologically 
characterization of treated water.  
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The findings on the non-radical degradation of TOrCs via PMS direct oxidation 
suggested that PMS-based treatment can be selectively applied for nitrogenous 
compounds removal. Unlike the radical-based processes, this treatment can maintain 
its efficiency even in the presence of natural organic matter and inorganic ions. 
Because environmental components are susceptible to react with PMS, one should note 
that non-radical pathway might hinder the formation of radicals during PMS-activated 
AOPs and limit the elimination of hazardous compounds.   
UV-AOPs can efficiently inactivate ARB (i.e., > 5-log of cultivability loss) within the 
typical UV dose applied in water treatment (40 mJ/cm2 at 254 nm). UV/PDS might be 
more suitable to selectively degrade the inner cell components (e.g., intracellular ARG) 
because UV/H2O2 is easily affected by the scavenging effect of cell membrane 
components. The capability of bacteria cells to repair DNA lesions (e.g., UV and 
radicals induced damage) is the major challenge during UV-AOPs. Gene 
transformation assays might be more suitable to verify the functionality of 
extracellular DNA than qPCR analysis as qPCR overestimates the performance of 
treatment, especially the contributions of radicals. Future work should focus on the 
characterization of DNA damage caused by radicals and its repair efficiency within 
different recipient cells. This will help operators to optimize UV-AOPs in order to 
better benefit from radical exposure while looking at controlling the dissemination of 
antibiotic resistance.  
Flow cytometric analysis combining with nucleic acids staining are useful tools to 
monitor the inactivation of ARB during conventional chlorination and chloramination 
processes. Weak oxidants (e.g., NH2Cl and NH2Br) and strong oxidants (e.g., HOCl 
and HOBr) at low dose induced the formation of “injured” ARB cells, which are 
detectable by flow cytometry but hardly identified by traditional plate counting method 
(non-cultivable). More research work is required to investigate the gene transfer 
potential of “injured” cells and their capability for repair and regrowth, especially in 
real water conditions.   
The formation of undesired DBPs is one of major issues during conventional 
chlorination and chloramination processes. The potential formation of nitrogenous 
heterocyclic compounds from chloramination of phenolic compounds in this study is 
of importance for water treatment facilities using chloramine as disinfectant as these 
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compounds could be substantially toxic due to their similarity to known mutagen in 
chlorinated water (e.g., MX). Similar screening of halogenated pyridine and 
pyrimidine derivatives should be performed during chloramination of natural water or 
NOM. The detection of highly polar DBPs with large molecular weight would require 
the application of advanced analytical tools, such as hydrophilic interaction liquid 
chromatography coupled with HRMS. 
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Appendix 1  
Table A- 1-1. TOrCs investigated in this study 
TOrCs 
CAS 
Number 
Purity Source 
Product 
Number 
Benzotriaz
ole 
95-14-7 99.8% 
Cimache
m 
BTA-99 
Caffeine 58-08-2 > 99% 
Sigma 
Aldrich 
C7050 
Carbamaze
pine 
298-46-
4 
>98% 
Sigma 
Aldrich 
C4024 
Diclofenac 
15307-
86-5 
>99% 
Caymanc
hem 
70680 
Gabapentin 
60142-
96-3 
European Pharmacopoeia (EP) 
Reference Standard 
Sigma 
Aldrich 
Y0001280 
Iopromide 
73334-
07-3 
98.7% 
Sigma 
Aldrich 
Y0001020 
Metoprolol 
56392-
17-7 
>98% 
Sigma 
Aldrich 
M5391 
Phenytoin 57-41-0 HPLC grade 
Sigma 
Aldrich 
PHR1139 
Primidone 
125-33-
7 
HPLC grade 
Sigma 
Aldrich 
P7295 
Sulfametho
xazole 
723-46-
6 
HPLC grade 
Sigma 
Aldrich 
S7507 
TCEP 
51805-
45-9 
97% 
Sigma 
Aldrich 
119660 
Venlafaxin
e 
99300-
78-4 
>98% (HPLC) 
Sigma 
Aldrich 
V7264 
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Table A- 1-2. Reactions of the wastewater matrix with ˙OH and SO4˙‾ 
 Reactions Rate constant Reference 
1 ˙OH + EfOM→products 3.3 ×104 (mg-
C/L)-1 s-1 
(Yang et al., 2016) 
2 SO4˙‾ + EfOM→products 9.4 ×103 (mg-
C/L)-1 s-1 
(Yang et al., 2016) 
3 ˙OH + HCO3− → CO3˙‾  + 
H2O 
8.6 × 106 M-1 s-1 (Buxton et al., 1988) 
4 SO4˙‾+ HCO3− → CO3˙‾+ 
HSO4
− 
2.8 × 106 M-1 s-1 (Huie and Clifton, 1990) 
5 ˙OH+ NO2− → ˙NO2 + OH− 1.0 × 1010 M-1 s-1 (Coddington et al., 1999) 
6 SO4˙‾ + NO2− → ˙NO2 + 
SO4
2− 
8.8 × 108 M-1 s-1 (Neta et al., 1988) 
7 ˙OH + NO3− →products <1 × 105 M-1 s-1 (Keen et al., 2012) 
8 SO4˙‾ + NO3− → NO3
•
 + 
SO4
2− 
3.0 × 104 M-1 s-1 (Buxton et al., 1988) 
9 ˙OH + Cl− → ClOH˙‾   4.3 × 109 M-1 s-1 (Jayson et al., 1973) 
10 ClOH˙‾  → ˙OH+ Cl− 6.1 × 109 M-1 s-1 (Jayson et al., 1973) 
11 SO4˙‾ + Cl−→ Cl˙+ SO42− 3.0 × 109 M-1 s-1 (Das, 2001) 
12 Cl˙+ Cl−→ Cl2˙‾ 8.5 × 109 M-1 s-1 (Yu and Barker, 2003) 
13 Cl˙ + HCO3−→ CO3˙‾+ Cl− + 
H+ 
2.2 × 108 M-1 s-1 (Matthew and Anastasio, 
2006) 
14 Cl2˙‾+ HCO3−→ CO3˙‾ + 2Cl− 
+ H+ 
8.0 × 107 M-1 s-1 (Matthew and Anastasio, 
2006) 
 
Table A- 1-3. The scavenging capacity of the main water matrix components 
during buffered pure water experiments 
Component 
Concentration 
M 
Second-order rate 
constants (M-1 s-1) 
Scavenging capacity  
(s-1)a 
𝑘•OH 𝑘SO4•− UV/H2O2 UV/PDS 
HPO4
2− 2.5 × 10-3 
1.5 × 
105b 
1.2 × 
106c 
3.8 × 102 3.0 × 103 
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H2PO4
− 2.5 × 10-3 
2.0 × 
104b 
5 × 104c 50.0 1.3 × 103 
H2O2 1.5 × 10
-4 
2.7 × 
107c 
n.a. 4.1 × 103 n.a. 
PDS 1.5 × 10-4 n.a. 
6.5 × 
105c 
n.a. 97.5 
TOrCsd 1 µg/L each see Table 2-2e 3.6 × 102 1.5 × 102 
SUM 4.8 × 103 3.4 × 103 
a Calculated by multiplying the molar concentration of each component with its 
second-order reaction rate constants with radicals; b Crittenden et al. (1999); c Yang 
et al. (2016); d Sum of the scavenging capacity of each TOrC; e The rate constants 
of TCEP and gabapentin with SO4
•− were estimated to be 1.0 × 109 M-1 s-1. 
 
Table A- 1-4. Fluorescence EEM regions and the Excitation/Emission 
wavelengths of the selected peaks 
Regiona 
Dissolved organic 
matter components 
Selected peaks 
Name 
Excitation 
wavelength (nm) 
Emission 
wavelength (nm) 
II 
aromatic proteins, 
tryptophan-like  
P_II 242 358 
III Fulvic acid-like  P_III 242 430 
IV 
soluble microbial by-
product-like 
P_IV 287 353 
V Humic acid-like P_V 329 412 
a From Chen et al. (2003). 
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Table A- 1-5. HPLC-UV parameters a for the detection of pCBA and TOrCs 
Compounds Mobile phase 
Flow rate 
(mL/min) 
Wavelength  
(nm) 
pCBA 
60% Methanol+40% MQ (0.1% 
phosphoric acid) 
1 238 
phenytoin 
50% Methanol+50% MQ (0.1% 
phosphoric acid) 
1 230 
caffeine 
25% Methanol+75% MQ (0.1% 
phosphoric acid) 
1 273 
benzotriazole 
25% Methanol+75% MQ (0.1% 
phosphoric acid) 
1 273 
primidone 
25% Methanol+75% MQ (0.1% 
phosphoric acid) 
1 218 
metoprolol 
30% Methanol+70% MQ (0.1% 
phosphoric acid) 
1 225 
venlafaxine 
25% Acetonitrile+75% MQ 
(0.1% phosphoric acid) 
1 225 
carbamazepine 
50% Methanol+50% MQ (0.1% 
phosphoric acid) 
1 285 
Iopromide 
4% Acetonitrile+96% MQ 
(0.3% phosphoric acid) 
1 238b 
a Compounds were separated on a XDB-C18 column (5 µm, 4.6 × 150 mm, 
Agilent). 
b The sum of the peak areas of 2 isomers were followed for quantification. 
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Text A- 1-1. Fluorescence excitation-emission matrix analysis 
Fluorescence excitation-emission matrices (EEM) were measured using an Aqualog 
Fluorescence Spectrometer (Horiba Scientific, Germany). Samples were filtered 
through 0.45 µm cellulose nitrate membrane filters (Sartorius, Germany) and 
measured using a 10 mm quartz cuvette. The fluorescence response of a blank solution 
(Milli-Q water) was subtracted from the EEM of each sample. The wastewater specific 
fluorescence signal was tested for linearity in a preliminary experiment using 5 
dilutions with ultrapure water ranging from 2:1 to 10:1. Data processing included 
corrections using inner filter effects, Raman normalization, Rayleigh masking and 
diagram adjustments.  
Four fluorescence peaks were selected from different regions on fluorescence spectra 
previously defined by Chen et al. (2003). The fluorescence intensities of selected peaks 
were used as representative indices of dissolved organic matter in wastewater to study 
the effect of radical exposure on effluent organic matter (EfOM) during UV/H2O2 and 
UV/PDS (Sgroi et al., 2017). The excitation and emission wavelengths of selected 
peaks are presented in Table A-1-4. 
Text A- 1-2. Second-order rate constants of TOrCs with SO4˙‾ 
The second-order rate constants for the reaction of TOrCs with SO4˙‾ were determined 
by competition kinetics based on the methods published before (Lutze et al., 2015; 
Lian et al., 2017). para-chlorobenzoic acid (pCBA) was used as a probe compound, K 
(SO4˙‾ + pCBA) = 3.6 × 108 M-1 s-1 (Neta et al., 1977). Experiments were conducted 
in phosphate buffer (2.5 mM) at pH=7 with 20 µM of pCBA and target compound. 
SO4˙‾ was generated by UV photolysis of PDS (1 mM). 10 mM of tert-Butanol was 
also added into the solution as the ˙OH scavenger. Nitrobenzene can be used as •OH 
probe compound (𝑘•OH=3.9 × 10
9 M-1 s-1) (Buxton et al., 1988) during sulfate radical-
based experiments due to its low reaction rate constant with SO4
•−  (𝑘SO4•−< 10
6  M-1 s-1) 
(Neta et al., 1977). UV/PDS experiment on nitrobenzene was conducted before the 
competition kinetics to confirm that 10 mM of tert-BuOH was sufficient to scavenge 
•OH in these experimental conditions. For benzotriazole, iopromide and phenytoin, the 
degradation by direct photolysis was considered when calculating their second-order 
rate constants with SO4˙‾. The concentrations of pCBA and TOrCs were analyzed by 
a HPLC (Agilent 1100) coupled with a DAD detector.  Compounds were separated on 
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a XDB-C18 column (5 µm, 4.6 × 150 mm, Agilent). Mobile phase composition 
followed various isocratic mixtures of methanol (or acetonitrile) and water (0.1% or 
0.3% phosphoric acid). All compounds were analyzed on their maximum UV 
absorption. HPLC-UV parameters are listed in Table A-1-5.       
Text A- 1-3. Estimation of the second-order rate constants of gabapentin and 
TCEP with SO4˙‾ 
The 𝑘SO4•−values of gabapentin and TCEP were estimated based on the steady-state 
concentration of SO4˙‾ (i.e., [SO4˙‾]ss) during UV/PDS treatment of TOrCs in pure 
water (Fluence=7.5-57.5 mJ/cm2 and PDS=0.15 mM). Primidone was used to 
calculated [SO4˙‾]ss. The pseudo-first order degradation of a TOrC can be expressed 
as follows:  
−
𝑑[𝑇𝑂𝑟𝐶]
𝑑𝑡
= 𝐾 (𝑇𝑂𝑟𝐶 + 𝑆𝑂4
·−)[𝑇𝑂𝑟𝐶][𝑆𝑂4
·−]
ss
                                   (S1) 
 𝑙𝑛
[𝑇𝑂𝑟𝐶]0
[𝑇𝑂𝑟𝐶]
= 𝐾 (𝑇𝑂𝑟𝐶 + 𝑆𝑂4
·−)[𝑆𝑂4
·−]ss𝑡 = 𝑘𝑜𝑏𝑠,𝑇𝑂𝑟𝐶 𝑡                        (S2)     
As shown in Figure A-1-14, the kobs of primidone, gabapentin and TCEP was 0.142 (s
-
1), 0.106 (s-1), and 0.005 (s-1), respectively. The second-order rate constant of 
primidone with SO4˙‾ is 5.29 ×108 (M-1s-1) (Table 2-2). Thus, [SO4˙‾]ss was calculated 
to be 2.6 ×10-10 M. According to equation S2, the second-order rate constant of 
gabapentin and TCEP with SO4˙‾ was calculated to be 4.1 ×108 (M-1s-1) and 1.92×107 
(M-1s-1), which were lower than 1 ×109 (M-1s-1). 
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Figure A- 1-1. Percent removal of TOrCs in wastewater effluent by direct UV 
photolysis (Fluence=115−1,380 mJ/cm2) 
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Figure A- 1-2. Effect of PDS on the removal of TOrCs in the dark within a) 30 
min and b) 24 h of contact time (5 mM phosphate buffer, pH 7, PDS=0.15, 0.3, 
0.45 and 0.6 mM) 
a). 30 min
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Figure A- 1-3. Relative removal of TCEP in pure water during UV/H2O2 and 
UV/PDS (pH=7, 5 mM phosphate buffer; oxidants=0.15 mM) 
 
Figure A- 1-4. Relative removal of TOrCs in wastewater effluent during 
UV/H2O2 and UV/PDS (Fluence=115 mJ/cm
2; Oxidant=0.15 mM). 
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Figure A- 1-5. Percent removal of TOrCs in wastewater effluent during 
UV/H2O2 and UV/PDS (Fluence=1380 mJ/cm
2; Oxidant=0.6 mM). 
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Figure A- 1-6. Relative removal of fluorescence intensities of selected peaks in 
wastewater effluent during UV/H2O2 and UV/PDS (Fluence =1,380 mJ/cm2; 
Oxidant= 0.15, 0.3, 0.45 and 0.6 mM) 
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a). UV/H2O2 
 
b). UV/PDS 
 
Figure A- 1-7. Effect of individual inorganic compounds on the efficiency of 
UV/H2O2 and UV/PDS processes in phosphate buffer at pH 7 
Experimental conditions: Fluence= 57.5-920 mJ/cm2; Oxidant=0.15 mM; 
Bicarbonate=300 mg/L; Nitrite=0.028 mg-N/L; Nitrate=10.6 mg-N/L; Chloride= 35 
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mg/L and 350 mg/L (The concentration of TOrCs were below LOQ during the control 
experiments as well as in the presence of nitrate and 35 mg/L of chloride during 
UV/PDS; the concentration of diclofenac was below LOQ during UV/PDS in the 
presence of bicarbonate). 
 
 
a)  
b)  
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c)  
Figure A- 1-8. Fluorescence excitation–emission matrices (EEMs) of wastewater 
effluent before treatment (a), after UV/H2O2 (b) and UV/PDS (c) treatment. 
(Experimental conditions for UV/H2O2 and UV/PDS: oxidants=0.6 mM; 
fluence=1,380 mJ/cm2) 
 
Figure A- 1-9. Correlations between the fluence-based rate constants of group 
III compounds (except TCEP) and selected fluorescence peaks during UV/H2O2 
(Fluence=115−1,380 mJ/cm2; Oxidants = 0, 0.15, 0.3, 0.45 and 0.6 mM). 
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Figure A- 1-10. Correlations between the fluence-based rate constants of group 
III compounds (except TCEP) and selected fluorescence peaks during UV/PDS 
(Fluence=115−1,380 mJ/cm2; Oxidants = 0, 0.15, 0.3, 0.45 and 0.6 mM). 
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Figure A- 1-11. Relative removal of benzotriazole and primidone in pilot-scale 
experiments by direct photolysis and UV/PDS (PDS=0.3 and 0.6 mM) 
a).  
 
b).  
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Figure A- 1-12. Fluorescence excitation–emission matrices (EEMs) of 
wastewater effluent before treatment (a) and after UV/PDS at 1,200 mJ/cm2 (b. 
PDS= 0.3 mM; c. PDS=0.6 mM) in pilot scale experiments 
 
Figure A- 1-13. Relative removal of fluorescence intensities of selected peaks in 
wastewater effluent during UV/PDS pilot-tests (Fluence =1,200 mJ/cm2; 
Oxidant= 0.6 mM) 
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Figure A- 1-14. Pseudo-first order removal of primidone, gabapentin and TCEP 
during UV/PDS in ultrapure water at pH 6 (Fluence= 7.5-57.5 mJ/cm2; PDS= 
0.15 mM) 
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Appendix 2  
Table A- 2-1. HPLC-UV parameters a for quantification of compounds 
investigated in this study 
Compounds Mobile phase 
Flow rate 
(mL/min) 
Wavelength  
(nm) 
Ciprofloxacin 
25% Methanol+75% 
Phosphoric acid (0.1%) 
1 278 
Norfloxacin 
25% Methanol+75% 
Phosphoric acid (0.1%) 
1 278 
Enrofloxacin 
25% Methanol+75% 
Phosphoric acid (0.1%) 
1 278 
Flumequine 
60% Methanol+40% 
Phosphoric acid (0.1%) 
1 248 
1-(2-fluorophenyl) 
piperazine 
25% Methanol+75% 
Phosphoric acid (0.1%) 
1 232 
Metoprolol 
30% Methanol+70% 
phosphoric acid (0.1%) 
1 225 
Venlafaxine 
25% Acetonitrile+75% 
phosphoric acid (0.1%) 
1 225 
a Compounds were separated on a XDB-C18 column (5 µm, 4.6 × 150 mm, 
Agilent). 
 
Table A- 2-2. LC-HRMS parameters 
Time (min) Pump A (%) Pump B (%) 
0 95 5 
20 30 70 
22 5 95 
28 5 95 
28.1 95 5 
40 95 5 
Injection volume 25 µL 
Flow rate 200 µL/min 
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Eluent A pure water with 0.1% formic acid 
Eluent B methanol with 0.1% formic acid 
Column Kinetex C18 (2.6 µm, 100× 2.1 mm, Phenomenex) 
capillary temperature 275 ℃ 
Analyzer FTMS 
Mass range (m/z) 70-500 
Collision energy MS2: 45 V; MS3: 35 V 
 
 
Figure A- 2-1. Relative removal of ciprofloxacin by PMS, PDS, and H2O2 
(Ciprofloxacin=5 µM; Oxidants=100 µM; 10 mM phosphate buffer at pH 8) 
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Appendix 3  
 
Figure A- 3-1. UV absorbance of 0.31 ng/µL of plasmid DNA (2 mM phosphate 
buffer at pH 7) 
 
Figure A- 3-2. Effect of UV direct irritation at 254 nm on pCBA (1 µM) and 
nitrobenzene (NB, 1 µM)) (Fluence= 0−180 mJ/cm2, 2 mM phosphate buffer at 
pH 7) 
163 
 
 
Figure A- 3-3. Degradation of pCBA (1 µM) and nitrobenzene (NB, 1 µM) 
during UV/H2O2 and UV/PDS in the presence of DOC (DOC=5.4 mg-C/L, 
Fluence= 0−180 mJ/cm2, H2O2= PDS= 0.5 mM, 2 mM phosphate buffer at pH 7) 
 
Figure A- 3-4. Degradation of pCBA (1 µM) and nitrobenzene (NB, 1 µM) 
during UV300/H2O2 and UV_LED/PDS (Fluence= 0−2,160 mJ/cm2, H2O2= PDS= 
10 mM, 2 mM phosphate buffer at pH 7) 
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Appendix 4  
Table A- 4-1. Model aromatic compounds investigated in this study 
Non-nitrogenous compounds 
     
Resorcinol Phenol 
3-Hydroxybenzoic 
acid 
Benzoic 
acid 
3-Phenylpropionic 
acid 
     
Nitrogenous compounds 
 
         
 
Aniline L-Tyrosine                   L-Phenylalanine 
 
Table A- 4-2. EI and PCI fragments of P215 
m/z Possible formula Error (ppm) 
243.9681                  C5H4NO2Cl3 (C2H5
+) 5.07 
215.9379 C5H4NO2Cl3(H
+) 0.64 
197.9269 C5H3NOCl3 5.67 
179.9607 C5H4NO2Cl2 6.72 
163.9663 C5H3NOCl2(H
+) 0.89 
143.9849 C5H3NO2Cl 2.30 
131.9843 C4H3NO2Cl 4.78 
113.9741 C4HNOCl 8.48 
Fragmentation Pattern 
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Table A- 4-3. Halogenated heterocyclic by-products reported in previous studies 
Name Structure Previous study References 
MX 
 
chlorinated 
drinking water 
and humic water 
(Hemming et al., 
1986; Kronberg 
and Vartiaine, 
1988)  
chloromethylmaleic 
anhydride 
and 
substituted furanones 
 
 
 
chlorination of 
orcinol 
(Tretyakova et al., 
1994) 
3-chloro -2,5-
furandione 
and 
3,4-dichloro-2,5-
furandione 
 
  
 
chlorination of 
resorcinol and 
swimming pool 
waters 
(Rook, 1980; 
Richardson et al., 
2010) 
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3-bromo-2,5-
furandione 
 
bromination of 
resorcinol 
(Boyce and 
Hornig, 1983) 
3,4-dichloro-2,5-
pyrroledione 
and 
cyclic imides 
 
 
chlorination of 
poultry chiller 
water 
(Haddon et al., 
1996) 
halogenated pyrroles 
 
chlorinated saline 
wastewater 
effluents 
(Yang and Zhang, 
2014) 
2,3,5-
tribromopyrrole 
 
chlorination of 
bromide-
containing waters 
(Richardson et al., 
2003) 
 
Table A- 4-4. EI and PCI fragments of methyl ester form of P215 
m/z Possible formula Error (ppm) 
229.9515 C6H6NO2Cl3(H
+) 9.52 
197.9252 C5H3NOCl3 14.26 
162.9568 C5H3NOCl2 14.54 
145.9993 C5H5NO2Cl 10.83 
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113.9741 C4HNOCl 4.97 
82.9448 CHCl2 8.81 
Fragmentation Pattern 
 
 
Table A- 4-5. EI and PCI fragments of P249 
 m/z Possible Formula Error (ppm) 
 
 
 
 
 
277.9292 C5H3NO2Cl4 (C2H5
+) 4.20 
249.8988 C5H3NO2Cl4(H
+) 1.06 
231.8878 C5H2NOCl4 5.39 
213.9222 C5H3NO2Cl3 3.44 
177.9458 C5H2NO2Cl2 2.58 
149.9506 C4H2NOCl2 4.96 
131.9847 C4H3NO2Cl 4.02 
113.9739 C4HNOCl 6.72 
 
 
MS/MS fragments of m/z 252 
132.9914 C4H3NO2Cl(H
+) 8.33 
97.0156 C4H3NO2 8.02 
69.0210 C3H3NO 1.23 
54.0104 C3H2O 0.16 
42.0104 C2H2O 3.92 
Fragmentation Pattern  
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MS/MS analysis of m/z 252 
 
CID@20, 40, 60: collision energies (i.e., 20 eV, 40 eV and 60 eV) 
 
Table A- 4-6. EI and PCI fragments of P131 
m/z Possible formula Error (ppm) 
131.9850 C4H2NO2Cl(H
+) -2.41 
130.9991 C4H2NO2Cl 165.63 
103.0518 C3H2NOCl 673.01 
87.9707 C3HOCl 10.14 
59.9756 C2HCl 17.97 
Fragmentation Pattern 
 
 
Text A- 4-1. Quantification of DBPs and full scan analysis of unknown by-
products 
THMs and HANs were quantified after liquid-liquid extraction following EPA method 
551. 20 mL of sample was spiked with 100 μL of decafluorobiophenyl solution as the 
internal standard, and then transferred into a 40 mL glass vial containing 4 g of 
anhydrous sodium chloride. 3 mL of MTBE was used as the solvent. The extract was 
analyzed using an Agilent 7890A GC system coupled with a 5975C mass spectrometer 
(GC-MS). 1μL of solvent was injected (temperature: 200°C) in pulsed splitless mode. 
DBPs were separated on a DB-1701 (30 m x 250 μm x 0.25 μm) column. The oven 
program was held at 35oC for 6 min, ramping to 125 °C at 10 °C/min, and then 
increased to 220 °C at 25 °C/min and held for 2 min. The total run time was 20.8 min. 
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HAcAms were analyzed following the same method, except that ethyl acetate was used 
as the extraction solvent instead of MTBE. 
HAAs were quantified following the EPA method 552. 20 mL of sample was spiked 
with 50 μL of internal standard (2-bromopropionic acid), and then transferred into a 
40 mL glass vial containing 4 g of anhydrous sodium chloride. The solution pH was 
adjusted to acidic condition with addition of 0.8 mL concentrated sulfuric acid. HAAs 
were extracted with 4 mL of MTBE. Then, MTBE layer was transferred into a 10 mL 
of glass vial containing 1 mL of H2SO4/CH3OH (10% v/v). The glass vial was placed 
in a heating bath at 50 °C for 2 h. After neutralization with 4 mL of saturated NaHCO3 
and shaking for 2min, the MTBE layer was transferred into an autosampler vial. The 
extract was analyzed using an Agilent 7890A GC system coupled with a 5975C mass 
spectrometer (GC-MS). The oven program was held at 35oC for 6 min, ramping to 
220 °C at 10 °C/min. The total run time was 24.5 min. Other parameters of GC-MS 
(e.g., injection volume, column type) were the same as the HANs method.  
Full scan analysis in electronic impact (EI) and positive chemical ionization (PCI, 
using methane as reagent gas) modes were performed on MTBE extracts at various 
reaction times. Preparation of MTBE extracts were mentioned above (i.e., extracts for 
HANs analysis and HAAs analysis). Two different GC-MS systems were used for full 
scan analysis: an Agilent 5975C GC-MSD and an Agilent 7200 Accurate-Mass 
Quadrupole Time-of-Flight (GC-QTOF). 1μL of solvent was injected (temperature: 
200°C) in pulsed splitless mode. The column used for GC-MSD was a DB-1701 (30m 
× 250 µm × 0.25 µm) or a ZB-5MS (30m × 250 µm × 1 µm). GC separation on GC-
QTOF was performed with a DB-5MS UI column (30m × 0.25mm × 0.25 µm). The 
oven program was held at 35oC for 1 min, ramping to 75 °C at 10 °C/min, and then 
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increased to 250 °C at 25 °C/min. Scan range was between m/z 40 and 300. MS/MS 
analysis at three different collision energies (i.e., 20 eV, 40 eV and 60 eV) were 
performed on GC-QTOF for all main peaks detected. Agilent MassHunter Qualitative 
analysis B.07.00 was used for deconvolution of data from GC-QTOF. The mass 
spectral similarity search was performed by using NIST MS Search 2.0 
(NIST/EPA/NIH Mass Spectral Library, NIST 08, National Institute of Standards and 
Technology, 2008, Gaithersburg, MD, USA). 
Text A- 4-2. Formula and Structure Identification of methyl ester form of P215 
Figure A-4-11 presents the EI mass spectrum at RT 10.5min, which shows main ion 
clusters m/z 146/148 and m/z 114/116, each comprising one chlorine and m/z 
198/200/202/204 with 3 chlorine. The ion cluster m/z 114/116 was also detected from 
EI mass spectrum of P215 (Figure A-4-5). The corresponding PCI spectrum contained 
m/z 230 (i.e., [M+H]+ adduct). The odd-numbered molecular mass (229) suggests odd-
numbered nitrogen. Loss of 31 from m/z 229 to m/z 198 indicates the compound is 
probably with (–OCH3) group. Loss of 83 from m/z 229 to m/z 146 suggests there is a 
(–CHCl2) group. Accordingly, we proposed this compound as the methylated 
equivalent of compound P215. The molecular formula C6H6NO2Cl3 was confirmed by 
the accurate mass of C6H6NO2Cl3(H
+) (i.e., 229.9515, 9.52 ppm) obtained from GC-
QTOF. The fragmentation pattern and accurate mass of each fragment are compatible 
with the proposed structure and formula (Table A-4-4). 
Text A- 4-3. Formula and Structure Identification of P249 
As shown in Figure A-4-12 a, the EI mass spectrum of P249 is similar to that of P215 
(Figure A-4-5 a), exhibiting two dominant ion clusters (m/z 132/134 and 114/116) 
each comprising one chlorine. The difference between m/z 132 and m/z 114 (i.e., 18) 
indicates the loss of one water. The corresponding PCI mas spectrum contained a 
major ion cluster m/z 250/252/254/256 (i.e., [M+H]+ adduct), with four chlorine 
(Figure A-4-12 b). The odd-numbered m/z value (i.e., m/z 249) indicates it is a 
nitrogenous compound. The PCI mass spectrum obtained from GC-QTOF showed an 
accurate mass of 249.8988 for [M+H]+. In order to get more fragments for structure 
identification, MS/MS analysis was performed on ion m/z 252 by application of 3 
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different collision energies (i.e., 20eV, 40eV and 60eV) (Figure A-4-13). Two 
molecular ion formula of this compound were proposed by molecular formula 
predictor software based on the accurate mass (relative mass accuracy within ±5ppm): 
C5H3NO2Cl4(H
+) (1.06ppm) and C3HN4OCl4(H
+) (-4.31ppm). The latter was excluded 
due to its high nitrogen content. Accordingly, C5H3NO2Cl4 was confirmed to be the 
molecular formula of this compound. Based on the fragmentation pattern and accurate 
mass of fragments obtained in EI/PCI mode and MS/MS analysis, we proposed this 
compound as the four chlorinated analogue of P215 or 6-hydroxy-2-pyridone with four 
chlorine (Table A-4-5).  
Text A- 4-4. Formula and Structure Identification of P131 
The EI mass spectrum of P131 contained ion clusters m/z 131/133, 103/105 and 88/90 
(Figure A-4-14 a), corresponding to which was very similar to the mass spectrum of 
3-chloro-2,5-furandione as found by the NIST 08 database. The PCI spectra of this 
compound showed an ion cluster m/z 132/134 (i.e., [M+H]+ adduct), which confirmed 
a molecular mass of 131 (Figure A-4-14 b). The odd-numbered molecular mass (131) 
indicates there may be odd-numbered nitrogen in this molecule. Accordingly, we 
proposed this compound as 3-chloro-2,5-pyrroledione (C4H2NOCl), which is 
structurally very similar to 3-chloro-2,5-furandione and compatible with 
fragmentation pattern in GC-MS. The calculated exact mass of C4H2NOCl (H
+) is 
131.9845. The accurate mass of this ion obtained from GC-QTOF in PCI mode was 
131.9847, with relative mass accuracy of -0.13 ppm (Table A-4-6).  
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Figure A- 4-1. Effect of monochloramine dose on DBPs formation from 
chloramination of resorcinol (Resorcinol=500 µM; pH 7.0, 10 mM phosphate 
buffer; 72 h) 
 
 
 
Figure A- 4-2. Residual oxidant measured during chloramination of resorcinol 
(Resorcinol= 500 µM; Initial NH2Cl = 5.6 mM; pH 7.0, 10 mM phosphate 
buffer) 
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Figure A- 4-3. Total ion chromatogram of resorcinol after 72 h of 
chloramination at pH 4 and 10 (Resorcinol= 500 µM; NH2Cl = 5.6 mM; 
Spectrum obtained in EI mode) 
 
 
Figure A- 4-4. Total ion chromatogram of resorcinol after 72h of chloramination 
(Resorcinol= 500 µM; NH2Cl = 5.6 mM; pH 7.0, 10 mM phosphate buffer; 
Spectrum obtained in EI mode) 
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a) 
 
b) 
 
Figure A- 4-5. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P215 
obtained from GC-QTOF 
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Figure A- 4-6. EI Mass Spectrum of P197 obtained from a) GC-QTOF and b) 
GC-MSD 
 
 
Figure A- 4-7. EI Mass Spectrum of P179 obtained from GC-MSD 
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Figure A- 4-8. EI Mass Spectrum of P198 obtained from a) GC-QTOF and b) 
GC-MSD 
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Figure A- 4-9. Effect of pH on the formation of heterocyclic compounds from 
chloramination of resorcinol (Resorcinol= 500 µM; NH2Cl = 5.6 mM; 72 h) 
a) 
       
b) 
178 
 
 
Figure A- 4-10. Mass Spectrum of dibromopyrroledione obtained from a) GC-
MSD and b) GC-QTOF 
 
 
Figure A- 4-11. EI Mass Spectrum of methyl ester form of P215 obtained from 
GC-QTOF 
a) 
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b) 
 
Figure A- 4-12. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P249 
obtained from GC-QTOF 
 
a) 
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b) 
 
c) 
 
Figure A- 4-13. MS/MS mass spectrum of ion m/z 252 at different collision 
energies: a) 20eV, b) 40eV and c) 60 eV 
a) 
 
b) 
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Figure A- 4-14. a) EI and b) PCI (CH4 as reagent gas) mass spectrum of P131 
obtained from GC-QTOF 
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Appendix 5  
 
 
